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ABSTRACT 

 

Advanced reduction processes (ARPs) are a class of water treatment technologies that have great 

potential in remediating recalcitrant contaminants that are resistant towards traditional oxidation methods 

such as chlorinated solvents, toxic oxyanions, and more recently, per- and polyfluoroalkyl substances 

(PFASs). Although ARPs have been shown to completely mineralize persistent organic pollutants, their 

operation efficiency is highly dependent on sourcewater composition since the reactive species, hydrated 

electron (𝑒𝑎𝑞
− ), can be rapidly quenched by non-target constituents present in natural water. Current means 

of optimizing ARP reaction conditions involve UV photolysis experiments that require performing 

multiple batch experiments which can be time and resource intensive. Moreover, means of measuring 

fundamental kinetics values of 𝑒𝑎𝑞
−  reactions (i.e., k2; M-1 s-1) such as laser flash photolysis (LFP) and 

pulse radiolysis contradict results in photolysis experiments and values vary widely in the literature. 

Kinetic models are an alternative approach for gaining quantitative information regarding the 

photochemistry dictating ARP treatment results. This work investigates the kinetics and mechanisms of 

𝑒𝑎𝑞
−  reactions during ARPs for the development of a photochemical model to quantitatively predict PFAS 

degradation in diverse environments. The first objective of this thesis focused on measuring kinetics and 

elucidating mechanisms of PFAS degradation by 𝑒𝑎𝑞
−  using laser flash photolysis (LFP) and density 

functional theory (DFT). Reactivity of the compounds in the dataset varied widely despite their structural 

similarities and it was proposed that polyfluorinated carboxylates can undergo non-degradative reaction 

pathways posing additional challenges for treating diverse PFAS mixtures. The second objective involved 

quantitatively describing the effect of solution pH and acid-base speciation of common water constituents 

on 𝑒𝑎𝑞
−  availability during ARPs. Carbonate species, ubiquitous in natural waters, were found to 

significantly inhibit PFAS degradation, and species-specific k2 values were determined using LFP and 

nonlinear regression analysis. The third and final objective was to develop a photochemical model for 

predicting PFAS degradation during UV-sulfite treatment using the kinetics values and mechanistic 

insights obtained in the first two objectives. This model facilitates the (1) quantitative interpretation of the 

effect of system and solution parameters on treatment efficacy, (2) reconciliation of UV photolysis and 

LFP/pulse radiolysis methodologies, and (3) prediction of PFAS degradation during UV-sulfite treatment 

in different environments based on geochemical solution conditions and UV light source. 
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CHAPTER 1 

INTRODUCTION 

 

1.1 Motivation 

In the 1962 environmental science book “Silent Spring,” author Rachel Carson warns of how 

unchecked production of pesticides, pharmaceuticals, and other industrial chemicals have polluted all 

environmental systems and caused severe medical issues for animals and humans alike.1 At that time, 

there were 200 pesticides on the US market whose production was over 600 million pounds.2 Carlson’s 

publication has been credited with catalyzing the modern environmental movement and launching the 

field of ecotoxicology. Despite increased interest in environmental conservation over the past few 

decades, production of synthetic chemicals continues to grow at an alarming rate. In fact, the production 

capacity of the global chemical industry has almost doubled from 1.2 billion tons in 2000 to 2.3 billion 

tons in 2017.3 In 2020, Wang and co-workers created the first global inventory listing the number of 

chemicals on the market, reporting that more than 350,000 chemicals and mixtures of chemicals are 

registered for commercial production, a number 3x more than what was previously estimated.4 Of this 

alarming amount of chemicals produced globally, roughly 120,000 substances could not be conclusively 

identified. Mass production of synthetic compounds causes their inevitable release into the environment, 

polluting the air, water, soil, and sediments. Unfortunately, technologies and practices for detecting, 

removing, and destroying these chemicals cannot keep up with their staggering production amounts and 

chemical diversity. 

Water contamination is especially important because it is both scarce and crucial for essentially 

every aspect of life. Less than 1% of the total water supply on earth is available for human use with the 

rest being held up in saline bodies of water such as seas, oceans, and bays or locked in glaciers, icecaps, 

and permanent snowfields. Water reserves are even further diminished because of the chemical pollution 

released by manufacturing, industry, and agriculture, as was warned by Carson decades ago. Waterborne 

diseases (e.g., diarrhea, endocrine disruption, cancer, etc.) are strongly associated with water 

contamination and have caused an estimated 1.7 billion illnesses and 1.4 million premature deaths 

worldwide in 2015, representing one of the most important issues facing us today.5,6 

Urbanization and industrialization will continue to contaminate our water reserves, highlighting 

the need for highly effective and sustainable water purification methods (i.e., disinfection, 

decontamination, remediation, etc.) to sustain life on Earth. What’s more is that these synthetic chemicals 

are often engineered to possess high stability which renders them remarkably resistant towards natural 

attenuation processes and leads them to accumulate in high concentrations in the environment.7,8 

Conventional and advanced techniques including adsorption, membranes, biological methods, oxidation 
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using chlorine and ozone, among others, have been greatly successful in purifying water, however the rate 

at which new chemicals are synthesized is astounding, making it difficult for these treatment techniques 

to keep up.2 

 

1.2 PFAS Background 

One such class of environmental contaminants that are unabated by conventional water treatment 

methods are known as per- and polyfluoroalkyl substances (PFASs).  These are anthropogenic organic 

chemicals that contain at least one carbon-fluorine bond; however typically PFASs are highly 

fluorinated.9 The properties that these chemicals possess make them remarkably unique and incredibly 

useful in everyday applications as well as industrial use. The C-F bond is the strongest single bond known 

in organic chemistry (105.4 kcal/mol).10 Fluorine, being the most electronegative element, pulls electron 

density away from carbon and towards itself, causing a large degree of polarization between carbon and 

fluorine with partial positive and negative charges on each atom, respectively. The C-F bond is covalent 

in nature; however, this polarization imparts additional stabilization through strong electrostatic 

interactions. This bond strength yields PFAS thermally stable up to 1,000 °C for certain compounds.11,12  

The electronegativity of fluorine also confers resistance towards chemical reduction because of 

the poor polarizability of the C-F bond making fluoride a poor leaving group when compared to 

chlorinated analogues.13,14 Further adding to their inertness, fluorinated compounds are also resistant 

towards oxidation. Fluorine is about 25% larger than hydrogen (1.47 Å and 1.2 Å, respectively),10,14 

making fluoroalkyl moieties sterically bulkier than the corresponding hydrocarbons. This steric hindrance 

contributes to the helical nature of perfluorinated compounds which effectively shields the carbon 

backbone from oxidative attack.13,15 In addition to remarkable chemical and thermal stability, the physical 

properties PFAS possess render them uniquely useful among a variety of applications. Their low 

coefficient of friction allows them to repel both aqueous and organic media, a characteristic which gave 

them much use in nonstick cookware, stain resistance, and water proofing.16 Meanwhile, a large subset of 

PFAS exists as perfluoroalkyl acids (PFAAs) which are distinguished by the presence of both 

hydrophobic and hydrophilic moieties giving them use as surfactants and emulsifiers. 

While these properties make PFAS incredibly useful in various products and processes, their 

stability poses significant remediation challenges because conventional water treatment methods are 

insufficient at destroying PFAS, and they are not known to readily degrade in the environment.17 This 

recalcitrance, along with their mobility in water, allow them to undergo long range transport, and as a 

result, they have been detected in high concentrations in remote locations around the globe such as the 

Arctic.18,19 Along their journey across the globe, PFASs have made their way into 97% of Americans and 

have been detected at alarmingly high concentrations in fish as well as other biota.20 The widespread use 
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and occurrence of PFASs are especially concerning because of the potential health risks that these 

compounds have been associated with such as impacts on developmental, liver, immune and thyroid 

systems, as well as cancer.21–23 The discussion above collectively highlight why PFAS are of such 

importance in environmental science and engineering today: they are toxic,24–26 bio-accumulative,27,28 

recalcitrant,29 and widespread.30,31 

Remediation of PFAS-impacted water is typically achieved through adsorption using activated 

carbon and ion exchange; however, this is less effective for short-chain PFAS.32 Membrane technologies 

such as reverse osmosis and nanofiltration have shown promise for removing most PFAS, including short 

chains, and can meet the low levels required of treated water. These methods, however, are purely 

separative and create a PFAS-concentrated byproduct steam (e.g., saturated adsorbents and membrane 

reject) that must be further dealt with prior to disposal. Destroying PFAS is extremely challenging due to 

their unique characteristics discussed above. Many researchers are investigating potential technologies for 

PFAS destruction, including thermal-, oxidation-, and reduction-based technologies. However, success of 

these technologies has been limited.33 Electrochemical oxidation (EO) operates by exerting high electrical 

current densities through a conductive solution between an anode and a cathode. This results in PFAS 

degradation via two mechanisms: direct oxidation involving electron transfer from PFAS to the anode, 

and indirect oxidation involving electron transfer from PFAS to powerful oxidants generated throughout 

the solution. Treatment of PFAS-contaminated water has demonstrated impressive removal efficiencies 

(> 99% for long-chain PFAS); however treatment of PFAS precursors by EO has led to an increase in 

concentration of stable, chain-shortened PFAS products.34–36 Another method involving sonochemistry 

employs the use of acoustic energy to generate and implode vapor bubbles which results in the breakdown 

a molecule through combustion, pyrolysis, and radical reaction mechanisms which occur at a bubble-

water interface.37 Sonolytic treatment has proven to be extremely efficient, achieving near-complete 

mineralization of PFOA and PFOS to CO, CO2, F-, and SO4
2-.38 However, success of this method relies on 

localized incineration which is only active for short periods of time (ns) and thus requires partitioning to 

the bubble-water interface. This renders it less effective for short-chain structures which are not likely to 

partition to these reactive localities. In addition, sonolysis has been shown to form nitrite and nitrate ions 

which could be problematic at scale.39 The most widely used destruction method for PFAS is that of 

thermal degradation or incineration which can be applied to various contaminated media. Incineration 

facilities are common in the industry and therefore cost of implementing this technique is expected to be 

comparatively lower than other treatment methods.40 The major downfall of incineration involves the 

generation of waste byproducts including bottom ash, particulate matter, volatile products, and 

importantly, products of incomplete combustion (PICs) such as smaller PFAS. 
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1.3 UV-ARP Background 

Advanced reduction processes (ARPs) have emerged as a promising means of PFAS treatment 

due to their wide applicability, ability to achieve complete mineralization of organic pollutants, and 

efficiency.41 ARPs are a class of water treatment technologies that generate reductive radicals which are 

highly reactive towards various classes of recalcitrant contaminants. ARPs operate similarly to the better-

known advanced oxidation processes (AOPs) except that reducing free radicals such as 𝑒𝑎𝑞
−  and H are 

produced rather than oxidizing free radicals such as OH. The development of ARP treatment 

technologies is motivated from the fact that many pollutants ubiquitously found in the waters, particularly 

highly oxidized contaminants, are not easily abated by traditional AOP methods. Among the many 

substrates, in addition to PFAS, which have been found to readily transform during ARP treatment are 

oxyanions, highly oxidized metals, and chlorinated solvents.42–44 

ARPs are generally based on the photochemical production of 𝑒𝑎𝑞
−  by UV light. The hydrated 

electron possesses a low and negative reduction potential of -2.9 V, making it a potent reducing species 

with strong nucleophilic character.45,46 In addition, 𝑒𝑎𝑞
−  preferentially attacks electron withdrawing groups 

on organic compounds which could promote halogen release during the remediation of persistent organic 

pollutants over chain-shortening, a mechanism which occurs in the oxidative degradation of PFAS and 

yields stable perfluorinated transformation products. 

Investigations into 𝑒𝑎𝑞
−  processes for contaminant degradation are most commonly performed in 

constant UV irradiation, or bulk photolysis, systems which are representative of UV treatment in practice. 

Bulk photolysis methods generate a steady-state concentration of 𝑒𝑎𝑞
−  throughout the duration of the 

reaction (typically minutes to hours), and samples are periodically collected to measure the disappearance 

of the target contaminant of interest. While these studies provide valuable information regarding the 

implementation of 𝑒𝑎𝑞
−  processes for remediation under specific conditions, these systems are limited to 

measuring apparent rates of degradation for target contaminants since identities and concentrations of 

transient reactive species (including 𝑒𝑎𝑞
− ) are typically not monitored with these methodologies. This 

makes comparison across different systems and environments difficult due to the overall lack of 

knowledge of the complex roles that various system and solution parameters have on treatment results. 

Pulse radiolysis is a method for generating reactive species by causing molecular rupture using 

ionizing radiation.47 Decomposition of water via pulse radiolysis is one of the most important and well-

known radiation-based chemical reactions. Hydrated electrons were first discovered in the 1960s using 

this method, and although this method produces a variety of other reactive species (e.g., H, OH, O3), it is 

often considered one of the simpler ways to study the system because 𝑒𝑎𝑞
−  is generated directly from 

water.48  
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Laser flash photolysis is another method for studying reactive species. This method involves 

photoexcitation of a chemical sensitizer rather than molecular rupture. Unlike constant UV irradiation 

systems, both pulse radiolysis and LFP provide direct kinetic measurements of reactions of short-lived 

species such as 𝑒𝑎𝑞
− . This eliminates other adventitious processes downstream of the initial reduction 

event that might also affect overall reactions of interest because measurements occur on such short 

timescales (i.e., ns–µs). In addition, the large extinction coefficient of 𝑒𝑎𝑞
−  allows researchers to study 𝑒𝑎𝑞

−  

reactions in complex solutions because the broad features in its transition absorption spectrum (λmax ~ 690 

nm) do not overlap with the spectra of many other chemical species, particularly organic molecules.48–50 

Therefore, pulse radiolysis and LFP techniques are favorable over bulk photolysis when information 

regarding the fundamental kinetics of 𝑒𝑎𝑞
−  reactions are desired. 

 

1.4 System and Solution Effects on UV-ARPs 

As previously mentioned, investigations into the use of 𝑒𝑎𝑞
− -based UV-ARPs for PFAS 

remediation have typically been performed using bulk photolysis methods and report the effects of 

various parameters on treatment efficacy, potential mechanisms, and means of optimization. 

 Impact of Sensitizers. One such parameter of interest for optimization is choice of photosensitizer. 

Hydrated electrons can be generated from the photolysis of many organic and inorganic chemicals using 

appropriate wavelengths of light. Sensitizers capable of ejecting an electron using 254 nm light are of 

particular interest due to the widespread use of these light sources in established water treatment 

technologies. Among the various chemicals capable of 𝑒𝑎𝑞
−  production, various photosensitizers have 

already been reported to effectively destroy PFAS in water such as sulfite (SO3
2-), iodide (I-), ferrocyanide 

([Fe(CN)6]4-), nitriloacetic acid (NTA), and indole.51 The amount of 𝑒𝑎𝑞
−  produced will vary with identity 

of the photosensitizer because these differ in molar absorptivity (ε), quantum yield (ϕ), and in the 

formation of other reactive species and byproducts upon photolysis. 

Iodide salts have been one of the most commonly studied sensitizers for production of hydrated 

electrons because iodide ion (I-) absorbs UV light efficiently (ε = 172 M-1 s-1 at 254 nm), and 𝑒𝑎𝑞
−  release 

is photolabile via charge transfer to solvent (CTTS) transition with a quantum yield of 0.286 at 248 

nm.52,53 While UV-iodide has been applied to successfully eliminate several persistent contaminants 

including PFAS,54 performance of this system is significantly hindered by 𝑒𝑎𝑞
−  scavenging by dissolved 

oxygen and reactive iodine species (RIS) generated during the UV activation process. Qu et al. studied the 

effect of iodide dose on decomposition rate and observed a clear maximum at 0.3 mM.54 Judicious 

sensitizer dose is imperative not only to maximize 𝑒𝑎𝑞
−  production and minimize its quenching by RIS, but 

also to avoid adding high concentrations of iodide to treated water. 
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Another aqueous ion ferrocyanide ([Fe(CN)6]4-), while not relevant for practical applications due 

to the presence of cyano groups, has an extremely high extinction coefficient and quantum yield of 4273 

M-1 cm-1 and 0.674 at 248 nm, respectively, and is capable of producing abundant 𝑒𝑎𝑞
− .55 This makes 

ferrocyanide an attractive sensitizer to use in LFP experiments, a method which, as previously mentioned 

allows for the direct measurement of 𝑒𝑎𝑞
−  processes. 

Indole derivatives, such as 3-indoleacetic acid, have been investigated for UV-ARP sensitizers, 

and due to their high extinction coefficient of 3400 M-1 cm-1 and relatively high QY of 0.14 both at 254 

nm, they are expected to yield high rates of 𝑒𝑎𝑞
−  formation.56 However, previous studies of this system 

observed no difference between the results for direct photolysis and 1 mM 3-indoleactic acid suggesting 

that its effect was negligible.57 The authors attribute this finding to high rate of 𝑒𝑎𝑞
−  scavenging by indole 

photoproducts, and remedied this by incorporating organo-modified montmorillonite clay into the system 

which provides a negatively charged surface that can stabilize indole radical cations thus hindering their 

reaction with 𝑒𝑎𝑞
− . In the UV-NTA-montmorillonite system, PFOA can be completely removed after 

about 6 h; however practical implementation is challenged by the cost and resources required to 

synthesize indole molecules at scale as well as the high organic carbon residual left in the treated water. 

Aminopoly(carboxylic acid)s (APCAs) have recently been proposed to enhance 𝑒𝑎𝑞
−  

concentration in bulk solution during water photolysis by quenching the oxidative species produced in the 

process, namely hydroxyl radicals (OH). Studies employing nitrilotriacetic acid (NTA) for contaminant 

degradation have shown promise;58 however application of UV-NTA in field applications may be 

complicated by groundwater matrices and the generation of urea byproducts which cause a pungent odor, 

both of which are not ideal for practical treatment.59 In addition, important characteristics of 

photochemical systems such as molar absorptivity and quantum yield are either not known or not well 

understood. For example, while molar absorptivity of NTA is known (ε = 26.3 M-1 s-1 at 254 nm), it itself 

is not producing 𝑒𝑎𝑞
− . Rather, photoexcited NTA (NTA*) serves as an OH quencher to allow 𝑒𝑎𝑞

−  

generated from water photolysis to escape into the bulk solution.58 Therefore, the molar absorptivity of 

NTA cannot be directly used to estimate 𝑒𝑎𝑞
−  generation. For similar reasons, the quantum yield of NTA is 

not known. 

Perhaps the most well studied and practically implemented ARP system is UV-sulfite. However, 

with an extinction coefficient of 18.4 M-1 cm-1 at 254 (almost 10x lower than iodide) and a quantum yield 

of 0.116 at 248 nm, the UV-sulfite system is not expected to have a high 𝑒𝑎𝑞
−  formation rate.55,60 

Nevertheless, it is preferred to other systems for a few reasons. Sulfite salts are low cost and the main 

byproduct of sulfite activation, sulfate, is nontoxic and ubiquitous in natural waters. In fact, sulfite has an 

extensive history of use at wastewater treatment facilities for dechlorination of treated wastewater before 
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discharging.61 A very important advantage is sulfite’s ability to scavenge dissolved oxygen (DO), an 

efficient 𝑒𝑎𝑞
−  quencher (k2 = 1.9 × 1010 M-1 s-1).62 UV-ARP operation using other sensitizers require 

extensive steps to remove DO before treatment; otherwise little to no degradation is observed, whereas 

the autoxidation of sulfite ions can rapidly deplete DO from the system allowing it to be applied to water 

sources that are initially oxic.59,63 

 Impact of Weak Acids and Other Common Water Constituents. While extinction coefficient and 

quantum yield are important parameters which affect treatment efficacy through 𝑒𝑎𝑞
−  generation, it is the 

steady state 𝑒𝑎𝑞
−  concentration ([𝑒𝑎𝑞

− ]𝑠𝑠) during UV-ARPs that is critical to ensuring reaction with the 

target contaminants. For example, although sulfite does not absorb light very well and electron ejection is 

not photolabile, sulfite’s ability to inhibit the reaction between 𝑒𝑎𝑞
−  and DO has yielded it the most 

successful for practical applications because it increases [𝑒𝑎𝑞
− ]𝑠𝑠 by decreasing e-aq scavenging. 

Common water constituents such as carbonate, nitrate, dissolved oxygen, among others are also 

known to affect 𝑒𝑎𝑞
−  treatment processes. Their effect can be through many processes such as 𝑒𝑎𝑞

−  

scavenging, UV shielding, further 𝑒𝑎𝑞
−  production, among others. Dissolved oxygen, nitrate, and 

carbonate, common in natural waters, are all efficient quenchers of 𝑒𝑎𝑞
− , therefore their presence decreases 

the [𝑒𝑎𝑞
− ]𝑠𝑠 as well as the overall efficiency of UV-ARPs.62,64 Meanwhile, chloride and phosphate, also 

common in natural waters, have shown negligible effect of UV-ARPs suggesting these are poor 𝑒𝑎𝑞
−  

scavengers.64 

The effect of dissolved/natural organic matter (DOM/NOM) is more complicated than the effect 

of the most other common water constituents such as those previously mentioned. Reports investigating 

the role of humic acid (HA), representative of DOM, have shown both enhancement as well as inhibition 

on UV-ARP treatment. HA effects are dependent on HA concentration as well as sensitizer system, 

suggesting that various competitive pathways dictate its influence. In the UV-iodide system, Sun et al. 

report enhanced and inhibited PFOS degradation in the UV-iodide system in the presence of 1 and 30 

mg/L HA, respectively.65 Interestingly, both the inhibitory and enhanced impact of HA on PFOS 

degradation percent seem to only affect the UV-iodide system during the first 4 hours, after which it 

reached a plateau (~95%). However, defluorination percent (deF%), which is defined as the ratio of the 

concentration of F- released during a reaction over the total F in the parent compounds initially, was 

highest in the presence of 30 mg/L HA (near 100% after 8 h).65 The effect of HA on PFOS degradation in 

the UV-sulfite system has been studied in the vacuum UV-sulfite (VUV-sulfite) system up to 5.43 mg/L 

DOC in which only an inhibitory effect was observed. Ren et al. also showed inhibitory effects of HA on 

PFOA degradation, although the lowest concentration studied was 10 mg/L.64 Among the main inhibitory 

mechanisms of HA are UV blocking effects, generation of oxidative 𝑒𝑎𝑞
−  quenchers (e.g., OH, 1O2, 
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H2O2), and presence of electron withdrawing moieties within the HA structure which are also capable of 

reacting with 𝑒𝑎𝑞
− .51 

 Impact of pH. Solution pH also plays a complex role in efficacy of UV-ARPs. Literature results 

indicate that higher pH facilitates the reductive destruction of PFAS. The increased efficacy of 𝑒𝑎𝑞
−  

processes at highly alkaline pH conditions (~12.0) has principally been attributed to less 𝑒𝑎𝑞
−  scavenging 

by H+ (k2 = 2.3 × 1010 M-1 s-1),62 and thus a higher amount of 𝑒𝑎𝑞
−  available for PFAS destruction. 

However, at the alkaline pH conditions frequently used in UV-ARPs, H+ scavenging is mostly negligible 

in common sensitizer systems.66 

The effect of solution pH on ARP efficiency truly comes into play when considering speciation of 

common water constituents as well as the sensitizer. For example, the UV-NTA system operates by 

eliminating OH generated from water photolysis. This allows 𝑒𝑎𝑞
−  to escape reactive spurs and diffuse 

into the bulk solution.58 The reactivity of NTA with OH is dependent on its level of deprotonation, with 

the fully deprotonated species being the most reactive (pKas = 0.8, 1.9, 2.48, and 9.65). As such, UV-

NTA operates most efficiently at alkaline pH conditions.65 

The UV-sulfite system also performs best at highly alkaline pH conditions. As previously 

mentioned, multiple studies attribute this to less quenching of 𝑒𝑎𝑞
−  by H+; however, speciation of the 

sulfite sensitizer is more likely the reason for the enhanced degradation. The pKa of bisulfite (HSO3
-, 

conjugate acid of the sulfite sensitizer) is 7.2 meaning that in a system containing 0.01 M total dissolved 

sulfite (CT,SO3) at 20 °C and 0.05 M ionic strength (µ; M), there will be 2.65 × 10-5 M and 8.40 × 10-8 M 

bisulfite present at pH 9.5 and 12, respectively, a difference of more than three orders of magnitude. 

Speciation of sulfite as bisulfite is important because photolysis of HSO3
- has a low quantum yield of 𝑒𝑎𝑞

−  

(𝜑𝑒𝑎𝑞
− )67 which in turn generates less e-aq. More importantly, bisulfite itself is a 𝑒𝑎𝑞

−  scavenger (1.2 × 108 

M-1 s-1).68 Therefore, pH affects both the generation and scavenging aspects of the UV-sulfite system; 

however, the latter plays a far greater role in overall ARP treatment efficiency (discussed vide infra). 

In contrast, UV-ARPs employing iodide and indole derivatives have not shown the same pH 

sensitivity. For example, Tian et al. investigate the UV-indole-montmorillonite UV-ARP system from pH 

3.0 – 11.0 and report no significant difference between the conditions for PFOA degradation throughout 

the entire reaction.57 The authors postulate that this pH independence is due to microenvironments within 

the organo-modified clay where small cations are substantially replaced by large modification organic 

cations which effectively inhibits quenching of photo-generated 𝑒𝑎𝑞
−  by H+. Similarly, Park et al. report 

pH independence of apparent rate constant (kapp) in the UV-iodide system from pH 2.0–12.0 because 

photoproduction of 𝑒𝑎𝑞
−  from I- is unaffected by pH above a value of 3.69 Hydrated electron quenching by 

H+ in acidic conditions, however, will be orders of magnitude greater than in circumneutral conditions, 
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and so the pH invariance between pH 2.0 and 12.0 is surprising. It is likely that at the high [I-] dose used 

by Park et al. (10 mM) yields elevated concentrations of RIS making them the most prevalent 𝑒𝑎𝑞
−  

quencher rather than H+. 

 

1.5 Research Goals 

Many solution conditions can affect UV-ARP treatment efficacy. To ascertain individual solution 

impacts, multiple batch experiments must be run varying one parameter systematically while keeping all 

other conditions constant. This method is inefficient since it is time and resource intensive. What’s more 

is that comparison across studies in the literature is often complicated because of the multifaceted effects 

many parameters impart on treatment results. This highlights the need for more systematic approaches to 

optimize solution conditions more efficiently and quantitatively interpret the individual effects of various 

water quality parameters. 

The overall objective of this thesis is the development of a comprehensive UV-sulfite 

photochemical model for the prediction of treatment efficacy in new environments which can facilitate 

treatment optimization as well as the quantitative elucidation of how individual system and solution 

parameters effect treatment results. Specifically, this thesis will investigate the kinetics and mechanisms 

of 𝑒𝑎𝑞
−  reactions with PFAS and common water constituents, then use these fundamental insights to adapt 

a kinetic model to simulate parent compound degradation in different geochemical conditions. 

The first and second objectives of this thesis were to investigate the kinetics and mechanisms of 

the reactions between 𝑒𝑎𝑞
−  and ultra-short chain PFCAs and ubiquitous carbonate species, respectively, 

while the third objective was to incorporate insights from the previous two objectives with kinetics 

equations to adapt a model for predicting PFAS degradation during UV-sulfite treatment. This thesis 

provides the tools needed to optimize UV-sulfite ARPs more efficiently and serves as a framework for 

kinetics models in different UV-ARP systems (e.g., iodide, indole, NTA, etc.). 

 

Chapter 2: Kinetics and Mechanisms of Hydrated Electron Reactions with Ultra-Short Chain 

Fluorocarboxylates  

Traditional laboratory techniques are unable to measure the fundamental kinetics of  𝑒𝑎𝑞
−  reactions 

since these occur on nanosecond timescales. Information regarding 𝑒𝑎𝑞
−  reactions with target contaminants 

are largely drawn from experiments performed in constant UV irradiation systems in which only apparent 

rates of degradation can be inferred since the identity and concentrations of transient reactive species, 

including 𝑒𝑎𝑞
− , are unknown. Therefore, the first objective was to accurately measure bimolecular rate 

constants (k2; M-1 s-1) of 𝑒𝑎𝑞
−  reactions with PFASs and elucidate the initial mechanisms by which these 
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reactions occur. To this end, LFP was employed to directly measure 𝑒𝑎𝑞
−  processes with PFAS targets, and 

density functional theory (DFT) was used to calculate molecular properties and provide mechanistic 

information into how these reactions take place. A suite of ultra-short chain fluorocarboxylates were 

investigated because these structures are soluble into the millimolar range without micellar aggregation 

being prevalent. In addition, ultra-short chain PFAS are often overlooked in literature studies despite their 

ubiquity in the environment, and so focusing on this subclass will provide much needed insights into their 

behavior and properties. 

 

Chapter 3: Influence of Carbonate Speciation on Hydrated Electron Treatment Processes  

UV-ARPs based on the photochemical generation of 𝑒𝑎𝑞
−  have been reported to achieve complete 

defluorination of PFAS at highly alkaline pH conditions yet perform poorly at moderately alkaline and 

lower pH conditions. The inadequacy of 𝑒𝑎𝑞
−  processes at lower pH conditions has most often been 

attributed to scavenging by H+. However, recent studies suggest that changing speciation of 𝑒𝑎𝑞
−  

quenchers in the solution could instead be the reason.66,68 Therefore, the second objective of this thesis 

was to reinvestigate the reasons for poor performance of 𝑒𝑎𝑞
−  processes at lower pH conditions. To 

achieve this, 𝑒𝑎𝑞
−  scavenging by ubiquitous carbonate species was evaluated and compared with sulfite 

and H+ across a broad pH range. In addition, the impact of total dissolved carbonate and sulfite were 

compared with scavenging by NO3
- and DO, two other established 𝑒𝑎𝑞

−  quenchers that are ubiquitous in 

natural aquatic systems. To accurately describe scavenging by carbonate, determination of biomolecular 

rate constants for each species (H2CO3
*, HCO3

-, CO3
2-) are needed. To this end, LFP was used with 

nonlinear regression analysis to determine species-specific rate constant values of carbonate with 𝑒𝑎𝑞
− . 

The resulting values were then used together with reported rate constants for other 𝑒𝑎𝑞
−  quenchers in 

model simulations spanning a wide range of conditions that might be expected when treating PFAS-

contaminated groundwater with UV-sulfite ARP. 

 

Chapter 4: Kinetic Model for Predicting PFAS Degradation During UV-Sulfite Treatment  

Development of a photochemical model to predict target contaminant degradation across diverse 

environments is an alternative approach to optimizing 𝑒𝑎𝑞
−  processes and minimize the need to run 

multiple batch experiments to ascertain the effect of a single parameter. These models require accurate k2 

values of 𝑒𝑎𝑞
−  with target contaminants and important scavengers as well as information regarding the 

irradiation source and geochemical conditions. Therefore, the third objective of this thesis will 

incorporate the kinetics values measured in the previous two objectives into a comprehensive 

photochemical model to simulate UV-sulfite treatment results for different water matrices, UV irradiation, 
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and sensitizer conditions. This objective provides a framework for future UV-ARP models and 

importantly links two different methods (LFP and constant UV irradiation) of investigating 𝑒𝑎𝑞
−  processes 

whose results have been in misalignment (vide infra). A model was adapted to include important kinetics 

values as well as parameters relating to the system, light source, and geochemical solution conditions. The 

impact of pH and alkalinity on PFCA degradation were systematically investigated, then the model was 

tested using a suite of PFCAs and PFSAs in different environments. 
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CHAPTER 2  

KINETICS AND MECHANISMS OF HYDRATED ELECTRON REACTIONS  

WITH ULTRA-SHORT CHAIN FLUOROCARBOXYLATES 

 

Based on a paper published in Chemosphere.* 

Camille K. Amador1,2, Daniel J. Van Hoomissen1, Jiaoqin Liu1,2, Timothy J. Strathmann2, Shubham Vyas1 

 

2.1 Abstract 

Recent reports demonstrate that technologies generating hydrated electrons (𝑒𝑎𝑞
− ; e.g., UV-sulfite) 

are a promising strategy for destruction of per- and polyfluoroalkyl substances, but fundamental rate 

constants are lacking. This work examines the kinetics and mechanisms of 𝑒𝑎𝑞
−  reactions with ultra-short 

chain (C2-C4) fluorocarboxylates using experimental and theoretical approaches. Laser flash photolysis 

(LFP) was used to measure bimolecular rate constants (k2; M-1 s-1) for 𝑒𝑎𝑞
−  reactions with thirteen per-, and 

for the first time, polyfluorinated carboxylate structures. The measured k2 values varied widely from 5.26 

× 106 to 1.30 × 108 M-1s-1, a large range considering the minor structural changes among the target 

compounds. Molecular descriptors calculated using density functional theory did not reveal correlation 

between k2 values and individual descriptors when considering the whole dataset, however, 

semiquantitative correlation manifests when grouping by similar possible initial reduction event such as 

electron attachment at the α-carbon versus β- or γ- carbons along the backbone. From this, it is postulated 

that fluorocarboxylate reduction by 𝑒𝑎𝑞
−  occurs via divergent mechanisms with the possibility of non-

degradative pathways being prominent. These mechanistic insights provide rationale for contradictory 

trends between LFP-derived k2 values and apparent degradation rates recently reported in UV-sulfite 

constant irradiation treatment experiments. 

 
*See Appendix D for permissions 
1Department of Chemistry, Colorado School of Mines 
2Department of Civil and Environmental Engineering, Colorado School of Mines 
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2.2 Introduction 

Per- and polyfluoroalkyl substances (PFASs) have been used unregulated in many applications 

for decades,70 but have recently been recognized to be toxic,21–23 bioaccumulative,27,28 and recalcitrant.29 

Unfortunately, environmental release was already widespread by the time their hazards became well 

known.30,31 Treatment of PFAS-contaminated water typically involves physical separation,71–75 but these 

processes ultimately produce a PFAS-enriched byproduct stream that requires further treatment if 

destruction is the final objective. As a result, there are growing efforts to study the effectiveness of a 

range of potential destructive treatment technologies, including electrochemical, plasma, photochemical, 

and thermochemical processes.76–80 One group of technologies of interest are advanced reduction 

processes (ARPs) based on the photochemical generation of hydrated electrons (𝑒𝑎𝑞
− ), a transient species 

with low reduction potential (-2.9 V) and strong nucleophilic character.45,46 Recently, many reports have 

focused on treatment of PFASs and other persistent organic pollutants with 𝑒𝑎𝑞
−  generated by photo-

detachment from sulfite (SO3
2-) upon excitation with common UV light sources, although other 

sensitizers have been investigated as well.41,81–83 From a practical standpoint, 𝑒𝑎𝑞
−  based technologies are 

promising because, unlike oxidative hydroxyl radicals, the reactive species is not inhibited by the 

presence of many ubiquitous constituents in natural water sources such as chloride, phosphate, and 

hydroxide.64 In addition, the autoxidation of sulfite ions in solution acts to scavenge dissolve oxygen, an 

efficient 𝑒𝑎𝑞
−  quencher (1.9 × 1010 M-1s-1),62 facilitative for application to water sources that are initially 

oxic.63,84 In fact, Liu et al. demonstrated >90% PFAS destruction in a pilot treatment study where no 

efforts were made to remove dissolved oxygen from the groundwater prior to UV-sulfite treatment.59 

While reports of UV-sulfite and other UV-based technologies for 𝑒𝑎𝑞
−  generation have shown 

promise for treatment of PFAS-contaminated water, these studies have largely been limited to measuring 

apparent rates of degradation for target PFASs under constant UV irradiation conditions where the 

identity and concentrations of transient reactive species, including 𝑒𝑎𝑞
− , are unknown.85 While these 

studies provide valuable information needed for further technology development, comparison among 

different experimental systems and prediction of treatment efficacy in new environments remains 

challenging due to a lack of absolute rate constants and a comprehensive photochemical model for 

generation and reaction of 𝑒𝑎𝑞
− . 

Laser flash photolysis (LFP) is a method for studying the reactions of short-lived reactive species 

(i.e., ns – s lifetimes), such as 𝑒𝑎𝑞
− , providing direct kinetic measurements of reactions with target 

analytes like PFASs while eliminating other adventitious reactions downstream of the initial reduction 

event. To our knowledge, there are only three previous reports of k2 measurements for 𝑒𝑎𝑞
−  reactions with 
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PFASs and these are limited to fully fluorinated perfluoroalkyl acid structures.50,86,87 There are no reports 

for reactions with partially fluorinated structures despite the growing recognition of their abundance in 

many sources of PFAS contamination such as aqueous film forming foams (AFFF)88 and the 

environment.89 Moreover, there are major discrepancies among these earlier reports. For example, while 

earlier reports by Huang et al. and Anbar et al. measured k2 values ranging from 2.3 – 3.4 × 106 M-1 s-1 for 

trifluoroacetate (TFA) and 1.3 × 107 M-1 s-1 for perfluorobutanoate (PFBA), a more recent study by Maza 

and coworkers reported k2 values for TFA (5.0 × 108 M-1s-1) and PFBA (5.4 × 108 M-1s-1) that are orders 

of magnitude greater.50,86,87 This large discrepancy highlights the need for additional studies to confirm k2 

values for these structures and to extend the approach to a broader range of both per- and polyfluorinated 

structures.  

Parent compound decay profiles, which are often used to assess the efficacy of ARPs, are highly 

sensitive to rate constant, and so accurate k2 values will be key in modeling these processes in different 

environments. Here, we report on the application of LFP to directly measure k2 values for 𝑒𝑎𝑞
−  reacting 

with thirteen ultra-short chain (C2-C4) fluorocarboxylate structures including fully and partially 

fluorinated structures, the latter of which has never been measured before. To date, most studies have 

focused on 𝑒𝑎𝑞
−  based treatment of longer-chain perfluoroalkyl acids and much less has been reported on 

ultra-short chain structures despite recent trends wherein manufacturers are substituting shorter chain 

analogues for legacy PFASs such as perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic acid 

(PFOS).90,91 Since LFP measurements occur on an extremely short timescale, results can be taken as a 

“snapshot” of the initial reduction events absent of nontarget pathways that might contribute to variable 

results observed during long-term (e.g., hours or days) UV irradiation experiments. Kinetic parameters 

and reactivity trends are compared with previous reports from LFP and constant irradiation methods 

highlighting both similarities and discrepancies among available reports. Variation in k2 values among the 

fluorocarboxylates measured here are also analyzed in relation to molecular property descriptors 

calculated with density functional theory (DFT). The experimental data presented herein alongside 

computations of molecular property descriptors warrants an extensive computational study on the impact 

that structural changes of PFAS have on reductive degradation mechanisms. Analysis of the resulting 

trends are suggestive of divergent rate-determining pathways for 𝑒𝑎𝑞
−  consumption which has 

consequence in the design and implementation of ARPs for PFAS treatment. 

 

2.3 Materials and Methods 

Reagents and Solutions. A full list of chemical reagents is provided in Appendix A. All stock 

solutions and reaction samples for LFP experiments were prepared inside an anaerobic chamber (Coy Lab 

Products; 97% N2, 3% H2) using deoxygenated water prepared as described in Appendix A. Samples 
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prepared in quartz cuvette cells (1 × 1 cm) were capped and sealed with parafilm before removing from 

the anaerobic chamber to prevent oxygen exposure during LFP measurements. 

Laser Flash Photolysis Setup and Procedure. A Nd:YAG laser (Surelite EX, Continuum) 

operating at 1064 nm with a 10 Hz repetition rate and 4 ns time resolution was used with a 4th harmonic 

generator to produce 266 nm light. Transient absorbance spectra were collected using LP980 

spectrophotometer (Edinburgh Instruments) equipped with ICCD camera and photomultiplier tube. The 

transient species, 𝑒𝑎𝑞
− , was produced by irradiating a mixture of 40 µM K4Fe(CN)6 and 10 µM K3Fe(CN)6 

with an 8-10 mJ laser pulse. Decay of 𝑒𝑎𝑞
−  was monitored by tracking the change in absorbance of its 

characteristic peak ( = 20560 M-1 cm-1 at 690 nm) 49,92 using ten averages for each of the measurements. 

Individual cuvettes were amended with varying concentration (0 – 50 mM) of the target fluorocarboxylate 

quencher and Stern-Volmer analysis of the change in 𝑒𝑎𝑞
−  lifetime (τ) was used to determine the k2 value. 

Unless otherwise indicated, reaction solutions were buffered at pH 9.2 (borate) and ionic strength was 

fixed using NaCl. Quenching due to buffer and electrolyte are expected to be negligible, and 0 mM 

fluorocarboxylate control samples highlight this point by displaying constant 𝑒𝑎𝑞
−  lifetime across 

experiments (Figure A.1 in Appendix A). Additional details of solution conditions and preparation are 

described in Appendix A. All samples were prepared and run in triplicate and uncertainties provided 

represent triplicate-averaged standard deviations. Separate experiments were conducted for selected 

fluorocarboxylates at pH 12.0 to evaluate the potential influence of solution pH on k2. In addition, τ in the 

absence of fluorocarboxylate quenchers was measured over a range of pH (3.5 – 12.0) and ionic strength 

(0 – 650 mM) values to assess the effects of these variables on background quenching. Due to a change in 

LFP setup during the course of the study, certain compounds (indicated in Table 2.1) were measured after 

exciting the sensitizer with 254 nm laser pulse. This is not expected to affect the measured rate constant 

values because the absorption spectrum of the sensitizer, K4Fe(CN)6, shows strong absorption at all 

wavelengths <300 nm,93 and tests conducted with TFA using both excitation wavelengths yielded similar 

k2 values (see Figure A.2). 

Density Functional Theory Calculations. DFT was used to calculate molecular property 

descriptors for the thirteen target fluorocarboxylate structures that were subjected to LFP measurements. 

Stationary points were located using the density functional ωB97-XD with the aug-cc-pVDZ basis sets as 

implemented in Gaussian 09 software version C.01. This functional was previously shown to successfully 

calculate the redox potential of PFAAs, making it an appropriate selection for our reaction of interest.94 In 

addition, ωB97-XD includes dispersion corrections which are important for modeling the behavior of 

PFASs. The SMD implicit solvent model was used to simulate an aqueous environment. All 

fluorocarboxylates were assumed to be in the deprotonated state, the species that predominates at pH 



16 

conditions used in experiments and 𝑒𝑎𝑞
− -based treatment applications. The calculated stationary points 

were characterized as minimum energy structures by computing the second gradients. Several global 

descriptors along with local properties such as bond dissociation energy (BDE; kcal/mol) and standard 

reduction potential (𝐸𝑠
°; V) were calculated to use in reactivity and mechanistic analysis. Further 

description of the global and local molecular property descriptor variables along with equations are 

summarized in Appendix A and vide infra. 

 

2.4 Results and Discussion 

Kinetics Measurements. LFP kinetic traces collected for 𝑒𝑎𝑞
−  quenching by perfluorobutanoate 

(PFBA) are provided in Figure 2.1A (traces for all other compounds are provided in Appendix A). 

Following excitation, absorbance values at 690 nm, characteristic of 𝑒𝑎𝑞
− ,49,92 decayed on a s timescale, 

and decay was accelerated by addition of increasing concentrations of the PFBA. Exponential fits of the 

individual traces were carried out to compute the lifetime (; ns) of the transient 𝑒𝑎𝑞
−  species. The results 

of replicate transient spectra were found to be highly reproducible, with triplicate-averaged standard 

deviation values for  varying by <10% of the average lifetime values. The resulting  values were 

analyzed using a Stern-Volmer type relationship (i.e., 1/ vs. [PFBA]) to derive the value of the apparent 

bimolecular rate constant (k2; M-1 s-1) for 𝑒𝑎𝑞
−  reaction with PFBA (Figure 2.1B). Table 2.1 summarizes 

bimolecular rate constants measured here and elsewhere for thirteen C2-C4 fluorocarboxylates and their 

non-fluorinated analogues. 

The influences of pH (3.0-12.0) and ionic strength (0-630 mM) on 𝑒𝑎𝑞
−  lifetimes in the absence of 

fluorocarboxylate quenchers are shown in Figure A.4 in the Appendix.  It was found that the 𝑒𝑎𝑞
−  lifetime 

remained relatively constant from pH 9.0 to 12.0 but decreased appreciably at pH < 9.0 (Figure A.4). The 

decreased lifetime at lower pH conditions can be attributed to increasing concentration H+, which reacts 

with 𝑒𝑎𝑞
−  at diffusion-limited rates (k2 = 2.3 × 1010 M-1s-1).62  At higher pH conditions, this pathway 

becomes negligible compared to quenching by the solvent H2O (kobs = 1.9 × 101 s-1) and the Fe(CN)6
3- 

(k2 = 3.1 × 109 M-1s-1)62 added to the solution. This is supported by observation of nearly identical Stern-

Volmer plots for experiments conducted at pH 9.2 and 12.0 (Figure A.4). This finding of pH invariance is 

also noteworthy because it contradicts reports that PFAS degradation by UV-sulfite constant irradiation is 

significantly faster at pH 12.0 (e.g., t1/2 < 1 h) than at pH 9.5 (t1/2 8-12 h).95 The likely reason for this lies 

in how the rates are measured in LFP when compared to constant irradiation experiments. LFP measures 

the instantaneous reaction of 𝑒𝑎𝑞
−  with the PFAS whereas constant irradiation experiments measure the net 

effects of all reactions in the solution on PFAS degradation, which may be impacted by matrix 

constituents that react with 𝑒𝑎𝑞
−  in parallel with the target contaminant. 
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In the absence of the target contaminant (fluorocarboxylate quencher), 𝑒𝑎𝑞
−  may decay by three 

mechanisms: (1) reaction with K3Fe(CN)6,50 (2) self-recombination,96 and (3) reaction with solvent, i.e., 

water.97 To ensure changes in 𝑒𝑎𝑞
−  lifetime could not be attributed to K3Fe(CN)6 an excess amount of this 

species was added to regard this reaction as pseudo first order (10 µM K3Fe(CN)6 for photolysis of 40 µM 

K4Fe(CN)6 with 266 nm light).50 Radical recombination of 𝑒𝑎𝑞
−  in our kinetics measurements is 

encumbered by diffusion limitations imparted by the elevated ionic atmosphere (ionic strength; µ = 

0.63).96 Measurements in the absence of fluorocarboxylate at varying ionic strength show that 𝑒𝑎𝑞
−  lifetime 

decreases only when µ increases from dilute conditions to 0.1 then remains relatively constant with 

further increases (Figure A.4). In the case where two ions are of the same charge and µ increases, 

formation of the encounter pair becomes more facile, resulting in increased quenching of the 𝑒𝑎𝑞
−  and 

hence a shorter lifetime due to increased electrostatic shielding that occurs.98 Either way, all experiments 

with fluorocarboxylates were performed with a fixed µ to ensure that this variable is controlled for. 

Moreover, rate constants measured for selected fluorocarboxylates in the present study are comparable to 

those reported previously for the same compounds measured at lower µ and match well when correcting 

for these difference (vide infra).50,86 To further ensure that elevated µ did not affect reported kinetic 

values, Stern-Volmer analysis of PFBA at  = 0.2 (lowest attainable value with 50 mM fluorocarboxylate 

and 40 mM borate buffer) was conducted. Indeed, this value is comparable to that measured at  = 0.63 

(Figure A.4). Lastly, the rate constant of 𝑒𝑎𝑞
−  and H2O has previously been reported to be 19 s-1, which is 

slow enough to be neglected.99 
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Figure 2.1 (A) Kinetic transient absorption traces for 𝒆𝒂𝒒

−  decay (measured at 690 nm) at pH 9.2 (40 mM 

borate buffer) in solutions containing 0 – 50 mM PFBA. Solution conditions: 40 µM K4Fe(CN)6, 10 µM 

K3Fe(CN)6, ionic strength = 630 mM (balanced using  NaCl). (B) Resulting Stern-Volmer plot generated 

from model fits of the traces to determine 𝒆𝒂𝒒
−  lifetimes (; µs) in each solution. Individual kinetic traces 

in panel (A) represent one of the triplicate measurements, and error bars in panel (B) represent one 

standard deviation based upon triplicate measurements. Traces and Stern-Volmer plots for all other 

compounds available in Appendix A. 
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Table 2.1 Summary of abbreviations, structures, solutions conditions, and k2 values of ultra-short chain fluorocarboxylates determined in the 

current work along with previously reported values. Solution preparation details and kinetics data values can be found Appendix A. 

Name and Abbreviation Length Structure pH µ (mol L-1) This Study k2 (M-1s-1) 
Literature 

k2 (M-1s-1) 

Trifluoroacetate  

(TFA) 
C2 

 

9.2 0.63 (5.26 ± 0.29) × 106 d  

12.0 0.63 (4.16 ± 0.14) × 106 d  

10.0 0.010  (2.3 ± 0.2) × 106 a 

10.0 0.065  (3.0 ± 0.2) × 106 a 

10.0 0.10  (3.4 ± 0.3) × 106 a 

10.0 N/A  (2.6 ± 0.6) × 106 b 

10.0 N/A  (5.0 ± 1.4) × 108 c 

Difluoroacetate  

(DFA) 
C2 

 

    

9.2 0.63 (1.97 ± 0.04) × 107 d  

12.0 0.63 (1.81 ± 0.03) × 107 d  

Monofluoroacetate  

(MFA) 
C2 

 

9.2 0.63 (1.32 ± 0.05) × 107 d  

Acetate C2 

 

9.2 0.63 (8.52 ± 7.19) × 104  

9.5-10.5 N/A  (2.0 ± 0.5) × 106 b 

Pentafluoropropanoate  

(PFPrA) 
C3 

 

9.2 0.63 (1.64 ± 0.08) × 107 d  

12.0 0.63 (1.38 ± 0.09) × 107 d  

10.0 N/A  (5.8 ± 1.2) × 108 c 

2,3,3,3-tetrafluoropropanoate 

(2H-PFPrA) 
C3 

 

9.2 0.63 (5.58 ± 0.56) × 106  
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Table 2.1 Continued.       

2,2,3,3-tetrafluoropropanoate 

(3H-PFPrA) 
C3 

 

9.2 0.63 (6.17 ± 0.16) × 106  

3,3,3-trifluoropropanoate 

(TriFPrA) 
C3 

 

9.2 0.63 (1.28 ± 0.08) × 107  

2,2-difluoropropanoate 

(DiFPrA) 
C3 

 

9.2 0.63 (1.65 ± 0.06) × 107  

2-fluoropropanoate 

(MFPrA) 
C3 

 

9.2 0.63 (6.43 ± 0.53) × 106  

Propanoate C3 

 

9.2 0.63 (7.77 ± 0.44) × 105  

Perfluorobutanoate 

(PFBA) 
C4 

 

9.2 0.63 (1.27 ± 0.06) × 107 d  

12.0 0.63 (1.29 ± 0.06) × 107 d  

10.0 0.10  (1.3 ± 0.1) × 107 a 

10.0 N/A  (5.4 ± 1.2) × 108 c 

2H-perfluorobutanoate 

(2H-PFBA) 
C4 

 

9.2 0.63 (1.32 ± 0.004) × 108  
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Table 2.1 Continued. 

4,4,4-trifluorobutyrate 

(TriFBA) 
C4 

 

9.2 0.63 (7.35 ± 0.07) × 107  

2,2-difluorobutanoate 

(DiFBA) 
C4 

 

9.2 0.63 (8.81 ± 0.13) × 107  

Butanoate C4 

 

9.2 0.63 (9.13 ± 4.09) × 105  

aFrom ref 50 (LFP at pH 10.0, µ varies, T = 25C). bFrom ref 86 (Pulse radiolysis in pH 9.5-10.5, µ and T not provided, 0.001 M methanol). cFrom 

ref 87 (LFP at pH 10.0, µ not provided). dThe LFP experiments involving these compounds were performed using 254 nm light, while all others 

used 266 nm.
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 C2 Fluorocarboxylates. Measured k2 values for ultra-short chain fluorocarboxylates varied widely 

from 5 × 106 to 1.3 × 108 M-1s-1, a large range considering the structural similarity of target 

compounds. This highlights the sensitivity of 𝑒𝑎𝑞
−  reactions to small changes in molecular structure of the 

quenching substrates. Stern-Volmer plots for the three C2 fluoroacetates (TFA, DFA, MFA) are shown in 

Figure 2.2A. The relative reactivity from fastest to slowest [DFA (1.97 × 107 M-1 s-1) > MFA (1.32 × 107 

M-1 s-1) > TFA (5.26 × 106 M-1 s-1)] varied ~4-fold. In comparison, non-fluorinated acetate exhibits much 

lower reactivity (<106 M-1 s-1) with an uncertainty nearly as large as the value of k2 measured. Among the 

C2 – C4 fluorocarboxylates measured in this study, previous reports are only available for TFA and 

PFBA.50,86,87 The k2 values measured for these 2 compounds in the present study are similar to values 

reported by Huang et al. (2.3-3.4 × 106 M-1 s-1) and Anbar et al. (2.6 × 106 M-1 s-1) for TFA and (1.3 × 107 

M-1 s-1) for PFBA.50,86 Huang et al. measured k2 values for TFA at lower  (0.01 – 0.1) than conditions 

used in the present study, but Figure 2.2B shows that linear extrapolation of their values to conditions 

used in the present study ( = 0.63) shows an almost perfect match (similar linear extrapolation of data 

for PFBA shown in Figure A.5).  

In comparison, the k2 value for TFA recently reported by Maza and coworkers (5.0 × 108 M-1 s-1) 

is nearly 2 orders-of-magnitude larger than the value measured here as well as values reported in the 

previous two studies.87 While these authors recently posited that the lower k2 values reported previously 

may result from aggregation processes occurring at elevated PFAS concentration we were unable to 

measure any appreciable reduction in the lifetime of 𝑒𝑎𝑞
−  when we added fluorocarboxylate concentrations 

matching their experiments (i.e., 0.1 mM, see Figure A.6).100 Furthermore, aggregation of ultra-short 

chain fluorocarboxylates is much less likely than longer chain fluoroalkyl surfactants. It is hard to 

rationalize Maza et al.’s k2 values from a practical standpoint as these values (on the order of 108 – 109 M-

1s1) would result in much faster degradation kinetics in bulk photolysis UV-ARP experiments. What’s 

more is that both experimental and theoretical studies have found PFSAs to be intrinsically more 

recalcitrant towards 𝑒𝑎𝑞
−  reactions than PFCAs,101,102 while Maza et al. report sulfonates to be faster 

reacting than carboxylates. 
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Figure 2.2 (A) Stern-Volmer plots for mono-, di-, and trifluoroacetate. Solution conditions are the same as 

Figure 2.1. Units for the k2 values shown are M-1s-1. (B) Influence of solution ionic strength () on k2 for 

𝒆𝒂𝒒
−  reaction with TFA, including data from the present study (⚫) and from Huang et al. (◼) 50 Dashed 

line shows linear  extrapolation between the data sets. 

 

While our fluorinated compound data matches the previous work of Huang et al. and Anbar et al., 

to further validate our measurement protocol, we measured the k2 values for chloroacetates which 

revealed much higher reactivity with 𝑒𝑎𝑞
− : 1.2 × 109 to 10.3 × 109 M-1 s-1 (see Figure A.7). This finding is 

consistent with previous values measured by pulse radiolysis studies (1.2 × 109 and 8.5 × 109 M-1s-1 for 

mono- and trichloroacetate, respectively),86 as well as expectations due to the much weaker C-Cl bonds 

(e.g., 65-85 kcal mol-1)103 compared to C-F bonds (e.g., 110-130 kcal mol-1).104,105 Thus, while 

chloroacetate species (and presumably bromo- and iodo- analogues) react with 𝑒𝑎𝑞
−  at nearly diffusion-
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limited rates, comparable fluoroacetate species are much less reactive and will require extended treatment 

times or higher steady state concentrations of 𝑒𝑎𝑞
−  in practice. 

C3-C4 Fluorocarboxylates. Similar to the C2 structures, the fluorinated C3 and C4 carboxylates 

were much more reactive with 𝑒𝑎𝑞
−  than the non-fluorinated analogues. No consistent trends were 

observed with respect to the effect of complete fluorination on reactivity trends in each group. Although 

the fully fluorinated TFA (C2) was less reactive than the partially fluorinated analogues, the fully 

fluorinated propanoate species, perfluoropropanoate (PFPrA), was among the most reactive of the C3 

fluorocarboxylates, whereas the fully fluorinated PFBA species was among the least reactive of the C4 

fluorocarboxylates. Comparison of the fully fluorinated species shows a reactivity trend of TFA < PFBA 

< PFPrA, but the overall difference in k2 values was only a factor of ~3. In contrast, much larger 

variations were observed when one or more F atoms in PFBA are replaced by H atoms. For example, 

replacement of one F with H at the α-carbon position led to more than a 10-fold increase in k2. 

Interestingly, the same structural change to PFPrA resulted in a 3-fold decrease in k2, whereas 

replacement of both F on the α-carbon with H had no discernable effect. In general, partial replacement of 

F with H in the C4 PFBA structure led to large increases in k2, whereas similar changes in C3 PFPrA 

structure had much more limited, and generally negative, effects on k2. 

Calculation of Molecular Properties. Molecular property descriptors for the thirteen 

fluorocarboxylate target compounds were calculated by DFT (Table A.3) to provide insights into the 

observed trends in measured k2 values. Important properties calculated include ionization potential (IP; 

eV), chemical potential ( ̶ χ; eV), electron affinity (EA; eV), dipole moment (; debye), and 

electrophilicity index (ω; eV). Collectively, the large positive IP values and small negative EA values are 

consistent with molecules in which adding an electron (i.e., reduction) is energetically more favorable 

than removing an electron (i.e., oxidation). This finding supports a growing body of literature that 

indicates that PFASs are more amenable towards reduction than oxidation.106 The EA values for the 

perfluorinated structures (TFA, PFPrA, and PFBA) are also more negative than the others in their chain 

group (C2 vs. C3 vs. C4, respectively), which is to be expected from compounds containing more 

electron-withdrawing constituents. Additionally, across the whole series of compounds, the C4 molecules 

have the largest dipole moment (δ), followed by C3 then C2. This trend follows from the fact that larger 

molecules can accommodate a larger separation of charge. Further chemical interpretations of select DFT 

parameters are provided in Appendix A. 

Bond dissociation energy (BDE; kcal/mol) values for individual C-C and C-F bond as well as 

reduction potential (𝐸𝑠
°; 𝑉) for each C-F bond were also calculated (Figure A.8 and A.9, respectively).  As 

expected, C-F bonds were found to be up to 40 kcal/mol stronger than C-C bonds within the 

fluorocarboxylate structures. It was also found that BDEs of C-F bonds at the α-carbon were about 110 
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kcal/mol, while C-F bonds in the middle of the chain were only slightly higher (112 kcal/mol), and C-F 

bonds at the terminus were significantly higher at about 122 kcal/mol. In addition, C-C bonds at the 

terminus were approximately 10 kcal/mol higher than C-C bonds involving the carboxylate headgroup. 

Reports which calculate molecular properties for ultra-short chain fluorocarboxylates are scarce, however 

some exist and can be used for comparison. BDE values calculated for the C-F bonds of TriFBA (122.7 

kcal/mol) and TFA (116.8 kcal/mol) do agree reasonably well with a recent report by Bentel et al. (124.7 

and 119.3 kcal/mol, respectively).107 The small differences in values likely result from the use of different 

basis sets and level of theory. 𝐸𝑠
° values of C-F bonds show a similar pattern as BDE: C-F bonds attached 

to the α-carbon are more easily reduced than those at the terminus. 

Relation between Bimolecular Rate Constants and Calculated Chemical Properties. Molecular 

properties were analyzed against LFP-derived rate constant to assess the correlation between theoretical 

parameters and experimental values. Figure 2.3 shows correlation scatter plots between the logk2 values 

and each molecular property descriptor. When considering the full list of 13 compounds, there are no 

obvious single descriptor correlations (Figure 2.3A). One interpretation of this lack of correlation between 

computed global properties and experimentally determined rate constants is that the fluorocarboxylates 

considered in this study follow diverging reaction pathways despite limited differences.  

For example, correlation may be more obvious when viewing subgroups of the target analytes 

that are more likely to react with 𝑒𝑎𝑞
−  by a common mechanism, e.g., just the fully perfluorinated species 

(i.e., TFA, PFPrA, PFBA; Figure 2.3B). There is both experimental and theoretical basis for the notion 

that 𝑒𝑎𝑞
−  reduction of perfluorocarboxylates (PFCAs) occurs at the α-carbon resulting in dissociation of an 

α-fluorine.94,102,108 Focusing on the C2 compounds, a similar rationale of 𝑒𝑎𝑞
−  attachment and F- 

dissociation at the α-position can be made as there are no other C-F positions available (i.e., no β- or γ-

positions). Therefore, it is possible that PFCAs and the C2 compounds react via a common mechanism 

and therefore would correlate more strongly with one or more molecular descriptor (Figure 2.3C). While 

Figure 2.3C does show potential correlations with a number of descriptors, particularly for chemical 

potential ( ̶ χ), the small number of analytes in the subgroup prevent more definitive conclusions. The 

remainder of the dataset includes C3-C4 polyfluorinated carboxylates (Figure 2.3D) for which literature 

on site of 𝑒𝑎𝑞
−  attachment is not currently available. Inspection of this subgroup exhibits substantial 

scatter, however, semiquantitative correlation with dipole moment (δ) can be observed. In-depth 

mechanistic insights of both per- and polyfluorinated carboxylates are provided in the next section. 
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Figure 2.3 Scatter correlation plots between measured logk2 values and DFT-calculated molecular 

descriptors for (A) all compounds, (B) perfluorinated carboxylates only (●), (C) perfluorinated and C2 

carboxylates (), and (D) polyfluorinated carboxylates only (). 
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 Mechanistic Insights. As previously mentioned, there is growing consensus that reduction of fully 

fluorinated PFCAs is initiated by 𝑒𝑎𝑞
−  insertion at the α-carbon,94,102,108 but less is established about 

reduction of partially fluorinated polyfluorinated carboxylates. Three elementary reaction mechanisms 

which could describe the initiation of fluorocarboxylate reduction by 𝑒𝑎𝑞
−  are concerted, associative, and 

stepwise cleavage mechanisms, which are described by equations (Eq 2.1), (Eq 2.2), and (Eq 2.3), 

respectively.109 

 𝑅𝐶 − 𝐹 + 𝑒𝑎𝑞
− → 𝑅𝐶 ∙ + 𝐹− (2.1) 

 𝑅𝐶 − 𝐹𝑛 + 𝑒𝑎𝑞
− → [𝑅𝐶 − 𝐹] 𝑛−1  (2.2) 

 𝑅𝐶 − 𝐹𝑛 + 𝑒𝑎𝑞
− ↔ [𝑅𝐶 − 𝐹] 𝑛−1 → 𝑅𝐶 ∙ + 𝐹− (2.3) 

Of particular interest are the associative and stepwise reaction mechanisms since concerted pathways are 

more common in compounds containing weak C-X bonds which are unable to hold the 𝑒𝑎𝑞
−   (e.g., X = Br 

and I, depicted in Eq. 2.1). Associative mechanisms occur when 𝑒𝑎𝑞
−  irreversibly reacts with a bond that is 

strong enough to hold an extra electron (Eq. 2.2). This forms an anionic radical species which does not 

necessarily result in bond cleavage. The stepwise mechanism is initiated by a barrierless, single-electron 

transfer (SET) step which ensues the formation of an intermediate radical anion (Eq. 2.3). This species is 

resonance stabilized by the π-system of the carboxylate functional group allowing the spin density to 

eventually accumulate at the site of defluorination and bond cleavage follows.102 

Recently, Daily et al. did an in-depth, thermodynamic study that suggests which mechanism 

various compounds will undergo upon reaction with 𝑒𝑎𝑞
− .109 For MFA, TFA, and PFBA, the authors 

confirm reduction via a stepwise mechanism (PFBA shown below in Scheme 2.1A for example). While 

this study did not include C3-C4 polyfluorinated carboxylates, we posit that most of the compounds in 

our dataset have the functionality to undergo either associative or stepwise mechanisms due to the 

presence of both strong bonds able to hold an extra electron (associative) and a carboxylate functional 

group able to stabilize the radical anion species pre-bond cleavage (stepwise). To determine which 

mechanism each compound is most likely to undergo requires either an exhaustive computational study to 

obtain 𝐸𝑠
° on all possible reaction sites for each mechanism or the use of methods such as ab initio 

molecular dynamics (AIMD) simulations which are outside the scope of this study. Rather, this study 

serves to provide accurate rate constants of fluorocarboxylate compounds and highlight potential 

mechanisms which could prove consequential in implementing 𝑒𝑎𝑞
−  ARPs in practice. 
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Scheme 2.1 Proposed mechanism for the initial reduction events involving (A) stepwise C-F bond 

cleavage for PFBA, (B) stepwise C-F bond cleavage for TriFBA, and (C) associative deactivation of 𝒆𝒂𝒒
−  

for TriFBA. BDEs of bonds of interest are provided in blue in units of kcal/mol. 

 

 

Two compounds which stand out as not containing functionality to support both mechanisms 

include the fluorotelomer carboxylic acids (FTCAs) TriFBA and TriFPrA. In FTCAs, the carbon adjacent 

to the carboxylate headgroup is not fluorinated, and so 𝑒𝑎𝑞
−  insertion cannot occur at the α-carbon (recall 

that 𝑒𝑎𝑞
−  is unreactive towards acetate, propanoate, and butanoate). Further, a recent study utilizing AIMD 

simulations reported that upon insertion, 𝑒𝑎𝑞
−  localizes in specific vicinities in PFAS compounds rather 

than delocalizing over the entire molecule.102 Therefore, 𝑒𝑎𝑞
−  insertion and localization in FTCAs occurs at 

positions other than the α-carbon, so these compounds are unable to impart the same π stabilization as 

those containing fluorine on the α-carbon. Scheme 2.1B depicts a hypothetical case in which a FTCA 

(TriFBA used for example) degrades via the stepwise mechanism. The radical anion formed is unstable 

(structure ii in Scheme 2.1B), so this pathway is unlikely to occur. Scheme 2.1C depicts the alternative 

case in which a FTCA (TriFBA used again for example) reacts via the associative mechanism. Here, the 

strong C-F bond of FTCAs holds on to the extra electron without necessarily resulting in cleavage. As a 

result, fast quenching of the 𝑒𝑎𝑞
−  as measured by LFP (structure ii represented in Scheme 2.1C) may not 

reflect the much lower rate at which degradation of the FTCA parent structure occurs,107 i.e., through 

slower C-F or C-C bond cleavages (potential structure iii in Scheme 2.1C). We note that the mechanistic 
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insights provided here are focused on elucidating steps involving 𝑒𝑎𝑞
−  attachment to fluorocarboxylate and 

those immediately after, not necessarily pathways which could occur downstream of the initial reduction 

event (i.e., organic radical recombination of, for example, structure iv in Scheme 2.1A). 

As previously mentioned, replacement of F atoms with H atoms in C4 fluorocarboxylates resulted 

in a stark increase in k2 value for all substituted compounds. For example, TriFBA was almost 7x more 

reactive than PFBA. This is counter to trends found in UV-sulfite constant irradiation studies where 

Bentel et al. reported a half-life for PFBA of approximately 2 h (10 mM sulfite solution buffered at pH 

9.5 and irradiated with an 18 W LP Hg light source), whereas TriFBA is only degraded ~10% within 48 h 

under the same conditions.107 The reason for this inconsistency is attributed to differences in the 

underlying mechanisms by which each compound reacts with 𝑒𝑎𝑞
− . TriFBA is proposed to react via an 

associative mechanism (rapid uptake of 𝑒𝑎𝑞
− , but slow C-F cleavage), whereas PFBA reacts by stepwise 

mechanism (uptake of 𝑒𝑎𝑞
−  and subsequent C-F cleavage occur on similar timescales). LFP measures 𝑒𝑎𝑞

−  

quenching explicitly, so it only reflects the initial uptake of 𝑒𝑎𝑞
−  by the fluorocarboxylate substrate. For 

compounds reacting by stepwise mechanism, this also reflects the rate of fluorocarboxylate degradation, 

but this may not be the case for compounds reacting by associative mechanism. Constant UV irradiation 

experiments, on the other hand, measure parent compound decay and therefore reflect compound 

degradation steps (e.g., C-F cleavage) that may be delayed compared to reaction with 𝑒𝑎𝑞
−   for compounds 

reacting by associative mechanisms. These findings are critical in that they highlight the plausibility of 

non-degradative mechanisms in polyfluorinated carboxylates. 

 

2.5 Conclusions 

Hydrated electron (𝑒𝑎𝑞
− ) based ARPs are promising for treating recalcitrant pollutants such as 

PFAS, however, most studies are conducted in constant irradiation systems where only apparent rates of 

degradation and defluorination are able to be observed. More fundamental parameters, such as 

bimolecular rate constants (k2) of 𝑒𝑎𝑞
−  with target compounds, are critical for evaluating and modeling 

efficacy of UV-ARPs across various environments. To our knowledge, only three reports in literature 

have provided k2 values for the reaction between 𝑒𝑎𝑞
−  and PFAS, and none exist for polyfluorinated 

compounds. Here, we report k2 values for thirteen ultra-short chain fluorocarboxylates which will serve as 

critical inputs in a comprehensive photochemical model for important treatment applications such as UV-

sulfite and provide mechanistic insights into the reductive degradation of per- vs. polyfluorinated 

compounds. Results from this study highlight that subtle structural changes in fluorocarboxylates can 

yield vast differences in both reduction kinetics and controlling degradation pathways. Calculated 

molecular descriptors do not show a clear overall trend with observed k2 values, suggesting the need for 
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more exhaustive dynamic simulation studies to probe the differences in reaction mechanisms. In light of 

recently proposed possible reaction mechanisms and observed rate constants, it is also recognized that 

many ubiquitous polyfluorinated structures likely undergo non-degradative mechanisms, posing an 

additional challenge for treating sites contaminated by diverse PFAS mixtures. 
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CHAPTER 3  

INFLUENCE OF CARBONATE SPECIATION ON HYDRATED  

ELECTRON TREATMENT PROCESSES 

 

Based on a paper submitted to Environmental Science & Technology. 

Camille K. Amador1,2, Haden Cavalli2, Raul Tenorio1, Christopher P. Higgins1, Shubham Vyas2, and 

Timothy J. Strathmann1 

 

3.1 Abstract 

Advanced reduction processes (ARPs) that generate hydrated electron (𝑒𝑎𝑞
− ; e.g., UV-sulfite) have 

emerged as a promising remediation technology for recalcitrant water contaminants, including per- and 

polyfluoroalkyl substances (PFASs). The effectiveness of ARPs in different natural water matrices is 

determined, in large part, by the presence of non-target water constituents that act to quench 𝑒𝑎𝑞
−  or shield 

incoming UV photons from the applied photosensitizer. This study examined the pH-dependent 

quenching of 𝑒𝑎𝑞
−  by ubiquitous dissolved carbonate species (H2CO3

*, HCO3
-, CO3

2-), and quantified the 

relative importance of carbonate species to other abundant quenching agents (e.g., H2O, H+, HSO3
-, O2(aq)) 

during ARP applications. Analysis of laser flash photolysis (LFP) kinetics data in relation to pH-

dependent carbonate acid-base speciation yields species-specific bimolecular rate constants for 𝑒𝑎𝑞
−  

quenching by H2CO3
*, HCO3

-, and CO3
2- (𝑘𝐻2𝐶𝑂3∗ = 2.23 ± 0.42 × 109 M-1 s-1, 𝑘𝐻𝐶𝑂3

− = 2.18 ± 0.73 × 106 

M-1s-1, 𝑘𝐶𝑂3
2− = 1.05 ± 0.61 × 105 M-1s-1), with quenching dominated by H2CO3

* (which includes both 

CO2(aq) and H2CO3) at moderately alkaline pH conditions despite it being the minor species. Attempts to 

apply previously reported rate constants for 𝑒𝑎𝑞
−  quenching by CO2(aq), measured in acidic solutions 

equilibrated with CO2(g), overpredict quenching observed in this study at higher pH conditions typical of 

ARP applications. Moreover, kinetics simulations reveal that pH-dependent trends reported for UV-sulfite 

ARPs that have often been attributed to 𝑒𝑎𝑞
−  quenching by varying [H+] can instead be ascribed to variable 

acid-base speciation of dissolved carbonate and the sulfite sensitizer. 

 
1Department of Civil and Environmental Engineering, Colorado School of Mines, Golden, CO 
2Department of Chemistry, Colorado School of Mines, Golden, CO 
3Haley and Aldrich, Phoenix, AZ (Current Affiliation) 
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3.2 Introduction 

Advanced reduction processes (ARPs) are a class of water treatment technologies that integrate 

activation methods (e.g., UV light, ultrasound) with reduced species (e.g., sulfite, dithionite) to generate 

reductive radicals that are highly reactive with many aquatic contaminants.110 Remediation strategies 

employing ARPs are emerging as promising options for chemicals that are resistant to oxidation, 

including per- and polyfluoroalkyl substances (PFASs), chlorinated solvents (e.g., trichloroethylene), and 

toxic oxyanions (e.g., ClO4
-, BrO3

-, CrO4
2-).42–44,111–114 Among ARPs, UV photochemical processes that 

generate hydrated electrons (𝑒𝑎𝑞
− ) have received growing attention due to their potential for degrading 

highly recalcitrant PFASs.115 Absorption of UV photons of sufficient energy by an appropriate 

photosensitizer species (e.g., sulfite, iodide, ferrocyanide) leads to electron ejection into the bulk solvent 

forming 𝑒𝑎𝑞
− , a powerful reductant (EH

0 = -2.9 V).45,46 Practical remediation applications have focused on 

UV activation with sulfite (SO3
2-) salts due to their low cost as well as the non-toxicity and ubiquity of the 

byproduct sulfate in natural water systems. Moreover, sulfite has the added benefit of scavenging 

dissolved oxygen,63 a known quencher of 𝑒𝑎𝑞
−  (k2 = 1.9 × 1010 M-1s-1),62 and has an extensive history of 

use at wastewater treatment facilities for dechlorination of treated wastewater before discharging.61 

While 𝑒𝑎𝑞
−  is a strong reductant that is able to react with many contaminants of concern, it is also 

a transient species (lifetime ~10-6 s )116,117 that is rapidly quenched by water and other non-target 

constituents commonly measured in groundwater, including O2(aq), H+, and NO3
-.118–120 As a result, the 

effectiveness of UV-sulfite and other ARPs in treating target contaminants is highly dependent on 

sourcewater composition and difficult to predict a priori. Applications involving 𝑒𝑎𝑞
−  for contaminant 

remediation typically require adjustment of pH to alkaline conditions (e.g., pH  9),121 often assumed to 

be a requirement to limit 𝑒𝑎𝑞
−   quenching by H+ (2.3 × 1010 M-1s-1).51,62,66 In fact, Bentel and co-workers 

recently reported that UV-sulfite treatment of PFASs is dramatically accelerated by increasing pH to 12.95 

Whereas ~85% defluorination of trifluoroacetate (TFA) was observed after 24 h of reaction at pH 9.5, 

complete defluorination was observed within 4 h at pH 12.95  

Although pH-dependent trends have often been attributed solely to changes in 𝑒𝑎𝑞
−  quenching by 

H+,66,95,121 quantitative analysis of reactivity trends does not support this conclusion. For example, our 

recent  work using laser flash photolysis (LFP) demonstrated invariance of 𝑒𝑎𝑞
−  lifetime from 9 < pH < 12, 

suggesting that H+ itself is not a significant 𝑒𝑎𝑞
−  quencher at these pH conditions.122 Additional work has 

highlighted the potential importance of weak acids as alternative quenchers of 𝑒𝑎𝑞
−  in both laboratory-

prepared solutions and real-world water matrices.68,123 Weak acids exhibit pH-dependent changes in 

speciation that could influence rates of contaminant degradation observed in different solution matrices. 
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For example, Maza and coworkers recently showed that HSO3
-, the conjugate acid species of the sulfite 

photosensitizer (pKa 7.2),63,124 is a significant quencher of  𝑒𝑎𝑞
−   (1.2 × 108 M-1s-1)68 that will inhibit 

contaminant reactions to varying degrees during UV-sulfite treatment applications, depending on pH 

conditions. 

Perhaps the most ubiquitous weak acids in natural water systems are carbonate species that are in 

equilibrium with atmospheric CO2(g) (e.g., H2CO3
* and HCO3

-) and are a dominant pH buffer of natural 

water systems. Moreover, carbonate has been widely used in laboratory ARP studies to buffer pH 

conditions,85,95,107,125 and the results of a recent study show that increasing carbonate concentrations inhibit 

defluorination of perfluorooctanoic acid (PFOA) by 𝑒𝑎𝑞
− .64 While past reports of 𝑒𝑎𝑞

−  quenching by HCO3
- 

(<106 M-1s-1)126 and CO3
2- (3.9 × 105 M-1s-1)47 suggest such species are unlikely to inhibit contaminant 

reactions with 𝑒𝑎𝑞
−  when present at environmentally relevant concentrations, dissolved CO2 has been 

reported to react with 𝑒𝑎𝑞
−  at near diffusion-limited rates (7.7 × 109 M-1s-1)127. However, it remains unclear 

whether CO2(aq) (the major contributor to H2CO3
*), a minor contributor to dissolved carbonate speciation 

at pH conditions typical of ARP applications, contributes significantly to 𝑒𝑎𝑞
−  scavenging treatment 

processes. Past reports of 𝑒𝑎𝑞
−  reactions with carbonate assumed quenching by single species, ignoring 

potential for simultaneous reactions with different (and otherwise minor) acid-base carbonate species that 

are in equilibrium with the species that predominates at a given pH condition. Thus, given the ubiquity of 

dissolved carbonate in natural water matrices, a more comprehensive study of 𝑒𝑎𝑞
−  quenching over a range 

of pH conditions typical of ARP applications that carefully quantifies the effects of changing acid-base 

driven carbonate speciation is warranted. Accurate rate constants for 𝑒𝑎𝑞
−  reactions with individual 

carbonate species will be critical inputs for comprehensive kinetic models for ARP remediation 

applications that require a full accounting of sources and sinks of 𝑒𝑎𝑞
−  in different water matrices. 

In this study, we report on the effects of dissolved carbonate concentration and speciation on 𝑒𝑎𝑞
−  

reactions. The inhibitory effect of dissolved carbonate on UV-sulfite treatment of perfluorooctane 

sulfonate (PFOS), a highly recalcitrant PFAS, was first confirmed and compared with recent reports for 

PFOA. LFP experiments were then conducted to quantify 𝑒𝑎𝑞
−  quenching by dissolved carbonate over a 

range of pH conditions (pH 5 – 12), and the resulting data were quantitatively analyzed in terms of 

changing acid-base carbonate speciation. Finally, species-specific bimolecular rate constants derived from 

this effort were then applied to quantify the potential contribution of dissolved carbonate species relative 

to other documented quencher species present during treatment applications, including H+ and HSO3
-. 
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3.3 Materials and Methods 

Chemicals. A full list of chemicals used are provided in Appendix B. All stock solutions were 

prepared inside an anaerobic chamber (Coy Lab Products; 97% N2, 3% H2) using deoxygenated deionized 

water prepared as described in Appendix B.  

Constant irradiation experiments. UV-sulfite reaction of PFOS was measured in solutions 

amended with varying concentrations of dissolved carbonate. Experiments were conducted using a light 

source and reactor described previously.85 A solution containing 70 g/L PFOS and sulfite (3 mM 

Na2SO3) was buffered at pH 10.0 (5 mM sodium tetraborate) and amended with 0 – 25 mM NaHCO3. To 

eliminate 𝑒𝑎𝑞
−  scavenging by dissolved oxygen, solutions were deoxygenated by sparging with N2(g) for 1 

h before introducing PFOS and sulfite to initiate UV reactions. Sample aliquots were collected at pre-

determined time intervals to measure changing PFOS concentrations which were measured by liquid 

chromatography with tandem mass spectrometry (LC-MS/MS) using procedures and instrumentation 

described elsewhere.128 Solution pH was re-measured after the reaction was completed to evaluate any pH 

drift during experiments. Additional details on reaction solution preparation and analysis are described in 

Appendix B. 

LFP experiments. Transient absorption spectra at 690 nm were collected (LP980 

spectrophotometer equipped with an ICCD camera and photomultiplier tube, Edinburgh Instruments) to 

quantify the kinetics of 𝑒𝑎𝑞
−  quenching in solutions amended with varying sodium bicarbonate 

concentrations (0 – 500 mM) and adjusted to varying pH conditions (5.0 – 12.0). Generation of 𝑒𝑎𝑞
−  was 

achieved by irradiating a solution of K4Fe(CN)6 (40 µM) and K3Fe(CN)6 (10 µM) with an 8-10 mJ laser 

pulse (Surelite EX Nd:YAG laser, Continuum; details described elsewhere).122 Ten transient spectra were 

measured and averaged for each of solution. Unless otherwise noted, individual solutions containing 

K4Fe(CN)6, K3Fe(CN)6, the desired bicarbonate concentration, and NaCl (added to fix ionic strength near 

0.5 M) were prepared in 50 mL polypropylene centrifuge tubes and adjusted to the desired pH condition 

using either 1 M HCl or NaOH. Three replicate 2.75 mL aliquots of each solution were then transferred to 

individual quartz cuvettes (Innovative Lab Supply) and sealed before they were removed from the 

anaerobic chamber and subjected to LFP measurement. Stern-Volmer analysis of the change in 𝑒𝑎𝑞
−  

lifetime (τ) for all 15 measurements was used to determine the pH-dependent kapp value. Further details on 

solution preparation can be found in Appendix B. 

A separate LFP experiment was conducted to measure 𝑒𝑎𝑞
−  quenching by dissolved H2CO3

* 

(which includes both CO2(aq) and H2CO3) under acidic pH conditions. A stock solution of 31.8 mM 

H2CO3
* was prepared inside the anaerobic chamber by sparging deionized water with 1 atm CO2(g) 

overnight; H2CO3
* concentration was estimated using the Henry’s Law constant for CO2(g) (3.4 × 10-2 
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mol/kg.bar at 20C).129 Aliquots of varying volume from this stock solution were mixed in a cuvette with 

solution containing K4Fe(CN)6, K3Fe(CN)6, and electrolyte and then immediately sealed with minimal 

headspace (3.5 mL total) before removing from the glovebox for LFP analysis of 𝑒𝑎𝑞
−  lifetimes. Replicate 

solutions were prepared in larger centrifuge tubes to measure pH of the solution before the reaction, and 

the 3.5 mL samples were pooled post reaction to measure the pH after LFP analysis. 

Analysis and modeling. PFOS degradation kinetics observed in constant irradiation experiments 

followed a pseudo-first-order rate law, and corresponding rate constants (kobs, h-1) were determined by 

least-squares fit of the model to measurements. Apparent bimolecular rate constants for 𝑒𝑎𝑞
−  quenching by 

dissolved carbonate species at each pH condition (kapp, M-1 s-1) were derived from LFP data using Stern-

Volmer analyses of the changes in 𝑒𝑎𝑞
−  lifetimes (τ) as a function of total dissolved carbonate 

concentration (CT,CO3). Equilibrium acid-base speciation of dissolved carbonate and sulfite were 

calculated using Visual MINTEQ (Ver 3.1). MINTEQ calculations assumed an ionic strength of 0.5 M for 

LFP experiments, 0.05 M for the constant irradiation experiments, and a temperature of 20 °C for both. 

Species-specific carbonate-𝑒𝑎𝑞
−  bimolecular rate constants were then determined by least-squares fits of 

the trends in measured kapp values in relation to carbonate speciation (Scientist Ver 3.0, Micromath 

Research). Scientist was also used to rule out the potential kinetic limitations of carbonate species 

interconversion reactions to the observed kinetics of 𝑒𝑎𝑞
−  quenching. 

 

3.4 Results and Discussion 

Effect of dissolved carbonate on PFAS degradation. Here, we first re-visited the effects of 

dissolved carbonate on the kinetics of 𝑒𝑎𝑞
−  ARP PFAS degradation by examining treatment of PFOS 

during UV-sulfite treatment, a commonly applied ARP. In the absence of carbonate, UV-sulfite treatment 

of PFOS with 3 mM sulfite (pH 10.0) yielded a 𝑘𝑜𝑏𝑠 value of 0.237 ± 0.031 h-1. This value dropped by 

>25% (0.154 ± 0.035 h-1) and >50% (0.105 ± 0.027 h-1) when 1 and 5 mM total dissolved carbonate, 

respectively, were added to the solution and pH was kept constant (Figure 3.1). These decreases in kobs are 

particularly noteworthy since mM concentrations have often been applied to buffer pH in previous studies 

examining UV-sulfite treatment of PFASs.85,95,107,125 Moreover, this highlights that environmentally 

relevant concentrations of dissolved carbonate can inhibit PFAS degradation. Additionally, the pseudo 

first-order reaction rate constant (kobs; h-1) obtained here for 5 mM added carbonate is not far off from 

previous reports by Tenorio and coworkers at similar conditions (0.080 ± 0.005 h-1).85 Further increases in 

carbonate concentration led to greater inhibition, where kobs = 0.066 ± 0.024 h-1 when 25 mM carbonate 

was added.  
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These findings are also consistent with earlier reports noting inhibited rates of PFAS treatment by 

𝑒𝑎𝑞
−  ARPs. Ren et al. investigated the effect of carbonate, as well as other common, co-existing anions, on 

degradation and defluorination of PFOA, a commonly studied long-chain perfluoroalkyl carboxylic 

acid.64 In the absence of carbonate, nearly 100% degradation of PFOA was observed within 1 h, while 

only about 55% of PFOA was degraded during the same time in the presence of 5 mM added carbonate, 

the lowest concentration studied. Not only was carbonate found to inhibit parent compound degradation, 

but it also decreased the extent of PFOA defluorination from nearly 90% (0 mM) to ~60% (5 mM) after 

24 h. Further increases in carbonate concentration, up to 25 mM, led to further inhibition. 

 

 
Figure 3.1 Effect of dissolved carbonate on the observed rate constant for PFOS degradation during UV-

sulfite treatment. Reaction conditions: [PFOS]initial = 70 µg/L, 3 mM Na2SO3, irradiation with LP-Hg light 

source, pH 10.0 (5 mM borate buffer), 20C. Error bars represent duplicate measurement-derived 

standard deviations.  
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Laser Flash Photolysis Measurements. The progressive inhibition of PFOS degradation observed 

with increasing total dissolved carbonate is consistent with competitive scavenging of the reactive 𝑒𝑎𝑞
−  by 

this solution component. Given the ubiquity of carbonate species in natural water matrices, this warrants 

further investigation to better predict its influence on treatment efficacy. LFP kinetic traces collected for 

𝑒𝑎𝑞
−  quenching in solutions buffered at pH 9.3 and varying concentrations of carbonate are provided in 

Figure 3.2A (traces for all other pH conditions provided in Appendix B). Following excitation, 

absorbance values at 690 nm (characteristic of 𝑒𝑎𝑞
− 49) increase to an initial optical density (OD) value of 

~0.05. Applying Beer’s law and reported molar absorptivity for  𝑒𝑎𝑞
−  at 690 nm (20560 M-1 cm-1),50,55 each 

laser pulse generated an initial  𝑒𝑎𝑞
−  concentration of ~2.4 M. Absorbance then decays on a µs timescale 

and was accelerated by addition of increasing concentrations of total dissolved carbonate. Rate constants 

were determined in a similar fashion as our previous study,122 and results of the replicate measurements 

were found to be highly reproducible. Briefly, lifetime of the transient 𝑒𝑎𝑞
−  species (τ; ns) were analyzed 

using a Stern-Volmer type relationship (i.e., 1/τ vs. 𝐶𝑇,𝐶𝑂3
; Figures 3.2B-C) to derive apparent 

bimolecular rate constants (𝑘𝑎𝑝𝑝; M-1s-1) for 𝑒𝑎𝑞
−  reactions with dissolved carbonate at each pH condition. 

Table 3.1 summarizes 𝑘𝑎𝑝𝑝 measured at various pH conditions from pH 5.0 – 12. 

The results of these experiments show that values of kapp increase dramatically with decreasing 

pH conditions, with values increasing from <2 × 105 M-1 s-1 at pH 12.0 to 4.63 (±0.13) × 109 M-1 s-1 for 

pH 5-5.5 prepared by equilibrating solutions with CO2(g) (Figure 3.2C). This trend is attributed to changes 

in the acid-base speciation of the dissolved carbonate species. The predominance of 𝑒𝑎𝑞
−  quenching by 

carbonate species is further supported by the fact that the measured lifetimes for 𝑒𝑎𝑞
−  (τ; µs) in the absence 

of added carbonate show little change in value between pH 5.8 and 12.0 (Figure B.1), highlighting that 

H+, which varies 10-fold in concentration for each integer change in pH, is not a major quencher species 

compared to the solvent and the photosensitizer species. It follows that dissolved carbonate and its 

speciation may be determinative factors in the reported pH dependencies of 𝑒𝑎𝑞
− -based ARPs,64,81,95 rather 

than variable [H+]. 
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Figure 3.2 (A) Kinetic transient absorption traces for 𝒆𝒂𝒒

−  decay (measured at 690 nm) at pH 9.3 in 

solutions amended with varying concentrations of dissolved carbonate prepared from NaHCO3. Solution 

conditions: 40 µM K4Fe(CN)6, 10 µM K3Fe(CN)6, ionic strength = 0.47 M (balanced using NaCl). (B) 

Stern-Volmer plots for selected pH conditions generated from model fits of the traces to determine 𝒆𝒂𝒒
−  

lifetimes in each solution (results for all pH conditions provided in SI). (C) Stern-Volmer plot for acidic 

solutions (pH 5.0 – 5.5) prepared by equilibrating CO2(g) with aqueous solutions then adding K4Fe(CN)6, 

K3Fe(CN)6 and NaCl. Individual kinetic traces in panel (A) represent the average of the triplicate 

measurements, and error bars in panels (B) and (C) represent one standard deviation based upon triplicate 

measurements. Apparent rate constants derived from Stern-Vomer analyses provided in Table 3.1. 
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Table 3.1 Summary of 𝒌𝒂𝒑𝒑 values determined at various pH conditions using LFP along with 

corresponding α values at each condition determined using Visual MINTEQ at ionic strength (μ) of 

0.5 M and temperature fixed at 20 °C. 

pH μ 

(M) 

𝑪𝑻,𝑪𝑶𝟑

𝒎𝒂𝒙 (M) 𝜶𝟎 𝜶𝟏 𝜶𝟐 kapp (M-1s-1) 

12.0 0.54 0.33 1.47 × 10-8 0.009 0.991 1.54 (±1.13) × 105 

11.0 0.52 0.33 1.36 × 10-6 0.086 0.914 1.81 (±1.08) × 105 

10.3 0.50 0.23 2.54 × 10-5 0.321 0.679 5.91 (±2.30) × 105 

9.8 0.45 0.44 1.50 × 10-4 0.599 0.401 1.37 (±0.11) × 106 

9.5 0.46 0.47 3.73 × 10-4 0.748 0.251 3.62 (±0.13) × 106 

9.3 0.47 0.46 6.52 × 10-4 0.825 0.175 5.18 (±0.12) × 106 

8.8 0.49 0.49 2.34 × 10-3 0.935 0.063 1.34 (±0.04) × 107 

8.3 0.50 0.49 7.69 × 10-3 0.972 0.021 2.99 (±0.04) × 107 

7.8 0.50 0.50 0.024 0.969 6.49 × 10-3 5.54 (±0.15) × 107 

7.3 0.47 0.45 0.073 0.925 1.96 × 10-3 1.02 (±0.03) × 108 

6.8 0.55 0.05 0.200 0.800 5.35 × 10-4 2.45 (±0.15) × 108 

6.3 0.56 0.05 0.442 0.558 1.18 × 10-4 6.65 (±0.32) × 108 

5.8 0.50 0.01 0.714 0.286 1.91 × 10-5 1.13 (±0.09) × 109 

5.0-5.5a 0.47 0.0014 0.94-0.83 0.06-

0.17 
<6 × 10-6 4.63 (±0.13) × 109 

aSolution pH varied from 5.0 to 5.5 as concentration of H2CO3
* stock solution, prepared by equilibrating water with 

1 atm CO2(g), added to unbuffered solution increased.  

 

Quantitative analysis of kinetics in terms of carbonate speciation. Figure 2.3 shows the measured 

values of kapp as a function of pH along with fits of a model that assumes parallel reactions of 𝑒𝑎𝑞
−  with 

different species of dissolved carbonate. As a diprotic acid, dissolved carbonate speciation can be 

described by acid dissociation constants: 

 𝐻2𝐶𝑂3
∗ ⇄ 𝐻+ + 𝐻𝐶𝑂3

−; 𝑝𝐾𝑎1
= 6.35 (3.1) 

 𝐻𝐶𝑂3
− ⇄ 𝐻+ + 𝐶𝑂3

2−;  𝑝𝐾𝑎2
= 10.33 (3.2) 

Therefore, speciation shifts from predominantly H2CO3
* (which includes both CO2(aq) and H2CO3, with 

the former accounting for >99% of the total) at the lowest pH conditions examined, to predominantly 

HCO3
- at pH conditions between the two pKa values, and finally to predominantly CO3

2- at the highest pH 

conditions examined (Figure B.2 in Appendix B). It is in line with the observed pH-dependence of 

kinetics trends, that 𝑒𝑎𝑞
−  reactivity follows H2CO3

* > HCO3
- > CO3

2-.  If we consider that 𝑒𝑎𝑞
−  reacts in 

parallel with individual carbonate species, we can formulate a relationship between kapp and the species-

specific bimolecular rate constants (𝑘𝐻2𝐶𝑂3∗, 𝑘𝐻𝐶𝑂3
−, and 𝑘𝐶𝑂3

2−, M-1 s-1): 

 𝑘𝑎𝑝𝑝 = 𝑘𝐻2𝐶𝑂3
∗𝛼0 + 𝑘𝐻𝐶𝑂3

−𝛼1 + 𝑘𝐶𝑂3
2−𝛼2 (3.3) 

 

where the  values represent the fractional contribution of the corresponding species to total dissolved 

carbonate. Attempts to apply the model described in Eq. 3.3 using literature values of 𝑘𝐻2𝐶𝑂3∗ (7.7 × 109 
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M-1s-1),130  𝑘𝐻𝐶𝑂3
− (6 × 105 M-1s-1),126 and 𝑘𝐶𝑂3

2− (3.9 × 105 M-1s-1)47,130,131 reported by separate 

investigators was unsuccessful. Although the general trend of increasing reactivity with deceasing pH is 

predicted, the modeled kapp values over-predict measurements by up to a factor ~2 over the entire pH 

range examined (Figure 3.3, dashed line). The overprediction may result from the fact that past studies 

measuring carbonate reactivity with 𝑒𝑎𝑞
−  only considered contributions from a single species in each 

study. Most importantly, model predictions are dominated by extrapolation of the reported 𝑘𝐻2𝐶𝑂3∗ value 

measured under acidic pH conditions to much higher pH conditions that are representative of conditions 

used for ARPs in practice (e.g., pH > 9). 

Re-fitting of Eq. 3.3 to the measured kapp values in this study yields updated values for 𝑘𝐻2𝐶𝑂3∗ = 2.23 (± 

0.42) × 109 M-1 s-1, 𝑘𝐻𝐶𝑂3
− = 2.18 (± 0.73) × 106 M-1s-1, and 𝑘𝐶𝑂3

2− = 1.05 (± 0.61) × 105 M-1s-1) that more 

closely match the observed 𝑒𝑎𝑞
−  quenching over the full range of pH conditions (Figure 3.3, bold line). 

Comparing these species-specific values reveals that 𝑘𝐻2𝐶𝑂3∗ derived from fitting the pH-dependent data 

is >3-fold lower than that measured at acidic conditions alone (7.7 × 109 M-1s-1),130 whereas 𝑘𝐻𝐶𝑂3
− and 

𝑘𝐶𝑂3
2− are >3-fold higher and lower, respectively, than the values reported previously (6 × 105 M-1s-1 and 

3.90 × 105 M-1s-1)47,131. We hypothesize that the differences result largely from the assumption in earlier 

studies that the carbonate species in question was the sole quencher of 𝑒𝑎𝑞
− . For example, the value for 

𝑘𝐶𝑂3
2− was measured at pH 11.4 where CO3

2- accounts for 93% of CT,CO3, but contribution of HCO3
- to the 

rate constant was not considered despite this species accounting for 7% of CT,CO3 and being 20-fold more 

reactive than CO3
2-.47,62 In addition, no mention is made of the pH at which the value for 𝑘𝐻𝐶𝑂3

− was 

measured.131 Additional factors responsible may include differences in ionic strength or temperature. We 

employed a high ionic strength (0.5 M) to ensure that this parameter was constant when varying added 

NaHCO3 (up to 0.50 M) during LFP experiments. That is, electrolyte (NaCl) was added as an offset when 

low NaHCO3 was employed and omitted when NaHCO3 was high. Failure to specifically account for this 

variable in earlier studies may also have affected the resulting rate constant values. 
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Figure 3.3 Effect of pH on measured and model-predicted apparent rate constants for 𝒆𝒂𝒒

−  reaction with 

dissolved carbonate species. Simulated contributions of H2CO3
* (2.23 × 109 M-1 s-1; beveled orange line), 

HCO3
- (2.18 × 106 M-1 s-1; beveled blue line), and CO3

2- (1.05 × 105 M-1 s-1; beveled green line) to the 

overall quenching (solid black line) are also shown. Dashed black line shows model predictions using rate 

constants previously reported in literature.47,130,131 

 

Figure 3.3 also illustrates the relative contributions of individual carbonate species to net 

quenching of 𝑒𝑎𝑞
−  at different pH conditions. This shows that H2CO3

* is the dominant quencher species at 

pH < 9 despite the fact that it is a minor contributor to carbonate speciation at pH > 6.35. The dominance 

of quenching by H2CO3
* at pH < 9 is further highlighted by the fact that all the individual measured 𝑒𝑎𝑞

−  

measurements at these pH conditions (40 different data points at varying concentration and pH 

conditions) fall onto a single Stern-Volmer type plot when the x-axis is re-defined by the calculated 

concentration of H2CO3
* (Figure B.3) rather than total dissolved carbonate (CT,CO3). It is also notable that 

the resulting kapp value derived from this data set (1.42 (± 0.04) × 109 M-1s-1) is similar to the value of 

𝑘𝐻2𝐶𝑂3∗ obtained from fitting the pH-dependent kapp data set with Eq. 3.3. Nevertheless, ARP applications 

are most often being conducted at pH  9, where HCO3
- is a major contributor to 𝑒𝑎𝑞

−  quenching and 

cannot be ignored. For example, this analysis indicates that HCO3
- is responsible for 85% of the carbonate 

inhibition of PFOS degradation rates observed in Figure 3.1. 
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Reaction mechanisms. Model fits are consistent with 𝑒𝑎𝑞
−  quenching by H2CO3

*, HCO3
-, and 

CO3
2- species. H2CO3

* is defined to include both CO2(aq) and H2CO3, which are related by 

hydration/dehydration equilibrium: 

 𝐶𝑂2(𝑎𝑞) + 𝐻2𝑂 ⇄ 𝐻2𝐶𝑂3;  𝑙𝑜𝑔𝐾ℎ𝑦𝑑 = −2.66 (3.4) 

Hence, this equilibrium is strongly shifted to the left and H2CO3
* is dominated by CO2(aq) (i.e., 

[CO2(aq)]  CT,CO3 at pH < pKa1). Earlier reports document that the reaction of CO2(aq) with 𝑒𝑎𝑞
−  yields CO2 

radical anion (𝐶𝑂2
∙−), confirmed by transient absorption spectroscopy132: 

 𝐶𝑂2(𝑎𝑞) + 𝑒𝑎𝑞
− ⇄ 𝐶𝑂2

∙− (3.5) 

While most studies to date show that increasing dissolved carbonate acts to inhibit rates of 𝑒𝑎𝑞
−  

ARPs,64,133 a recent report suggests that 𝐶𝑂2
∙−, itself, may react with more recalcitrant PFASs (e.g., 

perfluorobutane sulfonate).134 However, the importance of PFAS reactions compared to other processes 

that rapidly consume 𝐶𝑂2
∙−, including near diffusion-limited radical recombination reactions, remains to 

be established.51,84,132 Still, further studies of the fate and reactivity of 𝐶𝑂2
∙− is warranted given the 

likelihood for generation of this transient species during 𝑒𝑎𝑞
−  ARPs in carbonate-containing natural water 

matrices. 

The minor contributor to H2CO3
*, H2CO3, and its conjugate base HCO3

- are Brønsted acids, where 

the acidic proton can react with 𝑒𝑎𝑞
−  to yield atomic hydrogen in the same manner as H3O+ ions:135 

 𝐻3𝑂+ + 𝑒𝑎𝑞
− → 𝐻∙ + 𝐻2𝑂 (3.6) 

 𝐻2𝐶𝑂3 + 𝑒𝑎𝑞
− → 𝐻∙ + 𝐻𝐶𝑂3

− (3.7) 

 𝐻𝐶𝑂3
− + 𝑒𝑎𝑞

− → 𝐻∙ + 𝐶𝑂3
2− (3.8)           

Because of its minor contribution to H2CO3
*, we are unable to directly quantify the reactivity of 

H2CO3 with 𝑒𝑎𝑞
− , separate from CO2(aq), but previous work has shown that the reactivity of different 

Brønsted acids vary with acid strength according to the following relationship:68 

 
𝑘2

𝑝
= 𝐺𝐴 (

𝑞𝐾𝐴

𝑝
)

𝛽

 (3.9) 

where k2, Ka, p, and q respectively represent the bimolecular rate constant for Brønsted acid 

reactivity with 𝑒𝑎𝑞
− , the acid dissociation constant, the number of dissociable protons available in the acid, 

and the number of equivalent sites at which a proton can be attached to in the conjugate base. GA and β 

are constants distinct to similar types of acids.135 Using data presented by Maza and coworkers68 for a 

series of Brønsted acids together with the pKa1 of H2CO3 (3.45),136 we estimate k2 for H2CO3 of 4.8 × 108 

M-1s-1 (Figure B.4). It is worth noting that the estimated 𝑘𝐻2𝐶𝑂3
 is more than 4 times lower than the value 

determined for H2CO3
* from fitting experimental data (2.23 × 109 M-1 s-1), further supporting the 

conclusion that CO2(aq) is the dominant species contributing to 𝑒𝑎𝑞
−  scavenging. It is also worth noting that 



43 

lower reactivity of HCO3
- determined from model fitting (2.18 × 106 M-1 s-1) is consistent with the 

Brønsted relationship described by Eq 3.9, and similar in magnitude to the value reported for 𝑒𝑎𝑞
−  

quenching by NH4
+ (1.30 × 106 M-1 s-1),137 a Brønsted acid of similar strength to HCO3

-. The fully 

deprotonated (CO3
2-) species still reacts with 𝑒𝑎𝑞

− , albeit very slowly. To the best of our knowledge, there 

are no literature reports on the product of the reaction between 𝑒𝑎𝑞
−  and CO3

2- or similar polyatomic ions 

such as SO3
2- despite rate constants being available for both.47,62,138,139 

Relative importance of carbonate species to other quenchers. Data presented in Figure 3.1 shows the 

importance of carbonate species as 𝑒𝑎𝑞
−  quenchers that inhibit ARP treatment of PFOS. We can more 

generally evaluate the importance of dissolved carbonate species relative to other quencher species expected 

to be abundant in natural water matrices during ARP treatment applications. The net contribution of 

individual quenchers can be quantified by the product of their concentration and bimolecular rate constant 

for reaction with 𝑒𝑎𝑞
− , ki[i]i. For carbonate species, this can be formulated according to the following 

expression: 

 𝑘𝐻2𝐶𝑂3
∗[𝐻2𝐶𝑂3

∗] + 𝑘𝐻𝐶𝑂3
−[𝐻𝐶𝑂3

−] + 𝑘𝐶𝑂3
2−[𝐶𝑂3

2−] (3.10) 

Other 𝑒𝑎𝑞
−  quenchers expected to be common in groundwater matrices during ARP treatments include the 

conjugate acid of the sulfite photosensitizer, HSO3
- (1.2 × 108 M-1 s-1),68 H+ (2.3× 1010 M-1 s-1),62,140 dissolved 

O2 (1.9 × 1010 M-1 s-1),118 and nitrate (9.7 × 109 M-1 s-1)62,141. It follows that total quenching of 𝑒𝑎𝑞
−  can be 

formulated as: 

 
∑ 𝑘𝑖[𝑖] = 𝑘𝐻2𝐶𝑂3

∗[𝐻2𝐶𝑂3
∗] + 𝑘𝐻𝐶𝑂3

−[𝐻𝐶𝑂3
−] + 𝑘𝐶𝑂3

2−[𝐶𝑂3
2−] + 𝑘𝐻𝑆𝑂3

−[𝐻𝑆𝑂3
−] 

+𝑘𝐻+[𝐻+] + 𝑘𝑂2
[𝑂2] + 𝑘𝑁𝑂3

−[𝑁𝑂3
−] 

(3.11) 

Figure 3.4 illustrates the predicted contribution of individual quencher species and overall quenching in 

solutions at varying pH conditions (Figure 3.4A) and varying total dissolved carbonate concentrations 

(Figure 3.4B). If we first consider matrices free of O2 and NO3
-, we observe strong pH dependence for the 

rates of quenching by different species resulting from shifts toward conjugate acid species with elevated 

reactivity. This trend is consistent with experimental observations that UV-sulfite treatment efficacy 

decreases with decreasing pH.64,107,121 Comparing the contributions of different quencher species, it appears 

that carbonate and bisulfite species are the major quenchers anticipated at most conditions, with the relative 

contributions being dependent on their respective concentrations in the matrix of interest. For example, if 

the trends for 1 mM total dissolved carbonate and 10 mM sulfite are compared, simulations in Figure 3.4A 

show that carbonate quenching dominates at pH < 6.5 and > 9.6, but sulfite dominates at pH conditions in 

between. When a lower sulfite concentration (3 mM) is used for treatment, such as in the PFOS experiments 

shown in Figure 3.1, carbonate species become the dominant quencher over the entire pH range. 

Investigations into UV-ARPs have often used 10 mM sulfite as a sensitizer along with 5 mM carbonate as 
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a buffer.85,95,101 This system is represented by the dashed line in Figure 3.4A, which shows that the curve 

representing total background quenching nearly overlaps the line for 5 mM carbonate suggesting that 

carbonate alone is responsible for any pH dependent processes involving 𝑒𝑎𝑞
−  processes. It is also 

noteworthy that H+ contributes negligibly to 𝑒𝑎𝑞
−  quenching across the full range of pH conditions. As shown 

in Figure 3.4B, carbonate quenching becomes important relative to anticipated sulfite quenching as total 

dissolved carbonate approaches millimolar levels, typical of many natural water matrices. Inclusion of 

quenching by carbonate species is expected to be important within models for ARP treatment of PFAS and 

other recalcitrant contaminants.  

Figure 3.4B also shows that quenching from dissolved O2 and NO3
- will be dominant when 

present in the matrix at elevated levels, highlighting the need to characterize these species in sourcewaters 

being subjected to treatment. Although dissolved O2 has a very high reactivity with 𝑒𝑎𝑞
− , it is expected to 

be very low in concentration during UV-sulfite treatment applications because sulfite is an effective 

scavenger of O2 and suppresses its concentration.63 In fact, recent studies show that there is little benefit 

to actively deoxygenating solutions prior to UV-sulfite treatment since the sensitizer effectively 

suppresses dissolved oxygen concentrations and eliminates scavenging of  𝑒𝑎𝑞
−  generated upon UV 

irradiation.59 Still, this is an issue to be aware of when applying other ARPs. Nitrate is also known to be a 

strong scavenger of 𝑒𝑎𝑞
− , so nitrate-contaminated water matrices will require denitrification before 

applying ARPs to treat less reactive contaminants like PFASs. The ARPs themselves can remove the 

nitrate, but the additional 𝑒𝑎𝑞
−  demand of the matrix needs to be accounted for in treatment system design. 

These findings provide critical insights into the operative mechanisms responsible for poor performance 

of ARPs often observed at lower pH conditions. They also provide mechanistic support for the recent 

design recommendations to adjust pH conditions prior to UV-sulfite treatment.95 Ultimately, quantitative 

information on background scavenging of sourcewater matrices, such as those provided here, provides 

critical information needed to improve predictions and design of ARP technologies for treatment of 

recalcitrant micropollutants such as PFASs. 
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Figure 3.4 Simulation of the rates 𝒆𝒂𝒒
−  scavenging by dissolved carbonate species in comparison with 

other common scavengers expected during groundwater treatment with UV-sulfite. (A) influence of pH, 

and (B) influence of variable carbonate concentration at pH 7.0.  
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CHAPTER 4  

KINETIC MODEL FOR PREDICTING PFAS DEGRADATION  

DURING UV-SULFITE TREATMENT 

 

Based on a paper in preparation. 

Camille K. Amador1,2, Michael Dooley2, Raul Tenorio3, Christopher P. Higgins1, Shubham Vyas2, and 

Timothy J. Strathmann1 

 

4.1 Abstract 

Hydrated electron processes such as UV-sulfite show great potential in remediating recalcitrant 

water contaminants including per- and polyfluoroalkyl substances (PFAS), however treatment efficacy is 

contingent upon many factors relating to sourcewater composition and characteristics of the UV light 

source. Here we provide critical insights into the complex roles of important solution parameters (e.g., pH 

and non-target water constituents) on contaminant abatement through a newly developed UV-sulfite 

kinetic model. The model sufficiently predicts parent compound decay profiles of ubiquitous 

perfluoroalkyl acids (PFAAs) in different environments and facilitates the quantitative interpretation of 

system and solution parameters on treatment results. Changes in solution pH and dissolved carbonate 

concentration were well characterized by the model and results confirm that enhanced degradation of 

PFAS at highly alkaline pH conditions is due to speciation of 𝑒𝑎𝑞
−  quenchers such as sulfite and carbonate 

rather than H+. TriFBA, a polyfluorinated alkyl acid, was not well-predicted using the previously reported 

k2 value which corroborates but does not confirm that per- and polyfluorinated carboxylates undergo 

diverging reaction mechanisms as postulated in previous work. To model longer-chain PFAS with more 

reaction sites, a rate constant for PFHxA was determined using LFP (k2 = 3.84 ± 0.30 × 107 M-1 s-1) while 

rate constants for insoluble or nonreactive structures were estimated using kobs and 𝑒𝑎𝑞
−  availability; both 

methods simulate experimental data well. The proposed model successfully links the disparate means of 

investigating 𝑒𝑎𝑞
−  processes, namely, UV photolysis and LFP/pulse radiolysis and provides the framework 

needed to estimate UV-sulfite treatment efficacy of perfluoroalkyl acids ahead of treatment. 

 
1Department of Civil and Environmental Engineering, Colorado School of Mines, Golden, CO 
2Department of Chemistry, Colorado School of Mines, Golden, CO 
3Haley and Aldrich, Phoenix, AZ (Current Affiliation) 
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4.2 Introduction 

Advanced reduction processes (ARPs) have gained a lot of traction in environmental remediation 

due to their ability to transform highly oxidized chemicals such as chlorinated solvents and toxic 

oxyanions at ambient temperatures and pressures.43,44,112,113 UV-ARPs based on the photochemical 

generation of hydrated electrons (𝑒𝑎𝑞
− ) are especially useful for the transformation of highly recalcitrant 

per- and polyfluoroalkyl substances (PFAS).111 Development of UV-ARPs in practice has focused on the 

UV-sulfite system because of the low cost and ubiquity of sulfite in existing water treatment plants (e.g., 

for dichlorination)61, as well as the fact that the byproduct sulfate is naturally occurring and not harmful to 

human health. The UV-sulfite system also has the added benefit of rapidly depleting dissolved oxygen 

from solution creating highly desirable conditions for hydrated electron processes.63,84 

Studies investigating the use of 𝑒𝑎𝑞
−  based UV-ARPs for remediation are performed either by 

constant UV irradiation or, more rarely, by laser flash photolysis (LFP) and pulse radiolysis techniques. 

While these methodologies aim to study the same reaction (𝑒𝑎𝑞
−  with PFAS or other target contaminants), 

there are key inconsistencies in the results obtained when comparing the two approaches. The effect of 

solution pH on the kinetics of the reaction is one key area of misalignment. Bentel et al. report 

significantly enhanced degradation of perfluorocarboxylates (PFCAs) in UV-sulfite systems when pH is 

increased from 9.5 to 12.0, however our recent work shows pH invariance for both bimolecular rate 

constant (k2; M-1 s-1) of PFCAs with 𝑒𝑎𝑞
−  as well as 𝑒𝑎𝑞

−  lifetime.95,122 Another important inconsistency 

involves the effect of functional headgroup and chain length on the kinetics of the reaction, as well as 

their absolute values. For example, both Park et al. and Bentel et al. report increasing transformation of 

PFSAs by 𝑒𝑎𝑞
−  in the UV-iodide and sulfite system, respectively, with increasing chain length.107,142 

Meanwhile, chain length was found to have negligible effect on PFCA degradation, and overall kinetics 

of PFCA transformation were found to be faster than PFSAs. These experimental results were 

corroborated by theoretical insights provided by Van Hoomissen and Vyas, who found aqueous vertical 

attachment energy (VAE) from instantaneous electron addition to vary with chain length for PFSAs but 

not for PFCAs.94 Maza et al., however, report k2 values for PFSAs to be up to 5x higher than PFCAs and 

did not observe chain length dependence for the PFSAs.87 Moreover, the PFCA values reported by Maza 

et al. are up to 2 orders of magnitude greater than those previously reported using ferrocyanide LFP and 

pulse radiolysis.50,86,122,143  

Recently, Jiang et al. used pulse radiolysis to determine the k2 values for PFOS and PFBS with 

𝑒𝑎𝑞
− . In this study, PFBS was found to be unreactive with an estimated k2 value < 106 M-1 s-1 which 

contradicts the value reported by Maza et al. (1.8 × 109 M-1 s-1), however is in alignment with many 
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constant UV irradiation experiments that report little to no degradation of PFBS.85,107,134 Interestingly, the 

k2 value for PFOS was determined to be around 4.5 × 109 M-1 s-1, which is not far off from that of Maza et 

al. (2.4 × 109 M-1 s-1). The study by Jiang et al. seems to confirm the low reactivity of PFBS as well as 

qualitatively support the chain length dependence of PFSA transformation. The reactivity of PFOS 

reported by Maza et al. also seems to be confirmed by Jiang et al., however it is hard to reconcile this 

when, to the best of our knowledge, all constant UV irradiation studies have found PFOS to be less 

reactive than PFOA, whose k2 value was previously found to be 1.7 × 107 M-1 s-1.50 

Development of a photochemical model to quantitatively predict PFAS degradation kinetics 

across diverse environments is an alternative approach to studying 𝑒𝑎𝑞
−  processes.92 Methods such as this 

are common in advanced oxidation processes (AOPs),102,108 however models involving ARPs are 

limited.66,109 Kinetic models will be useful in simulating parent compound decay profiles during UV-ARP 

treatment in different environments, minimizing the need to run multiple batch experiments to ascertain 

the effect of single parameters and optimize reaction conditions. These models will also be useful to 

quantitatively interpret system and solution parameters on treatment efficacy. As a result, this 

photochemical model will reconcile the discrepancies between the two methodologies by using the 

fundamental kinetic values measured by LFP and pulse radiolysis to predict degradation in constant UV 

irradiation systems ahead of treatment.  

UV-sulfite processes have already been shown to successfully transform both PFCAs and 

PFSAs,59,85,111 however achieving full mineralization is highly dependent on solution conditions.64 A 

photochemical model describing the kinetics and efficiency of UV-sulfite processes has previously been 

formulated by Li et al. using monochloracetic acid (MCAA) as a model compound.84 The authors 

successfully predict the degradation profiles of MCAA in various environments, but the model has yet to 

be applied to 𝑒𝑎𝑞
−  processes for PFAS degradation. Fennell et al. recently developed a model based on 𝑒𝑎𝑞

−  

exposure per fluence rate (or Re-,UV) that successfully predicted MCAA transformation in the UV-sulfite 

system.133 Because the k2 values for PFOS vary over two orders of magnitude87,134,143 the authors 

performed least squares fit to estimate a kPFOS that would match their experiments (5.7 × 106 M-1 s-1). 

While these works undoubtedly contribute to the development of a quantitative model to understand UV-

ARP systems, the model still lacks the ability to quantitatively interpret the effects of individual 

parameters on treatment efficacy such as pH, UV intensity, sensitizer concentration, and more. Moreover, 

this study has not been able to reconcile the discrepancy between constant UV irradiation systems and 

LFP/pulse radiolysis as the current values for PFOS significantly overpredict their experimental results. 

The ideal photochemical model will include inputs regarding important constituents present in 

water (e.g.., 𝑒𝑎𝑞
−  scavengers), inputs regarding system parameters (e.g., photon flux, UV lamp intensity), 

and solution conditions (pH). In this study, we adapt the model developed by Li et al. to predict 
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degradation profiles of PFAS during UV-sulfite treatment in diverse environments which, for the first 

time, links results from constant UV irradiation experiments to k2 values for 𝑒𝑎𝑞
−  reactions with individual 

PFAS and non-target scavengers. Bimolecular rate constants for the target contaminant with 𝑒𝑎𝑞
−  from our 

previous study,122 as well as others,50,86 were used to predict results and the simulations were compared. 

Important scavengers were selected due to their reported rate constants (> 106 M-1 s-1) or their abundance 

in solution (e.g., solvent, H2O). UV photoreactions were conducted at different pH values and total 

dissolved carbonate concentration (CT,CO3) using PFCAs, PFSAs, as well as a fluorotelomer carboxylate, 

and the model was used to simulate their degradation profiles. 

 

4.3 Materials and Methods 

Chemicals. All chemicals and solvents were used as received without further purification. A full 

list can be found in Appendix C.  

 UV photoreactions. Constant UV-sulfite irradiation of all PFAS was performed using a light 

source and reactor previously described.85 Photoreactions were performed in a solution containing 100 

µg/L of each select PFAS with 10 mM Na2SO3 and specified concentrations of NaHCO3. Solution pH 

was adjusted using 1 M HCl or 1 M NaOH and buffered using either carbonate or borate. Detailed 

reaction conditions are specified for each experiment throughout the text. To eliminate 𝑒𝑎𝑞
−  scavenging by 

dissolved oxygen, solutions were deoxygenated by sparging with N2(g) for 1 h before introducing PFAS 

and sulfite to initiate UV reactions. Sample aliquots were collected at pre-determined time intervals to 

measure changing PFAS concentrations which were measured by liquid chromatography with tandem 

mass spectrometry (LC-MS/MS) using procedures described in Appendix C and instrumentation 

described elsewhere.128 Solution pH was re-measured after the reaction was completed to evaluate any pH 

drift during experiments. Additional details on preparation, reaction conditions, and analysis and are 

described in Appendix C. 

 Laser flash photolysis. A Nd:YAG laser was used with a 4th harmonic generator to produce 266 

nm light (details described elsewhere).122 Generation of 𝑒𝑎𝑞
−  was achieved by irradiating an anoxic 

solution of 40 µM K4Fe(CN)6 and 10 µM K3Fe(CN)6  with an 8-10 mJ laser pulse. Decay of 𝑒𝑎𝑞
−  was 

monitored by tracking the change in absorbance of its characteristic peak at 690 nm (ε = 20560 M-1 cm-1) 

using ten averages for each of the measurements.49,92 All LFP experiments were performed under anoxic 

conditions. Solutions were buffered at pH 9.2 using sodium tetraborate and ionic strength as fixed across 

samples using NaCl. All samples were prepared and run in triplicate and uncertainties provided represent 

standard deviations. Individual cuvettes were amended with varying concentration of the target PFAS 
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quencher and Stern-Volmer analysis of the change in 𝑒𝑎𝑞
−  lifetime (τ) was used to determine the k2 value. 

Additional details on reaction solution preparation and are described Appendix C. 

 

4.4 Results and Discussion 

Effect of solution conditions on PFBA degradation kinetics. Efficacy of UV-ARPs is contingent 

upon 𝑒𝑎𝑞
−  availability throughout the reaction and higher concentrations are strongly favored for optimal 

contaminant transformation. PFAS contaminated water typically contains concentrations in the ppt – ppb 

range which would be inefficient to directly treat with UV processes due to the large volume of media 

needing treatment.30 Many studies have emphasized the importance of prior steps to concentrate the PFAS 

before being subjected to destruction methods such as UV-sulfite for increased efficiency.59 This 

concentration step, which typically involves resins or membranes,59,128 can inadvertently concentrate 

common ions present and impact degradation performance. Chloride and phosphate were not found to 

appreciably inhibit PFOA degradation by UV-sulfite up to 150 and 25 mM, respectively.64 Nitrate and 

carbonate, however, exhibited significant inhibitory effects at concentrations of 2 and 5 mM, respectively. 

Despite earlier reports that carbonate did not have an observable impact on degradation of 

monochloroacetate (MCAA) in the UV-sulfite system,84 our recent report shows that PFOS degradation 

kinetics are inhibited by the presence of even 1 mM carbonate, while a previous report by Ren et al. 

exhibits similar effect on PFOA defluorination.64 From this, it is clear that carbonate and alkalinity are 

important factors to consider if ARPs are to be utilized for contaminant remediation. 

Here we perform UV-sulfite photolysis reactions to confirm the effect of dissolved carbonate on 

the kinetics of 𝑒𝑎𝑞
−  ARPs for PFAS degradation using PFBA as a representative compound. In the absence 

of carbonate, typical UV-sulfite conditions (pH 9.5, 10 mM SO3
2-, 20°C) yield an observed rate constant 

(kobs) for PFBA of 1.31 ± 0.09 h-1 (Figure 4.1A). This value dropped by almost 50% (0.665 ± 0.039 h-1) 

and >70% (0.373 ± 0.025 h-1) in the presence of 5 and 10 mM total dissolved carbonate (CT,CO3), 

respectively, and this decrease continue up to 25 mM CT,CO3 (0.109 ± 0.005 h-1), the highest concentration 

investigated. Similar effects were observed for PFPrA and TFA as well (Figure C.2). 
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Figure 4.1 Effect of (A) dissolved carbonate and (B) pH on the observed rate constant of PFBA 

degradation during UV-sulfite treatment. Reaction conditions for [PFBA]initial = 100 µg/L, 10 mM 

Na2SO3, irradiation with LP-Hg light source, 20°C. For (A) pH was adjusted to 9.5a for each condition, 

and for (B) 5 mM carbonate buffer was used. Error bars represent duplicate measurement-derived 

standard deviations. aThe 0 mM CT,CO3 experiment was buffered at pH 9.5 using 5 mM borate buffer, 

known to be unreactive towards 𝒆𝒂𝒒
− .144 

 

There is consensus in the literature that higher pH favors contaminant degradation in the UV-

sulfite system. For example, Bentel et al. report significantly enhanced degradation of PFCAs at pH 9.5 

vs pH 12. In their study, degradation of all target PFCAs was accomplished in 1 h at pH 12, however at 

pH 9.5, target PFCAs were still present after 24 h of photolysis.95 In addition, Ren et al. report about 85% 

PFOA defluorination after 4 h of UV-sulfite treatment at pH 12, while at pH 9 only about 65% 

defluorination was achieved. This seems to contrasts our recent work using LFP which shows pH 

invariance for both bimolecular rate constant (k2; M-1 s-1) of PFCAs with 𝑒𝑎𝑞
−  as well as 𝑒𝑎𝑞

−   lifetime 

(τ).122 If the rate at which 𝑒𝑎𝑞
−  reacts with PFAS as well as its lifetime does not change when increasing 

pH, one would expect the observed degradation to be unchanged as well. Because of this perceived 

discrepancy, we revisit the effect of pH on the kinetics of 𝑒𝑎𝑞
−  ARPs for PFAS degradation again using 

PFBA as a representative compound. At pH 8.5, UV-sulfite treatment of PFBA with 10 mM sulfite (5 

mM carbonate buffer) exhibited very slow degradation with a kobs of 0.151 ± 0.011 h-1. The kinetics of the 

reaction can be slightly increased when solution pH is raised to 9.5 and 10.5: 0.665 ± 0.039 h-1 and 2.59 ± 

0.32 h-1, respectively (Figure 4.1B). However, the most marked increase occurs between pH 10.5 and 12.0 

where kobs increases by nearly a factor of 5 to 11.92 ± 2.31 h-1. Similar effects are observed for PFPrA and 

TFA as well (Figure C.3). The drastic enhancement in reaction kinetics at pH 12.0 likely occurs because 
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of two important factors. First, at 12.0 sulfite is present almost entirely as SO3
2- (>99.999%), the species 

responsible for 𝑒𝑎𝑞
−  ejection into solvent, whereas at pH 10.5 the conjugate acid HSO3

- accounts for at 

least 0.03% of total dissolved sulfite (CT,CO3). While this may seem minimal, HSO3
- directly contributes to 

its deactivation (k2 = 1.2 × 108 M-1 s-1).68 Second and perhaps more importantly, carbonate speciation 

above pH 10.5 quickly shifts away from H2CO3
* and HCO3

- (fast 𝑒𝑎𝑞
−  quenchers) and towards CO3

2-. At 

pH 10.5, the former two species account for 29% of CT,CO3, whereas at pH 12 they only account for 1%. 

The marked decrease in PFOS degradation kinetics in the presence of dissolved carbonate as well 

as the dramatic shifts in PFOS degradation kinetics when varying solution pH highlight the importance of 

sourcewater composition in dictating UV-sulfite treatment efficacy. From this, we propose that with 

information on geochemical solution conditions and UV light source, it is possible to ascertain the 

availability of 𝑒𝑎𝑞
−  during treatment which is expected to be directly related to contaminant degradation. 

Kinetic model. UV-ARP treatment results can be described by a pseudo-first order kinetic 

equation in which there is a steady-state concentration of the reactive species (𝑒𝑎𝑞
− ) throughout the 

duration of the reaction: 

 ln (
𝐶

𝐶0
) = −𝑘𝑜𝑏𝑠𝑡 = −𝑘2[𝑒𝑎𝑞

− ]
𝑠𝑠

𝑡 (4.1) 

where C represents the concentration of the target contaminant, kobs represents the observed rate constant 

in UV photolysis experiments (h-1), t represents time (h), k2 represents the bimolecular rate constant of the 

target contaminant with 𝑒𝑎𝑞
−  (M-1 s-1), and [𝑒𝑎𝑞

− ]
𝑠𝑠

 represents the steady-state concentration of hydrated 

electron in the system, or 𝑒𝑎𝑞
−  availability (M). 

Hydrated electron availability. [𝑒𝑎𝑞
− ]

𝑠𝑠
 is a function of processes that produce 𝑒𝑎𝑞

−  and reactions 

that quench it from solution: 

 [𝑒𝑎𝑞
− ]

𝑠𝑠
=

𝑟𝑒

∑ 𝑘𝑖[𝑄]𝑖 + 𝑘2[𝐶]
 (4.2) 

where re (Ms-1) represents the rate of hydrated electron production and the term ∑ 𝑘𝑖[𝑄]𝑖 (s
-1) represents 

the summation of the bimolecular rate constants of all important quenchers present multiplied by their 

respective concentration in solution. This can be taken as an estimate of background scavenging capacity 

of a system or a measure of the constituents which compete with target contaminants for 𝑒𝑎𝑞
−  reactions. 

 Rate of hydrated electron production has previously been described by Li et al.84: 

 

 𝑟𝑒 =
𝜌0 × 𝜑 × (1 − 𝑒−𝑎𝐿𝑙𝑛(10))

𝑉
×

𝜀𝑆

𝑎
 (4.3) 
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where ρ0 is the photon flow (Es-1), 𝜑 is the effective quantum yield (molE-1), a is the decadic absorbance 

by solution (cm-1), L is the effective path length (cm), V is solution volume (L), ε is the decadic molar 

extinction coefficient (M-1
cm-1), and S is the sensitizer concentration (M). 

While the summation ∑ 𝑘𝑖[𝑄]𝑖 technically represents 𝑒𝑎𝑞
−  quenching by all scavengers present, it 

is only necessary to include scavengers whose product of 𝑘𝑖[𝑄]𝑖 will be larger or comparable to that of 

𝑘2[𝐶] (the k2 value of a target PFAS reacting with 𝑒𝑎𝑞
−  multiplied by its concentration). Acidic proton 

(H+) has long been recognized as the putative 𝑒𝑎𝑞
−  quencher in UV-ARPs at circumneutral pH 

conditions.53,81,145 It quenches 𝑒𝑎𝑞
−  at diffusion limited rates (Eq. 4.4) and so will be accounted for when 

determining 𝑒𝑎𝑞
−  quenching. Solvent (H2O) will also be included in the model because, although the 

reaction between H2O and 𝑒𝑎𝑞
−  is slow (Eq. 4.5), its concentration is high enough (55.5 M) to warrant its 

inclusion. Maza et al. previously reported that bisulfite (HSO3
-), the conjugate acid species of the sulfite 

photosensitizer (pKa 7.2),124 is a significant quencher of 𝑒𝑎𝑞
−  at certain pH conditions and so is also 

important to consider (Eq. 4.6).68 Our previous work suggests that dissolved carbonate is an important 

scavenger when present at environmentally relevant concentrations and therefore elicits inclusion to 

quantify background scavenging (Eq. 4.7-4.9). Concentrations of quenchers ([𝑄]𝑖) at various pH 

conditions can be determined using Visual MINTEQ. Values for our system regarding rate of 𝑒𝑎𝑞
−  

production (re), background scavenging capacity ∑ 𝑘𝑖[𝑄]𝑖, and ultimately 𝑒𝑎𝑞
−  availability ([𝑒𝑎𝑞

− ]
𝑠𝑠

) can be 

found in the Table C.3. 

 

 𝑒𝑎𝑞
− + 𝐻+ → 𝐻 ∙  𝑘𝐻+ = 2.3 × 1010 𝑀−1 𝑠−1 (4.4) 

 𝑒𝑎𝑞
− + 𝐻2𝑂 → 𝐻 ∙ +𝑂𝐻−  𝑘𝐻2𝑂 = 1.9 × 101 𝑀−1 𝑠−1 (4.5) 

 𝑒𝑎𝑞
− + 𝐻𝑆𝑂3

− → 𝐻 ∙ +𝑆𝑂3
2−  𝑘𝐻+ = 1.2 × 108 𝑀−1 𝑠−1 (4.6) 

 𝑒𝑎𝑞
− + 𝐶𝑂2(𝑎𝑞) → 𝐶𝑂2

∙− 𝑘𝐻2𝐶𝑂3
= 2.23 × 109 𝑀−1 𝑠−1 (4.7) 

 𝑒𝑎𝑞
− + 𝐻𝐶𝑂3

− → 𝐻 ∙ +𝐶𝑂3
2−  𝑘𝐶𝑂2(𝑎𝑞)

= 2.18 × 106 𝑀−1 𝑠−1 (4.8) 

 𝑒𝑎𝑞
− + 𝐶𝑂3

2− → 𝑝𝑟𝑜𝑑𝑢𝑐𝑡𝑠  𝑘𝐶𝑂2(𝑎𝑞)
= 1.05 × 105 𝑀−1 𝑠−1 (4.9) 
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Predicting ultra-short chain PFCA degradation kinetics. Eq. 4.1 indicates that PFAS degradation 

follows second-order kinetics and is dependent on the concentration of the target contaminant as well as 

the reactive species (𝑒𝑎𝑞
− ). The latter of these is described by Eq. 4.2, which highlights that if a co-existing 

constituent exists in high enough concentration or possesses a high enough reactivity with 𝑒𝑎𝑞
− , then its 

presence will appreciably decrease [𝑒𝑎𝑞
− ]𝑠𝑠, thereby inhibiting contaminant transformation.  

The solid circles in Figure 4.2 depict the PFBA curves from which the kobs in Figure 4.1 were 

derived. Similar profiles for PFPrA and TFA can be found in Figure C.4. By accounting for the quenchers 

discussed above as well as parameters of the UV light source (Eq. 4.3), Eq. 4.1 can simulate the decay 

profiles of PFBA (solid lines in Figure 4.2A) in the presence of varying amounts of the added CT,CO3 

quencher. The model does an excellent job at predicting degradation of the target contaminant when 

CT,CO3 is varied suggesting that (1) k2 values measured previously for PFBA, PFPrA, and TFA are 

accurate and relevant to UV-sulfite ARPs,122 (2) the quenchers included sufficiently account for 

background scavenging in our system, and (3) the species-specific k2 values derived for ubiquitous 

carbonate species are reliable. Results for the 0 mM CT,CO3 condition and simulation is interesting in that, 

for each compound, degradation is relatively overpredicted which we attribute to the presence of 

unaccounted for quenchers (e.g., carbonate) that are likely present in the lab-grade water. In fact, our 

previous work showed that environmentally relevant concentrations of dissolved carbonate can 

significantly inhibit PFAS degradation in the UV-sulfite system. An important finding which arises from 

this analysis is the true nature of the pH dependence of UV-ARPs which has commonly been attributed to 

variable H+ quenching.53,53,81 Bentel et al. recently postulated that the dramatic enhancement of PFCA 

degradation kinetics was due to higher 𝑒𝑎𝑞
−  availability (due to less quenching by H+) and lowered redox 

potential at pH 12.95 The former of these hypotheses is partially correct, however it is due to carbonate 

speciation, not H+, that 𝑒𝑎𝑞
−  availability is greater and hence results in enhanced degradation. Table C.3 

shows that scavenging due to H+ is more than three orders of magnitude lower than that due to carbonate. 

Data points in Figure 4.2B display the decay profiles of PFBA at various pH conditions which 

were used to determine the kobs in Figure 4.1B. By performing a similar analysis as above, we can 

simulate PFBA decay profiles at the different pH conditions (solid lines). Data for PFPrA and TFA are 

provided in Figure C.5. The model again does an excellent job at predicting degradation of the target 

contaminant when pH is varied. What’s more is that the simulations capture the drastic enhancement in 

PFCA degradation from pH 9.5 to 10.5 and 10.5 to 12.0. It is important to note that these simulations are 

highly accurate, yet not exact. This is to be expected when considering that these are not model fits of the 

experimental data; they are true predictions of contaminant decay in photolysis experiments composed of 

fundamental values obtained using LFP and actinometry. Exact simulations of decay profiles are not 

expected nor are they the goal. Rather this study aims to provide accurate estimates of parent compound 
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decay profiles in different environments and to allow for the quantitative interpretation of the effects that 

each system and solution parameter has on overall treatment efficacy. Taken together this model can help 

to optimize reaction conditions ahead of treatment which will greatly save time and resources. 

 

 
Figure 4.2 Degradation profiles of PFBA during UV-sulfite photolysis at (A) various CT,CO3 conditions 

and (B) pH conditions. Symbols represent experimental data while solid lines represent model 

predictions. Reaction conditions are described in Figure 4.1. 

 

Degradation kinetics of more complicated fluorocarboxylate systems. PFBA was chosen as a 

representative PFAS compound because we have previously determined its k2 value with 𝑒𝑎𝑞
−  making it a 

convenient choice to test the model.122 Attempts were made to expand the suite of compounds to longer-

chain PFCAs and polyfluorinated carboxylates in order to investigate how the model performs for more 

complicated systems containing a greater number of reaction sites such as PFHxA or PFOA. This requires 

accurate k2 values which can be determined using laser flash photolysis (LFP) through Stern-Volmer 

analysis. LFP experiments require high concentration of added PFAS to appreciably alter the lifetime of 
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𝑒𝑎𝑞
−  between samples and so is limited by the critical micelle concentration (CMC). Short and ultra-short 

chain PFCAs such as PFBA, PFPrA, and TFA are not expected to agglomerate in the way that longer-

chain PFCAs do, therefore determining short-chain k2 values is more straightforward. The CMCs of the 

C6 and C8 PFCAs, PFHxA and PFOA, are reported to be 82 mM and 9 mM at 20 °C, respectively, 

significantly limiting their dissolution, especially for PFOA.146,147 Nevertheless, a Stern-Volmer 

relationship for PFHxA was able to be constructed, and the corresponding k2 value was found to be 3.84 ± 

0.30 × 107 M-1 s-1 (Figure 4.3A and 4.3B).  

 In addition to LFP experiments, PFHxA was subjected to UV-sulfite photolysis experiments at 

pH 9.5 and 12 (10 mM sulfite, 5 mM carbonate buffer) and, as expected, exhibited a drastic increase in 

degradation kinetics at the higher pH value (data markers in Figure 4.3C). When using the LFP-derived k2 

value in the proposed model, simulations well predict the drastic increase in PFHxA kinetics at the two 

different pH conditions. So far, LFP-derived k2 values for PFCAs has been successful in modeling 

degradation of all compounds attempted (i.e., PFBA, PFPrA, TFA, PFHxA). Another fluorocarboxylate 

structure we can test the model against is trifluorobutanoate (TriFBA), a fluorotelomer carboxylate 

(FTCA) characterized by hydrogenated carbons between the fluorocarbon tail and the acidic headgroup. 

In our previous study, we measured a high k2 value for TriFBA of 7.35 × 107 M-1 s-1 which was surprising 

considering TriFBA was found to be unreactive by Bentel et al. during UV-sulfite treatment.107,122  

We postulated that this discrepancy was due to diverging mechanisms of perfluorinated vs 

polyfluorinated compounds. Perfluorinated structures are proposed to undergo a stepwise elementary 

reaction mechanism which involves the formation of an intermediate radical anion that is resonance 

stabilized by the π-system of the carboxylate headgroup. This resonance stabilization allows the spin 

density to accumulate about the C-F bond and bond cleavage follows. Polyfluorinated structures, 

however, cannot impart the same pi-stabilization because electron attachment occurs at the γ-carbon, 

nonadjacent to the carboxylate moiety. These compounds likely undergo an associative mechanism, in 

which the strong C-F bond of FTCAs holds on to the extra electron without necessarily resulting in bond 

cleavage.122 As a result, fast 𝑒𝑎𝑞
−  quenching is measured by LFP, although degradation, which is measured 

in UV photolysis experiments, may not have occurred. UV-sulfite photolysis experiments using TriFBA 

were performed to confirm its recalcitrance during treatment. Indeed, we observed no degradation at pH 

9.5, similar to Bentel et al.107 (data markers in Figure C.6). Minimal degradation was observed at pH 12 

during the first hour of treatment; however, concentration remained constant through the end of the 

reaction. Upon attempts to simulate the data using our previously determined k2 value,122 we found the 

model to severely overpredict degradation which corroborates but does not confirm the idea that FTCAs 

could undergo a nondegradative associative mechanism with 𝑒𝑎𝑞
− .  
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Like the other perfluorinated carboxylates, experimental data of UV-sulfite photolysis reactions 

using PFOA shows a stark increase in degradation kinetics when increasing pH from 9.5 to 12 (data 

markers in Figure 4.4A). LFP experiments to determine a k2 value for 𝑒𝑎𝑞
−  reactions with PFOA were 

performed in order to model the data, however, we were unable to construct a Stern-Volmer plot despite 

using conditions similar to Maza et al. (Figure C.7) who report a k2 value for PFOA of 7.1 × 108 M-1 s-1.87 

For PFAS whose k2 values were difficult to determine experimentally due to insolubility and/or low 

reactivity, estimates were back-calculated using observed rate constant (kobs) and [𝑒𝑎𝑞
− ]

𝑠𝑠
, discussed in the 

following section. 

Back calculating rate constants. Measuring kinetics values using LFP for certain PFAS structures 

is difficult if a compound has a low CMC or is particularly unreactive. Therefore, we devised an 

alternative means of determining rate constant which involves estimation using the following equation: 

 𝑘𝑒𝑠𝑡 =
𝑘𝑜𝑏𝑠
̅̅ ̅̅ ̅̅

[𝑒𝑎𝑞
− ]

𝑠𝑠
̅̅ ̅̅ ̅̅ ̅̅ ̅

 (10) 

In which 𝑘𝑜𝑏𝑠
̅̅ ̅̅ ̅̅  (h-1) represents the average observed rate constant at pH 9.5 and 12.0 for a particular 

compound and [𝑒𝑎𝑞
− ]

𝑠𝑠
̅̅ ̅̅ ̅̅ ̅̅ ̅ (M) represents the average 𝑒𝑎𝑞

−  availability. Using this analysis, we calculate a kest 

value for PFOA to be 1.59 × 107 M-1 s-1, which is almost two orders of magnitude lower than that reported 

by Maza et al.87 The model using kest for PFOA exhibits a nearly perfect prediction of its degradation 

which is perhaps expected since it is more of a data fit rather than a true model prediction (solid lines in 

Figure 4.4A). This method provides a widely applicable approach to estimate rate constants for 𝑒𝑎𝑞
−  

reactions with PFAS, values which are critical in assessing their efficacy.109 Using this method, rate 

constants can be estimated for the full suite of PFAS during UV-ARP treatment based on 𝑒𝑎𝑞
−  availability 

(from the mathematical model) and observed rate constant (from prior experiments). This facilitates the 

prediction of decay profiles for structurally diverse PFAS ahead of UV-sulfite treatment in diverse 

environments. 
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Figure 4.3 (A) Kinetic transient absorption traces for 𝑒𝑎𝑞

−  decay (measured at 690 nm) at pH 9.5 in 

solutions amended with varying concentrations of PFHxA and (B) its corresponding Stern-Volmer plot. 

Solution conditions 40 µM K4Fe(FN)6, 10 µM K3Fe(FN)6, ionic strength = 0.137 M (balanced using 

NaCl), T = 20 °C, and 40 mM borate buffer. (C) Degradation profile of PFHxA at pH 9.5 and 12 along 

with model predictions shown as solid lines. Reaction conditions: 10 mM sulfite, 5 mM carbonate, T = 

20°C. 
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Figure 4.4 Degradation profile for (A) PFOA, (B) PFOS, (C) PFHxS, and (D) PFBS during UV-sulfite 

photolysis. Reaction conditions: 10 mM sulfite, 5 mM carbonate, T = 20 °C. Experimental data are shown 

as circles while model simulations using kest values are shown as solid lines. 

 

Sulfonate photoreactions. Another class of environmentally relevant PFAS compounds are 

perfluorosulfonates (PFSAs). These structures have been found to be more recalcitrant than their 

carboxylate analogues in many destructive techniques80,107 and therefore, it is important to test the 

model’s ability to predict their degradation during UV-ARP treatment. As expected, degradation of the 

C4, C6, and C8 perfluorosulfonates was far more sluggish than their carboxylate analogues for each chain 

length (data markers in Figure 4.4B-4.4D). Interestingly, all three perfluorosulfonates investigated, 

including highly recalcitrant PFBS,85 also displayed some level of pH dependent degradation suggesting 
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that UV-ARPs are capable of remediating even the most intractable perfluorinated compounds given that 

𝑒𝑎𝑞
−  availability is maximized.  

To model the decay profiles in Figure 4.4 k2 values are required, however, rate constants for 

PFSAs are rare. In addition, because the sulfonate headgroup is sterically bulkier than that of carboxylate, 

the CMCs of PFSAs are lower too.146 Attempts were made to measure k2 values for the C4 and C6 

sulfonates (PFBS and PFHxS) using LFP, however their poor solubilities and low reactivity hindered us 

from doing so (Figure C.8 and C.9). Instead, we invoked the method described above for back calculating 

the rate constants from their kobs and 𝑒𝑎𝑞
−  availability. By this method, PFOS, PFHxS, PFBS, and TFMS 

yielded kest values of 3.91 × 106 M-1 s-1, 2.02 × 106 M-1 s-1, 3.38 × 105 M-1 s-1, and 2.73 × 104 M-1 s-1 

respectively. The model fits for PFOS of PFHxS underpredict degradation at pH 9.5 during the first few 

hours of the reaction then improves thereafter (solid lines Figure 4.4B and 4.4C). This underprediction 

could be due to errors in kest, deviation from pseudo-first order behavior, or occurrence of side reactions. 

Enhanced degradation with elevated pH is successfully predicted for both compounds, and simulations at 

the higher pH value are highly accurate. For PFBS and TFMS, two highly recalcitrant PFAAs, the model 

fits indeed exhibits minimal degradation even at the high pH value (Figure 4.4D and C6, respectively), 

however results are much less accurate when compared to the others considered in this study. 

Nevertheless, slightly enhanced degradation is observed in experiments as well as predicted in the models 

for all four sulfonates.  

The proposed model in Eq. 4.1 successfully models UV-sulfite degradation profiles in different 

conditions of all perfluorinated compounds for which accurate k2 values exist. For compounds that 

accurate k2 values are not available, Eq. 4.10 provides a means of estimating a rate constant which yields 

decent model fits of experimental data. Taken together, modeling degradation profiles allows for the 

accurate estimation of UV-ARP treatment efficacy in new environments if information on geochemical 

solution conditions and UV light source are known. In addition, rate constant estimates provide a means 

of roughly estimating degradation profiles for compounds which k2 are difficult to determine. Overall, the 

model presented here facilitates the quantitative interpretation of the complex effects that solution 

parameters (pH, sensitizer dose, co-constituents, etc.) have on treatment results. 

Reconciling LFP and UV photolysis methods. Bimolecular rate constant for 𝑒𝑎𝑞
−  reactions with 

PFAS are sparsely available in the literature, however they exhibit wide variability when comparing 

results from different studies. Early reports by Anbar et al. and Huang et al. report a k2 value for TFA of 

2.6 × 106 M-1 s-1 and 3.4 × 106 M-1 s-1.50,86 More than a decade later, Maza et al. reported surprising 

findings that TFA yielded a k2 value of 5.0 × 108 M-1 s-1, more than two orders of magnitude higher than 

the previous two studies.87 The other PFCAs studied by Maza et al. also exhibited extremely fast 

reactivity with 𝑒𝑎𝑞
− , and the PFSAs were even more reactive with rate constants ~109 M-1 s-1. This is 



61 

surprising because, as mentioned previously, PFSAs have been reported on multiple occasions to be more 

recalcitrant than PFCAs.85,107 The most recent report of k2 values for 𝑒𝑎𝑞
−  reactions with PFAS measured < 

106 M-1 s-1 and 4.5 × 109 M-1 s-1 for PFBS and PFOS, respectively. It is hard to rationalize why such 

variability exists in the literature. It has been postulated that micellar aggregation of PFAS could decrease 

their rate constants, however variability exists for ultra-short chain structures such as TFA (C2) which do 

not aggregate the way that long chain structures do.  

Importantly, rate constants in the 108-109 M-1 s-1 range are difficult to justify based on UV 

photolysis experiments as well. For example, when using the value reported by Maza et al. (5.0 × 108 M-1 

s-1)87 to simulate TFA degradation during UV-sulfite treatment (data markets in Figure C.10), the model 

predicts destruction of 100% of the target contaminant within minutes (beveled line in Figure C.10). In 

contrast, when using the values reported in our previous work (5.26 × 106 M-1 s-1)122 and by Huang et al. 

(3.4 × 106 M-1 s-1)50, the model prediction significantly improves (solid line and dashed line in Figure 

C.10, respectively). For simplicity, only the pH 9.5 experimental data is shown. Although we were not 

able to measure a k2 value for PFOA (Figure C.7), Huang et al. report a value of 1.7 × 107 M-1 s-1 which 

reflects experimental results well (dashed line in Figure C.10).50 The value reported by Maza et al. again 

predicts complete degradation of the target contaminant within minutes (beveled line in Figure C.10).  

As far as we know, the fundamental kinetics of 𝑒𝑎𝑞
−  reactions with PFAS measured using LFP and 

pulse radiolysis has never been discussed in terms of its practical implication on UV-ARP treatment 

results. Similarly, results from UV photolysis experiments are not discussed in the context of fundamental 

reactivity. That is to say that these two methodologies, although investigating the same reaction, are 

currently taken separately with no link to each other. The model proposed in this work provides a means 

of bridging this gap and reconciling their inconsistencies. An important misalignment between LFP and 

UV photolysis studies involves the effect of pH on reaction kinetics. While observed PFAS degradation 

kinetics in UV-sulfite photolysis experiments are highly dependent on pH, kinetics measured using LFP 

show pH independence above pH 9.0.95,122 Results of the present study conclusively suggest that it is 

variable speciation of nontarget constituents that are responsible for enhanced PFAS degradation at highly 

alkaline conditions, and not decreased H+ scavenging or elevated 𝑒𝑎𝑞
−  reactivity as previously postulated.95 

This finding highlights the importance of characterizing solution conditions prior to treatment to achieve 

maximum contaminant transformation, and the model developed in this study facilitates the estimation 

and optimization of these conditions for practical application. 

The effect of acidic headgroup and chain length on kinetics is another important inconsistency 

between LFP and UV photolysis studies. UV-sulfite and UV-iodide data has suggested that PFSA 

degradation by 𝑒𝑎𝑞
−  increases with increasing chain length while PFCAs show no dependence.107,142 A 

computational study supported these results by reporting that the energy associated with electron 
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attachment increases from the C4-C8 PFSA, while the C3-C8 PFCAs showed little variation.94 In 

contrast, the values recently measured by Maza et al. using LFP show no trend in chain-length for either 

group of structures.87 What’s more is that many PFAS destruction studies (not limited to UV-ARPs) have 

found PFSAs to be more recalcitrant than their PFCA analogues,80,101,125 however Maza et al. report k2 

values for PFSAs to be consistently higher than that of PFCAs.87  

In the current study, the four PFSAs studied show a clear increase in reactivity as chain length 

increases while the five PFCAs studied do not (Figure 4.5). Although the k2 for PFOA was estimated 

using Eq. 4.10, (1.60 × 107 M-1 s-1), it is very close to the value experimentally measured by Huang et al. 

(1.70 × 107 M-1 s-1)50 and therefore still provides useful information regarding the dependence of PFCA 

kinetics on chain-length in LFP studies. Meanwhile, the k2 values for the PFSAs were all estimated using 

Eq. 4.10, preventing claims involving LFP studies and fundamental rate constants, however the increasing 

trend still corroborates UV photolysis findings. Similar plots for kobs can be found in Figure C.11. A table 

of bimolecular rate constants as well as observed rate constants can be found in Table 4.1. 

 

 

Figure 4.5 Influence of chain length on rate constant for PFCAs vs. PFSAs. 
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Table 4.1 Summary of rate constants of per- and polyfluoroalkyl substances. Reaction conditions: 10 mM sodium sulfite, 5 mM sodium bicarbonate. aUnless 

otherwise noted, rate constants are from Amador et al.122 bEstimated bimolecular rate constants. cRate constant determined using LFP in this study. dTenorio 

et al.85 Reaction conditions: 10 mM sodium sulfite, 5 mM sodium bicarbonate, pH 9.5, T = 20 °C.  

Name and 

Abbreviation 

Chain 

Length 
Structure 

 kobs at pH 9.5 kobs at pH 12  

k2 (M-1 s-1)a 
This study (h-1) Literature (h-1) This study (h-1) 

Factor 

increase 

Trifluoromethane 

sulfonate  

(TFMS) 

C1 

 

2.76 × 104 b No deg. N/A 0.039 ± 0.021 N/A 

Trifluoroacetate  

(TFA) 
C2 

 

5.26 × 106 0.259 ± 0.024 N/A 6.21 ± 0.54 ~24 

Perfluoropropionate  

(PFPrA) 
C3 

 

1.64 × 107 0.839 ± 0.099 N/A 6.47 ± 1.67 ~8 

Perfluorobutanoate  

(PFBA) 
C4 

 

1.27 × 107 0.665 ± 0.039 0.306 ± 0.042d 11.92 ± 2.31 ~18 

4,4,4-Trifluorobutyrate 

(TriFBA) 
C4 

 

7.35 × 107 

2.68 × 104 b 
No deg. N/A 0.038 ± 0.0176 N/A 

Perfluorobutane 

sulfonate (PFBS) 
C4 

 

3.81 × 105 b  0.0165 ± 0.012 No deg.d 0.138 ± 0.012 ~8 
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Table 4.1 Continued. 

        

Perfluorohexanoate  

(PFHxA) 
C6 

 

3.84 × 107c 0.967 ± 0.062 0.462 ± 0.003d 20.25 ± 2.28 ~21 

Perfluorohexane 

sulfonate (PFHxS) 
C6 

 

2.02 × 106 b 0.072 ± 0.022 0.018 ± 0.001d 1.13 ± 0.10 ~16 

Perfluorooctanoate  

(PFOA) 
C8 

 

1.60 × 107 b 0.583 ± 0.054 0.649 ± 0.114d 8.46 ± 1.43 ~15 

Perfluorooctane 

sulfonate (PFOS) 
C8 

 

3.92 × 106 b 0.168 ± 0.023 0.080 ± 0.005d 1.47 ± 0.21 ~9 
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4.5 Practical Implications 

Photochemical models are an alternative approach to gaining quantitative information on the 

chemistry of UV-ARPs. The model developed in this work can simulate contaminant decay profiles in 

new environments providing a means for estimating and optimizing efficacy ahead of treatment. In 

addition, this model can quantitatively interpret the complex effects that various system and solution 

parameters have on overall transformation without needing to run multiple batch experiments to ascertain 

the effect of a single variable. This method provides critical insights into the complex roles of pH and 

carbonate quenching on 𝑒𝑎𝑞
−  processes and provides the tools needed to quantify quenching by other weak 

acids simultaneously present (e.g., HSO3
-). The simulations successfully predicted contaminant decay 

profiles in different environments of PFCAs whose k2 values are available. In addition, we measure an 

LFP-derived k2 value for PFHxA which simulated the UV-sulfite data well. Rate constants were estimated 

for PFAS such as PFHxS and PFBS whose k2 values are difficult to determine due to their low solubility 

and low reactivities which allows for many other PFAS structures to be simulated in different conditions 

using the model. Attempts to model the data using recently reported k2 values in the 108-109 range 

severely overpredict degradation and hence are of little practical significance. Further, UV-sulfite 

experiments confirm chain-length dependent kinetics of PFSAs and independence of PFCAs. For the first 

time, we link the methodologies of LFP and UV photolysis and reconcile points of contention especially 

relating to pH effects. Overall, this UV-sulfite photochemical model can predict PFAS decay in different 

environments, quantitatively interpret the effects of source water composition, and facilitate the 

optimization of reaction conditions for maximum contaminant degradation prior to treatment; all which 

will help streamline the development of this treatment method. 
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CHAPTER 5  

CONCLUSIONS AND FUTURE WORK 

 

Water is crucial to support every aspect of life, and although the world’s available water supply is 

limited, it is used carelessly and managed poorly. Urbanization and industrialization produce massive 

amounts of new and diverse chemicals each year which inevitably proliferate in the environment and 

contaminate our already fragile water supply. Per- and polyfluoroalkyl substances are a prime 

representation of the issue of environmental ubiquity and structural diversity. PFAS alone encompass 

over 9,000 unique structures,148 and conventional water treatment methods are largely ineffective at 

remediating their contamination. This highlights the importance of developing innovative treatment 

technologies to keep up with the PFAS production as well as other emerging contaminants of concern.  

Advanced reduction processes (ARPs) based on generation of 𝑒𝑎𝑞
−  have shown promise in 

destroying recalcitrant contaminants at ambient temperatures and pressures using UV light and low-cost 

reducing agents such as sodium sulfite. Significant research efforts have been applied to investigate 

various aspects of 𝑒𝑎𝑞
−  processes for PFAS degradation including different means of 𝑒𝑎𝑞

−  generation (i.e., 

sensitizers), substrate scope, solution conditions, and more. That said, we still do not have a 

comprehensive kinetics model for predicting PFAS transformation by UV-based ARPs using process 

conditions, water quality parameters, and PFAS structure. This thesis tackled this important gap in the 

field, filling in critical data gaps and synthesizing findings from multiple techniques, including (i) 

transient absorption spectroscopy measurements of PFAS reactivity with  𝑒𝑎𝑞
− , (ii) density functional 

theory calculations of PFAS molecular property descriptors, (iii) constant UV irradiation PFAS treatment 

data, (iv) scavenging analysis of non-target natural water constituents, and (v) process kinetics modeling. 

 

5.1 Chapter Summaries 

The photochemical model developed in this thesis provides an alternative approach to optimizing 

the UV-sulfite system and gaining quantitative information of the chemistry of 𝑒𝑎𝑞
−  processes. Each 

chapter contains critical insights necessary for the development of the model. Chapter 1 introduces the 

problem addressed by the thesis, addressing the need for new and innovative water treatment methods to 

deal with the PFAS contamination in water, highlights why UV-ARPs are a promising means for 

remediation, outlines discrepancies in the literature and areas for improvement, and finally, describes the 

ways in which a photochemical model can expedite the use of 𝑒𝑎𝑞
−  processes in practical treatment 

approaches. 
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Chapter 2 applies laser flash photolysis (LFP) methods to accurately measure the bimolecular rate 

constants of 𝑒𝑎𝑞
−  reactions with PFAS and density functional theory to propose a mechanism by which 

these reactions occur. Through these efforts, we report that ultra-short chain fluorocarboxylates exhibit 

wide ranging reactivity with 𝑒𝑎𝑞
−  despite structural similarities of the compounds in the dataset. In 

addition, we postulate that nondegradative mechanisms are prevalent for environmentally relevant 

structures posing serious issues for 𝑒𝑎𝑞
−  treatment processes in practice. 

While Chapter 2 concerns the kinetics of the reactions between 𝑒𝑎𝑞
−  and target contaminants, 

Chapter 3 investigates the kinetics of 𝑒𝑎𝑞
−  reactions with common non-target water constituents. 

Specifically, Chapter 3 reports on the influence that dissolved carbonate speciation has on 𝑒𝑎𝑞
−  treatment 

processes by using LFP and nonlinear regression analysis to determine species-specific k2 values for the 

carbonate system. These values allow for the quantitative comparison of the impact of carbonate to that of 

common water constituents such as H+, NO3
-, and O2 and the UV sensitizer SO3

2-. In this chapter, we 

show that dissolved CO2(aq), the dominant carbonate species under acidic pH conditions is an efficient 𝑒𝑎𝑞
−  

scavenger, and its presence at even trace levels can significantly inhibits UV-ARP treatment efficacy at 

higher pH conditions where UV-ARPs are typically applied. 

Finally, in Chapter 4 we adapted a photochemical model introduced by Li et al.84 to predict UV-

sulfite treatment of individual PFASs in water with different characteristics (e.g., pH, dissolved carbonate 

concentration) using data collected in Chapters 2 and 3 as key model input. This model can be used to 

estimate the performance of UV-sulfite treatment for PFAS remediation in different environments by 

accounting for certain aspects regarding geochemical solution conditions and UV light source. For most 

PFASs studied, the model successfully predicts marked variations in PFAS degradation kinetics that were 

observed depending on PFAS structure, pH, and dissolved carbonate concentration. Thus, the resulting 

model will be a valuable tool for engineers designing and applying UV-sulfite and other UV-ARPs for 

remediation of PFAS-contaminated water with diverse site conditions. The fifth and concluding chapter 

then summarizes key findings and contributions from the thesis and provides strategic recommendations 

for future directions regarding the development of UV treatment methods for PFAS remediation. 

 

5.2 Future Work 

Integration of oxidation and reduction processes to enhance the performance of UV treatment 

UV-ARPs are an attractive means for contaminant remediation because they operate at ambient 

temperatures and pressure, are low cost, produce innocuous byproducts, and their means of activation 

(i.e., UV light and sulfite) are already widely used in water treatment. Perhaps the biggest challenge 

facing the use of UV-ARPs for PFAS degradation is its inability to completely mineralize the target 
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contaminant in reasonable time. However, the success of UV-ARPs in transforming the most recalcitrant 

perfluorinated structures (e.g., PFOA, PFOS, PFBA, PFBS), which stems from the high reactivity of 𝑒𝑎𝑞
−  

with highly oxidized functional groups, such as carbon-halogen bonds, has elicited significant attention in 

environmental remediation due to its ability to directly cleave C-F bonds. Because of this high reactivity 

with C-F, 𝑒𝑎𝑞
−  treatment tends to leave behind hydrogen-rich residues (e.g., fluorotelomers) which are far 

less reactive towards 𝑒𝑎𝑞
− .  

Oxidation processes exhibit reactivity towards contrasting PFAS moieties. While transformation 

of PFAS by reduction preferentially cleaves C-F bonds, transformation by oxidation preferentially cleaves 

C-H and C-C bonds. The products of these reactions are polyfluorinated and chain-shortened compounds, 

respectively. As these reactions proceed, the degradation products formed from each process become less 

and less reactive in that system. For example, the polyfluorinated compounds formed from ARPs are less 

reactive towards reductive species (𝑒𝑎𝑞
− ) while the short-chain perfluorinated compounds formed from 

AOPs are unreactive towards oxidative species (e.g., OH). Interestingly, the degradation products of each 

process, while recalcitrant in the original system, is reactive in the other. Therefore, these two methods 

have opposite strengths and taken together could yield significant synergistic effects. 

Integrated oxidative-reductive processes have recently been investigated, however the two 

processes were performed in separated batch reactors which complicates its operation.125 The 

simultaneous production of highly reductive and oxidative radicals in the same reactor could reap the 

benefits of both systems and achieve deep defluorination of structurally diverse PFAS compounds. A 

significant challenge of creating an integrated oxidative-reductive system is that the radicals generated 

from the disparate sensitizers will quench each other. However, if one could separate the radicals, perhaps 

on different surfaces or catalyst layers, then the simultaneous generation of oxidative and reductive 

radicals can be achieved in the same system. Photocatalysts could help achieve this separation by 

concentrating the production of radicals on the catalyst surface. In addition, catalysts are advantageous 

because they are capable of continuously producing reactive species with high turnover numbers allowing 

for elevated concentrations of the reactive species over the course of the reaction. Various photocatalysts 

such as BN (boron nitride),149 indium oxide (In2O3),150 and β-Ga2O3
151 have already been shown to 

successfully degrade PFOA through oxidation by reactive oxygen species (e.g., O2
-, OH), although have 

had little success for sulfonates such as PFOS. Coupling UV-ARP processes that reduce perfluoroalkyl 

sulfonic acids to the corresponding fluorotelomer sulfonates (FTSs) followed by oxidation of the FTSs to 

shorter chain perfluorocarboxylic acids (PFCAs), with process repetition sequentially shortening the 

PFCA chain, could provide a means to mineralization of PFASs. In addition, a potentially interesting and 

practical source of oxidative radicals is dissolved organic matter (DOM). Upon absorption of light, DOM 

undergoes a series of photophysical and photochemical processes to generate various reactive 
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intermediates such as hydroxyl radical (OH), singlet oxygen (1O2), and triplet state DOM (3DOM*). If 

DOM, either naturally occurring or artificially added, could be sorbed onto a catalyst support (e.g., 

graphene, silica) by mixing, simple oxidative localities could be present in the system. 

Photocatalysts producing 𝑒𝑎𝑞
−  are far less studied, however a water-soluble iridium catalyst has 

been reported to degrade chloroacetate by 𝑒𝑎𝑞
−  reduction.152 Iridium is not an ideal catalyst for water 

treatment because it is a rare, precious metal, however it is likely that other photocatalysts can produce 

𝑒𝑎𝑞
−  as well. While it would be interesting to see if the iridium catalyst proposed by Kerzig et al.152 is 

capable of degrading PFAS, it is perhaps of more practical importance to investigate cheaper materials 

capable of generating 𝑒𝑎𝑞
−  upon irradiation. The incorporation of both photocatalysts into the same system 

could result in the deep defluorination of structurally diverse PFAS compounds. Moreover, BN and β-

Ga2O3 are heterogenous catalysts and exist as a slurry whereas the iridium catalyst is water soluble. The 

separation of these materials into two different phases could inhibit the recombination of oxidative and 

reductive radicals increasing their availability for contaminant degradation. Regardless, there are 

countless photocatalysts, supports, and modifications to explore for UV treatment of water. 

 

Impact of dissolved organic matter on hydrated electron processes 

Reactivity of 𝑒𝑎𝑞
−  reactions with common water constituents is important in assessing the efficacy 

of ARPs in natural waters because 𝑒𝑎𝑞
−  are rapidly quenched by various nontarget constituents. Chapter 3 

of this thesis identified ubiquitous carbonate species as efficient 𝑒𝑎𝑞
−  quenchers and provided species-

specific k2 values for each. This allows the effect of alkalinity, which is coupled with pH, to be 

quantitatively described. The kinetics of 𝑒𝑎𝑞
−  with many common ions such as PO4

3-, NO3
-, and Cl- have 

also been previously reported, but data is currently lacking for another likely 𝑒𝑎𝑞
−  quencher, dissolved 

organic matter (DOM). Despite its ubiquity in natural waters, the reactivity between DOM and 𝑒𝑎𝑞
−  

remains unexplored save for qualitative results reported in batch experiments.64,65,153 DOM is a complex, 

soluble organic compound with no definitive structure. This makes deriving accurate properties and 

kinetics values difficult because of its variability. Humic acid (HA) is composed of several carbonyl-

containing functional groups such as aldehydes, ketones, and quinones and is often used as a surrogate for 

DOM. Using HA as a model compound, it could be possible to estimate a kapp value for 𝑒𝑎𝑞
−  with DOM 

which is of significant practical interest. Despite organic matter being ubiquitously present in many water 

matrices such as surface freshwater, municipal wastewater, groundwater, and landfill leachate,154–156 no 

studies exist solely focusing on the effect of DOM in various 𝑒𝑎𝑞
−  systems. Importantly, the impact of HA 

on 𝑒𝑎𝑞
−  processes is dependent on sensitizer system (e.g., iodide, sulfite, NTA, etc.) and both enhancement 

and inhibition have been reported due to its presence. There are many mechanisms by which HA can 
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affect UV-ARPs such as UV blocking as well as quenching and production of 𝑒𝑎𝑞
−  and other reactive 

species. Because of the importance of DOM in PFAS-contaminated matrices, a systematic study should 

be conducted investigating the competitive effects of each enhancement and inhibiting mechanisms for 

each sensitizer system. 

 

Quantitative structure-activity relationships to predict bimolecular rate constants for hydrated 

electron reactions with PFAS 

This thesis provides k2 values for thirteen ultra-short chain fluorocarboxylates, ten of which have 

not been measured previously. Chapter 2 reports that PFAS reactivity with 𝑒𝑎𝑞
−  can vary drastically based 

on molecular structure, and Chapter 4 highlights the sensitivity of UV-ARP treatment efficacy to k2 value 

of the target contaminant with 𝑒𝑎𝑞
− . Together, these results suggest that accurate k2 values are of utmost 

importance in assessing the ability of UV-ARPs to transform contaminants. Determining k2 values for 

PFAS is achieved through LFP and pulse radiolysis methods using Stern-Volmer analysis. This technique 

requires high concentrations of the target contaminant to significantly alter 𝑒𝑎𝑞
−  lifetime. Because the 

critical micelle concentration (CMC) of many PFAS compounds is relatively low,157 it is difficult to 

measure k2 values of many structures in this manner. Furthermore, each year many new PFASs are 

introduced by industry, and experimental measurement of all possible structures is time-consuming. It 

follows that development of methodologies for predicting k2 values for reactions of 𝑒𝑎𝑞
−  with PFAS 

structures a priori is a critical need for application of UV-ARPs in the future. 

Establishing quantitative structure activity relationships (QSARs) is a computational means to 

correlate molecular structure with chemical reactivity. Once a sufficient QSAR model is established, it 

can yield reactivity estimates with minimal additional effort. Li et al. established a QSAR model for 

aliphatic compounds with 𝑒𝑎𝑞
−  that is based on various molecular descriptors with the energy of the lowest 

unoccupied molecular orbital (ELUMO) being the most weighted. The R2 values for their model was 0.751 

which indeed shows correlation, however even a factor of 1.2 difference in k2 can yield a significant 

impact on degradation.109 It is possible that the model formulated by Li et al could be tailored for PFAS 

reactivity specifically, if more k2 values were known. With the recently reported Re-,UV method,133 it 

becomes possible to derive k2 values for minimally soluble PFAS compounds from observed rate 

constants (kobs) and hydrated electron concentration. Building a QSAR model specifically for 𝑒𝑎𝑞
−  

reactions with structurally diverse PFAS could significantly improve the estimation of k2 values allowing 

for the accurate prediction of degradation profiles of environmentally relevant structures. Computational 

tools like DFT can also be employed to calculate important molecular property descriptors for the 

growing number of PFAS structures. 
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Impact of additional reactive species on the results of UV-ARPs 

An interesting finding in the literature involves pH condition and degradation products. Qu et 

al.121 and Bentel et al.95 report the detection of disparate degradation products when photolysis was 

performed at different pH conditions. In both studies, the authors report the generation and accumulation 

of chain-shortened products at lower pH values whereas at high pH values chain-shortened products 

formed in minimal amounts then decayed away. This indicates that at lower pH conditions (pH ≤ 9), C-C 

bond cleavage is an important pathway with further degradation of the chain-shortened products being 

inhibited, while C-F bond cleavage presides at higher pH. Moreover, C-C bonds are not known to be 

amenable towards reactions with 𝑒𝑎𝑞
−  as evidenced by the negligible transformation of nonfluorinated 

carboxylic acids such as butanoic acid,122 suggesting that a different reactive species could be responsible 

for C-C bond cleavage at pH ≤ 9. On that note, it is generally surprising that chain-shortened products are 

observed in reductive systems since these are the main transformation products of oxidative reactions 

which undergo an entirely different mechanism. 

The presence of oxidative species could be responsible for generating chain-shortened products. 

For example, sulfite radical anion (𝑆𝑂3
∙−) generated from sulfite photolysis was postulated to be 

responsible for the transformation of vinyl chloride which corroborates previous work suggesting that 

𝑆𝑂3
∙− is a mild oxidant.158 Other reductive species such as the hydrogen atom (H), generated from the 

quenching of 𝑒𝑎𝑞
−  by various acids (e.g., HSO3

- and H+), could also play a role in PFAS transformation 

through C-C bond rupture. Because HSO3
- and H+ are more abundant at lower pH conditions, it is feasible 

that 𝑒𝑎𝑞
−  is mostly consumed by these species making H the dominant reactive radical.144 Other reactive 

species present which could participate in contaminant transformation in UV-ARP systems are CO2 

radical anion (𝐶𝑂2
∙−; generated from the reaction of CO2(aq) and 𝑒𝑎𝑞

− ), superoxide radical anion (𝑂2
∙−; 

generated from the reaction of DO with 𝑒𝑎𝑞
− ), and reactive nitrogen species (RNS) when nitrate is present. 
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APPENDIX A  

SUPPLEMENTARY INFORMATION FOR CHAPTER 2 

 

A.1 Methods 

Reagents. All chemicals were used as received without further purification. Sodium 

heptafluorobutyrate (98%); sodium pentafluoropropionate (98%); 4,4,4-trifluorobutyric acid (98%); and 

3,3,3-trifluoropropanoic acid (98%) were purchased from Oakwood Chemical. Sodium trifluoroacetate 

(97%); difluoroacetic acid, sodium salt (97%); sodium monofluoroacetate (99%); and 2H-

perfluorobutyric acid (97%) were purchased from abcr. 2,2,3,3-tetrafluoropropanoic acid (95%); 2,2-

difluoropropanoic acid (95%); and 2,3,3,3-tetrafluoropropanoic acid (95%) were purchased from 

Enamine. 2,2-difluorobutanoic acid (97%) was purchased from Aaron Chemicals. 2-fluoropropanoic acid 

(97%) was purchased from Manchester Organics. Butanoic (≥ 99%) and propanoic (≥99.5%) acid were 

purchased from Sigma-Aldrich. Glacial acetic acid (99  ̶100%) was purchased from Macron Fine 

Chemicals. Potassium ferricyanide (100.2%), sodium chloride (100.5%), and sodium hydroxide (97.5%) 

were purchased from Fisher Chemical. Sodium borate, tetra (99.5  ̶101.5%) was purchased from Baker & 

Adamson. Potassium ferrocyanide (101.3%) was purchased from J.T. Baker. 

Solution Preparation. Deoxygenated water was used to prepare all solutions inside an anaerobic 

glovebox to eliminate scavenging of 𝑒𝑎𝑞
−  by oxygen. Briefly, this was prepared by boiling nanopure water 

for 3 h while stirring and sparging with N2(g). Stock solution concentrations are summarized in Table A.1. 

All reactions were performed in the following conditions unless otherwise stated: fifteen separate cuvettes 

were prepared containing triplicates of 0, 10, 20, 40, and 50 mM quencher along with 40 µM K4Fe(CN)6, 

10 µM K3Fe(CN)6 in 40 mM borate buffer at pH 9.2 (25 ml total for each sample). The pH value 9.2 was 

selected because it is commonly used in hydrated electron treatment studies 41,53,84. Borate buffer was 

chosen because it is known to be unreactive towards the hydrated electron and absorbs negligibly at 254 

nm 60,144. Ionic strength of all solutions was fixed at 0.63 by adding NaCl to balance ionic strength 

contributions from the quencher and pH buffer. The elevated ionic strength was used to ensure that this 

variable could be fixed while adding relatively high concentrations of the target quenchers (up to 60 mM 

for fluorocarboxylates; up to 500 mM for unfluorinated carboxylates). While use of up to 60 mM 

fluorocarboxylate is beneficial in LFP experiments for determining k2 values, these elevated 

concentrations are not required for UV-ARPs in practice. In fact, constant irradiation experiments are 

often conducted in systems containing ppt – ppb levels of PFAS which are typical of PFAS-contaminated 

waters 81,85,107. We also note that any 𝑒𝑎𝑞
−  quenching due to added buffer or electrolyte will be accounted 

for in the fluorocarboxylate blank sample since these concentrations were kept constant in each 
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measurement. This point is highlighted by the data provided in Figure A.1, which shows that 𝑒𝑎𝑞
−  lifetime 

in the absence of added fluorocarboxylate quencher was found to be similar for all measurements done at 

the same excitation wavelengths, i.e., 254 nm and 266 nm (Figure A.1). 𝑒𝑎𝑞
−  lifetime data for PFBA at pH 

9.5 and 12 (Figure A.1) also shows that background quenching at the two different pH conditions are 

within error of each other.  

The 25 ml samples were prepared in 50 ml centrifuge tubes before transferring triplicate 2.75 ml 

aliquots to quartz cuvettes, capping, and covering with parafilm. Cuvettes were then removed from the 

glovebox and immediately used in laser flash photolysis experiments. The remaining solution was used to 

check the pH of the sample before flash photolysis. To ensure pH was constant during reactions, pH was 

also measured after flash photolysis by pooling solutions from the three replicate cuvettes. For 

experiments conducted at pH 12, borate buffer was excluded and 1 M NaOH was used to set the pH 

value. 

 

Table A.1 Chemical concentrations of stock solutions used in experiments. aFluorocarboxylate stock 

solutions were prepared in deoxygenated water from chemicals containing no organic cosolvent to avoid 

artifacts such as 𝒆𝒂𝒒
−  reacting with non-target constituents. 

Solution 
 

Component Concentration (mM) 

Salt offset NaCl 500 

Potassium ferricyanide K3Fe(CN)6 10 

Potassium ferrocyanide K4Fe(CN)6 • 3H2O 10 

Buffer and electrolyte 
Na2B4O7 • 10H2O 50 

NaCl 500 

Fluorocarboxylates, sodium salta Various  500 

Fluorocarboxylates, acid forma 
Various 500 

NaOH 500 
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Figure A.1 Lifetime of 𝒆𝒂𝒒

−  in the absence of added fluorocarboxylate quencher (i.e, the 0 mM control 

samples) using excitation wavelengths: (A) 254 nm and (B) 266 nm.
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TFA Kinetic Data Obtained Using 254 and 266 nm Light Sources.  

 
Figure A.2 TFA Stern-Volmer plots determined following Fe(CN)6

4-
 photolysis by 254 nm (left) and 266 

nm (right) light. Detailed solution conditions can be found in Figure 2.1. 
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Density functional theory parameter equations for global properties. 

 

Table A.2 Equations used to calculate global properties of fluorocarboxylates using DFT-calculated 

properties. 

 DFT parameter Shorthand Equation  

 Ionization Potential IP −𝐸𝐻𝑂𝑀𝑂 Eq. S.1 

 Electron Affinity EA −𝐸𝐿𝑈𝑀𝑂 Eq. S.2 

 HOMO-LUMO Gap EHOMO ̶ ELUMO 𝐸𝐻𝑂𝑀𝑂 −  𝐸𝐿𝑈𝑀𝑂 Eq. S.3 

 Dipole δ As is Eq. S.4 

 
Hardness η 

𝐼𝑃 − 𝐸𝐴

2
 

Eq. S.5 

 
Softness S 

1

𝐼𝑃 − 𝐸𝐴
 

Eq. S.6 

 
Chemical Potential ̶ χ −

𝐼𝑃 + 𝐸𝐴

2
 

Eq. S.7 

 
Electrophilicity Index ω 

𝜒2

2𝜂
 

Eq. S.8 

 

Density functional theory equations for global properties. Bond dissociation energies (BDEs) were 

calculated by taking the difference in enthalpies of the optimized geometries of the products and reactants 

after breaking each unique C-C and C-F bond, as depicted in Figure A.3. 𝐸𝑠
° was calculated using similar 

geometries with the calculated Gibbs free energy used in the Nernst equation. 

 

 
Figure A.3 Example calculation of BDE and 𝑬𝒔

°  of PFBA determined using the ωB97-XD/aug-cc-pVDZ 

basis set and level of theory. The SMD implicit solvent model to mimic an aqueous solution environment 

and all PFCAs were taken to be in the anionic state. “H” denotes enthalpy, while G, n, F, and SHE 

represent Gibbs free energy, number of electrons transferred, Faraday’s constant, and the standard 

hydrogen electrode, respectively. 
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A.2 Chemical Interpretations of Select DFT Parameters 

Chemical interpretations of select DFT parameters are discussed. Only those which are not 

commonly encountered are considered. Hardness (η) and chemical potential (-χ) both describe chemical 

changes within a system. While η describes a molecule’s resistance to charge transfer,159 -χ characterizes 

a molecule’s general tendency to form new substances.160 Compounds with small η values can be said to 

be less resistant towards charge transfer, while those with large  -χ can be said to have a greater tendency 

to react and form a new substance. In both cases, this would conceptually describe a compound amenable 

to change. The inverse of η is softness (S); a soft molecule could describe one with low (or zero) positive 

charge, or one that is easily polarizable;161 consequently, softness describes a molecule’s tendency to 

undergo charge transfer. The last molecular property of interest is electrophilicity index (ω), which 

measures the electrophilic power of a compound. This could be seen as a molecule ability to “soak up” 

electrons.162 Negative values of ω correspond to a positive change in energy of the system (ΔE > 0) when 

it “soaks up” electrons. Therefore, less negative values correspond to more favorable charge transfer 

process. 

  



92 

A.3 Additional data 

Effects of Solution Conditions on hydrated electron lifetime. 

 
Figure A.4 Effects of (A) pH and (B) ionic strength on lifetimes of 𝒆𝒂𝒒

−  in the absence of fluorocarboxylate 

quenchers, along with comparison of the kinetics of 𝒆𝒂𝒒
−  reaction with PFBA measured at (C) pH 9.2 and 

pH 12, and (D)  = 0.2 and 0.63. Solution conditions are the same as those in Figure 1. Ionic strength in 
(A) kept constant at 0.63 using NaCl. Solution pH in (B) titrated to pH 12 using 1 M NaOH (no buffer). 
Ionic strength in (C) is 0.63. Solution pH in (D) is 9.2.  

Rate constant ionic strength extrapolation. 

 

 

Figure A.5 Plots showing influence of ionic strength on measured logk2 values for PFBA and TFA, 

including data from the present study (blue symbols) and data previously reported by Huang et al. 50 

(black symbols). Dashed blue lines show extrapolation of the trend reported by Huang and co-workers to 

conditions used in the present study.
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Hydrated electron lifetime in the presence of sub-millimolar concentrations of various 

fluorocarboxyaltes. 

 

 
Figure A.6 Hydrated electron lifetime measurements in the absence and presence of various 

fluorocarboxylates added at a concentration of 0.1 mM. Other solution conditions: 40 µM K4Fe(CN)6, 10 

µM K3Fe(CN)6, 40 mM borate buffer, pH 9.2, ionic strength kept constant at 630 mM using NaCl. 
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Stern-Volmer plots for mono-, di-, and trichloroacetate. 

 
Figure A.7 Stern-Volmer plots for mono-, di-, and trichloroacetate reduction by 𝑒𝑎𝑞

−  produced at similar 

conditions as those described in Figure 2.1. 

 

Global molecular property descriptors. 

Table A.3 Global molecular properties of fluorocarboxylates in the anionic singlet state calculated by 

density functional theory. 

No. 
carbons  

Substratea  IP 
 (eV) 

EA 
(eV) 

HOMO  ̶
LUMO Gap 

(eV) 

δ 
(Debye) 

η 
(eV) 

S 
(meV-1) 

̶ χ 
(eV) 

ω 
(eV) 

2 TFA 9.73 -2.10 11.8 6.19 5.92 -84.5 -3.812 1.23 
 DFA 9.48 -1.37 10.9 6.50 5.43 -92.2 -4.054 1.51 
 MFA 9.27 -1.35 10.6 6.42 5.31 -94.2 -3.960 1.48 

3 PFPrA 9.72 -1.79 11.5 8.47 5.76 -86.9 -3.964 1.36 
 2H-PFPrA 9.49 -1.38 10.9 9.01 5.44 -92.0 -4.055 1.51 
 3H-PFPrA 9.64 -1.38 11.0 8.00 5.51 -90.7 -4.128 1.55 
 TriFPrA 9.17 -1.36 10.5 9.60 5.26 -95.0 -3.907 1.45 
 DiFPrA 9.39 -1.32 10.7 8.16 5.36 -93.3 -4.035 1.52 
 MFPrA 9.20 -1.31 10.5 8.22 5.26 -95.1 -3.949 1.48 

4 PFBA 9.71 -1.80 11.5 11.7 5.76 -86.8 -3.957 1.36 
 2H-PFBA 9.49 -1.40 10.9 12.4 5.44 -91.9 -4.046 1.50 
 TriFBA 8.99 -1.37 10.4 12.6 5.18 -96.5 -3.811 1.40 
 DiFBA 9.36 -1.25 10.6 10.2 5.30 -94.3 -4.052 1.55 

aFull names and structures of individual fluorocarboxylates provided in Table 1. 
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Bond Dissociation Energy and Reduction Potential Values. 

 
Figure A.8 Bond dissociation energies for each unique C-C and C-F bond in the fluorocarboxylate 

structures. Values provided in kcal/mol and are separated by two carbon (left), three carbon (middle), and 

four carbon (right) compounds. Bonds highlighted in red depict strong bonds that are relatively hard to 

break (≥ 100 kcal/mol), while yellow and green depict moderate (90 ̶ 100 kca/mol) and weak (< 90 

kcal/mol) bonds, respectively. Red atoms = oxygen; blue = fluorine; grey = hydrogen. 
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Figure A.9 Reduction potentials in volts for each unique C-F bond.  As before, these are separated by 

four, three, and two carbon compounds. Values in red represent bonds that are relatively hard to reduce (≥ 

2 V), while yellow and green depict moderately (1.7  ̶1.9 V) and easily (< 1.7 V) reducible bonds, 

respectively. 
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Figure A.10 (Left) Transient absorbance traces depicting the decay of the characteristic 690 nm 𝒆𝒂𝒒

−  peak 

after photolyzing K4Fe(CN)6 with 254 or 266 nm light (specified in Table 2.1). (Right) Corresponding 

Stern-Volmer plots. Error bars represent one standard deviation, and uncertainties of the k2 values 

represent standard errors of the regression-derived slope values using the linest function in Excel. 

Solution conditions the same as Figure 2.1.  
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Figure A.10 Continued. 
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Figure A.10 Continued. 
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Figure A.10 Continued. 
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Optimized ωB97-XD/aug-cc-pVDZ geometries in SMD. 

 

Table A.4 Optimized ωB97-XD/aug-cc-pVDZ geometries in SMD. 

Trifluoroacetate (TFA) - Charge = -1 Multiplicity = 1 

C 0 1.234438 -0.93491 0.222272 

C 0 -0.24679 -0.46595 0.082474 

O 0 -0.88065 -0.91519 -0.89149 

O 0 -0.61467 0.316403 0.984358 

F 0 1.435651 -1.57203 1.398435 

F 0 1.62863 -1.77643 -0.74985 

F 0 2.083883 0.117728 0.198474 

 

Difluoroacetate (DFA) - Charge = -1 Multiplicity = 1 

C 0 -0.52891 0.005426 -0.02025 

C 0 1.015214 0.020126 0.006813 

O 0 1.595948 1.127418 0.024751 

O 0 1.528925 -1.12561 -0.00612 

F 0 -0.99266 -0.62892 1.115282 

F 0 -1.0632 1.267218 0.006056 

H 0 -0.93386 -0.52063 -0.89278 
 

Monofluoroacetate (MFA) - Charge = -1 Multiplicity = 1 

C 0 -0.52619 0.024879 0.019179 

C 0 0.99792 -0.01317 0.008869 

O 0 1.52959 0.909914 -0.66922 

O 0 1.597179 -0.91456 0.643613 

F 0 -1.08484 -1.0149 0.782532 

H 0 -0.90714 -0.07734 -1.00478 

H 0 -0.87131 0.971909 0.452596 
 

Perfluoropropionate (PFPrA) - Charge = -1 Multiplicity = 1 

C 0 1.205033 -0.74987 0.211816 

C 0 -0.33842 -0.48718 0.172599 

O 0 -0.85006 -0.52215 -0.96411 

O 0 -0.86515 -0.25411 1.278502 

C 0 2.04887 0.532603 0.034226 

F 0 1.783267 1.411424 1.009862 

F 0 1.784928 1.115 -1.14228 

F 0 3.35936 0.251931 0.073845 

F 0 1.583924 -1.30826 1.393455 

F 0 1.584257 -1.6082 -0.77442 
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Table A.4 Continued. 

2,3,3,3-tetrafluoropropanoate (2H-PFPrA) - Charge = -1 Multiplicity = 1 

C 0 -0.05633 0.467708 0.05026 

C 0 -1.44819 -0.19609 -0.09598 

O 0 -2.06421 -0.46826 0.956367 

O 0 -1.81863 -0.38188 -1.28036 

C 0 1.079501 -0.43635 -0.42477 

F 0 1.022994 -1.66011 0.141651 

F 0 2.280098 0.086597 -0.10239 

F 0 0.224642 0.768414 1.377217 

H 0 -0.0172 1.397823 -0.52926 

F 0 1.065946 -0.60619 -1.75607 
 

2,2,3,3-tetrafluoropropanoate (3H-PFPrA) - Charge = -1 Multiplicity = 1 

C 0 0.203281 0.546623 -0.15832 

C 0 1.537581 -0.24277 0.002137 

O 0 2.254501 -0.36125 -1.0105 

O 0 1.720941 -0.68157 1.160303 

C 0 -1.02983 -0.31419 0.13477 

F 0 -1.06834 -1.33259 -0.77536 

F 0 -2.15814 0.431908 -0.04524 

F 0 0.184361 1.598112 0.723359 

F 0 0.073317 1.083998 -1.40341 

H 0 -1.02612 -0.72673 1.148414 
 

3,3,3-trifluoropropanoate (TriFPrA) - Charge = -1 Multiplicity = 1 

C 0 0.226878 -0.36047 -0.8538 

C 0 1.553048 -0.00847 -0.15147 

O 0 2.29129 -0.97205 0.183684 

O 0 1.805186 1.212509 0.024769 

C 0 -0.97888 -0.03567 -0.01586 

H 0 0.181812 -1.43225 -1.07161 

H 0 0.135106 0.203774 -1.78951 

F 0 -1.17465 1.288457 0.1749 

F 0 -0.9164 -0.59124 1.220751 

F 0 -2.11958 -0.50464 -0.58244 
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Table A.4 Continued. 

2,2-difluoropropanoate (DiFPrA) - Charge = -1 Multiplicity = 1 

C 0 -0.02609 0.450715 0.032736 

C 0 -1.4397 -0.16798 -0.14484 

O 0 -1.91251 -0.76956 0.84741 

O 0 -1.9475 -0.0484 -1.28493 

C 0 1.091137 -0.46187 -0.39441 

F 0 0.045886 1.639486 -0.67492 

F 0 0.157178 0.824016 1.352303 

H 0 0.966907 -0.71993 -1.45219 

H 0 1.060115 -1.37936 0.205044 

H 0 2.053666 0.042044 -0.24611 
 

2-fluoropropanoate (MFPrA) - Charge = -1 Multiplicity = 1 

C 0 -0.51873 0.031088 0.050003 

C 0 1.013141 0.024002 -0.0342 

O 0 1.643463 1.088706 0.182755 

O 0 1.518282 -1.09382 -0.3334 

C 0 -1.17574 -0.15105 -1.30255 

F 0 -0.97282 1.253834 0.60252 

H 0 -0.89073 -1.12383 -1.72106 

H 0 -0.85828 0.638867 -1.99639 

H 0 -2.26739 -0.1234 -1.19842 

H 0 -0.83548 -0.74899 0.754314 
 

Perfluorobutanoate (PFBA) - Charge = -1 Multiplicity = 1 

C 0 1.208096054 -0.781809703 0.196053419 

F 0 1.517274933 -1.35556174 1.391878265 

F 0 1.590582932 -1.656099098 -0.773648585 

C 0 -0.3286993 -0.476047966 0.11737567 

O 0 -0.880643606 -0.746938315 -0.965607384 

O 0 -0.80821861 0.017299202 1.15848437 

C 0 2.072904029 0.498828401 0.048079972 

F 0 1.614303295 1.217868162 -1.004596443 

F 0 1.94482022 1.250485138 1.162505324 

C 0 3.593958346 0.27380965 -0.185375298 

F 0 3.824018655 -0.245596332 -1.392681737 

F 0 4.23038546 1.448515177 -0.108490102 

F 0 4.103916593 -0.542946576 0.74099653 
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Table A.4 Continued. 

2H-perfluorobutanoate (2H-PFBA) - Charge = -1 Multiplicity = 1 

C 0 -0.84234 -0.47549 0.210621 

F 0 -0.59213 -0.68351 1.563073 

C 0 -2.23203 0.174022 -0.01269 

O 0 -2.60264 0.211498 -1.21022 

O 0 -2.8425 0.582178 0.99809 

C 0 0.286784 0.41215 -0.32106 

F 0 0.254118 0.440662 -1.67669 

F 0 0.147693 1.694075 0.118715 

C 0 1.720951 -0.03859 0.076291 

F 0 1.8921 -1.34107 -0.18611 

F 0 2.625623 0.651501 -0.63153 

F 0 1.965253 0.171985 1.371803 

H 0 -0.79732 -1.44543 -0.29756 

4,4,4-trifluorobutanoate (TriFBA) - Charge = -1 Multiplicity = 1 

C 0 -2.29251 0.028336 -0.02491 

C 0 -0.88024 -0.54787 0.097631 

H 0 -0.48773 -0.33903 1.099356 

H 0 -0.91773 -1.63288 -0.05583 

C 0 0.023663 0.094019 -0.95867 

H 0 -0.352 -0.10426 -1.97008 

H 0 0.082455 1.180739 -0.81858 

C 0 1.433531 -0.42433 -0.91275 

O 0 -3.07791 -0.51978 -0.85048 

O 0 -2.58045 1.031662 0.688286 

F 0 2.217913 0.15904 -1.85259 

F 0 1.51417 -1.76032 -1.13088 

F 0 2.042212 -0.20115 0.278124 

2,2-difluorobutanoate (DiFBA) - Charge = -1 Multiplicity = 1 

C 0 -1.25807 0.035195 0.036068 

C 0 0.16275 -0.56529 0.211972 

C 0 1.264904 0.388302 -0.1942 

H 0 1.07358 0.67041 -1.23814 

H 0 1.143395 1.29362 0.414889 

C 0 2.667955 -0.18745 -0.03549 

H 0 2.809669 -1.07673 -0.66243 

H 0 3.407066 0.563093 -0.34174 

H 0 2.874094 -0.45967 1.007365 

O 0 -1.81701 -0.17167 -1.06664 

O 0 -1.69018 0.712012 0.999479 

F 0 0.261153 -1.74118 -0.51052 

F 0 0.333858 -0.95751 1.529062 
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APPENDIX B  

SUPPLEMENTARY INFORMATION FOR CHAPTER 3 

 

B.1 Methods 

Reagents.  

Constant irradiation and LFP experiments. All chemicals were used as received without further 

purification. Potassium ferricyanide (100.2%), sodium chloride (100.5%), sodium hydroxide (97.5%), and 

sodium bicarbonate (99.7%-100.3%) were purchased from Fisher Chemical. Sodium borate, tetra (99.5 ̶ 

101.5%) was purchased from Baker & Adamson. Potassium ferrocyanide (101.3%) was purchased from 

J.T. Baker. Hydrochloric acid (36.5%-38% was purchased from Macron Fine Chemicals. Sodium sulfite 

(≥ 98%), and perfluorooctane sulfonate (98%) were purchased from Sigma-Aldrich. 

Deoxygenated water was used to prepare all solutions inside an anaerobic glovebox (Coy Labs) to 

eliminate scavenging of 𝑒𝑎𝑞
−  by dissolved oxygen, unless otherwise noted. Briefly, this was prepared by 

boiling nanopure water for 3 h while stirring and sparging with N2(g). After sparging, the deoxygenated 

water was transferred into the glovebox and allowed to equilibrate with the atmosphere (97% N2(g), 3% 

H2(g)) overnight while stirring. 

LC-QqQ-MS analysis. Optima® HPLC-grade ammonium hydroxide solution (AmOH), Optima® 

HPLC-grade ammonium acetate (AmAc). Optima® HPLC-grade water, and Optima® HPLC-grade 

methanol were purchased from Fischer Scientific. 

Method for constant UV-sulfite irradiation experiments and analysis.  

Photoreactions. Stock solutions for constant irradiation experiments are summarized in Table 

B.1. Final reaction volume was 575 ml for all constant irradiation experiments, and pH was adjusted to 

pH 10 using 1 M NaOH and buffered using 5 mM borate. Sodium tetraborate was used as a buffer 

because it is not an e-
aq quencher.92 Borate and carbonate solutions (570 ml total in nanopure water) were 

added to the reactors and deoxygenated by sparging N2(g) into the systems while stirring for 1 h prior to 

the reaction. In addition, UV lamps were warmed up for 15 min prior to initiating photoreactions. 

Solutions of sulfite and PFOS were prepared in vials within the glovebox (~5 ml total), then removed 

from the chamber and immediately spiked into the photoreactor using stainless-steel syringes to initiate 

the photoreaction. 5 ml aliquots were then collected from the reactors at predetermined timepoints using 

the stainless-steel syringes and were stored at 4 C until analysis. Syringes were rinsed with 25 ml 

nanopure water in between samples. Solution pH was re-measured after the reaction was completed to 

evaluate any pH drift during experiments. 

LC-QqQ-MS sample preparation and analysis. Reaction samples were diluted to fall within the 

range of the calibration curve (0.1 – 7.5 ug/L) PFOS using 80:20 MeOH:H2O and diluted AmOH. Double 
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blanks (80:20 MeOH and diluted AmOH) were injected throughout the analysis to verify no 

contamination. Calibration standards were matrix-matched to the diluted reaction samples to ensure 

background levels were consistent between the standards and samples (67 µM sulfite and 33 µM borate 

after dilution). Lab blanks were injected at the beginning of analysis to ensure matrix components did not 

contain target compound (PFOS). 100 µL of each sample and calibration standard was injected using a 

CTC PAL autosampler onto an Agilent 1200 Series LC high-pressure liquid chromatography (HPLC) 

system set up with a guard column (SecurityGuard, Phenomenex), two guard cartridges (ZORBAX Diol, 

Agilent, 6 µm, 4.6 × 12.5 mm), and a Gemini C18 analytical column (3 mm × 100 mm, 5 µm; 

Phenomenex). Column oven temperature was fixed at 40 C. The mobile phases consisted of 20 mM 

AmAc (mobile phase A) and methanol (mobile phase B). A gradient method was used, as described in 

Table B.2.  

LFP solution preparation. All stock solutions (Table B.1) and reaction samples were prepared in 

the glovebox using deoxygenated water (prepared as described above). Unless otherwise noted, reaction 

samples were first prepared in 5 × 50 ml centrifuge tubes with an increasing amount of bicarbonate 

quencher along with 40 µM K4Fe(CN)6, 10 µM K3Fe(CN)6, and NaCl as an electrolyte to balance ionic 

strength at ~0.5 M. 1 M NaOH and 1 M HCl were used to adjust pH to the desired condition. Final 

volume of each reaction sample was 20 ml, and 3 × 2.75 ml aliquots of the solutions were transferred to 

15 separate cuvettes for triplicate measurement. Cuvettes were then covered with parafilm and 

immediately run in LFP experiments after removing from the glovebox. Additions of bicarbonate 

quencher were 0-0.5 M for pH conditions 12.0 to 7.3, 0.0-0.05 M for pH 6.8 to 6.3, and finally 0-0.01 M 

for pH 5.8. Various amounts of carbonate were added based on pH condition because at the highly 

alkaline conditions, the quenching reaction was slow and required high quencher concentrations to 

observe e-
aq lifetime changes, while the opposite is true at moderate and low pH values. To ensure pH was 

constant during reactions, pH was measured after flash photolysis by pooling solutions from the three 

replicate cuvettes for a total volume of 8.5 ml. 

CO2 saturated solution was prepared from the deoxygenated water in the glovebox by bubbling 

CO2(g) at 1 atm for 14 h into a 250 ml sidearm flask affixed with a holed stopper to ensure that CO2 did 

not saturate the glovebox atmosphere. Gas was allowed to exit the flask through a tube secured to the 

sidearm that led outside the glovebox. This solution was used to measure the bimolecular rate constant of 

H2CO3
* (which consists of mostly CO2(aq) and some H2CO3) in acidic conditions. For this experiment, to 

ensure CO2(aq) did not partition into the gas phase, samples were made directly in the quartz cuvettes at a 

total volume of 3.5 ml to minimize headspace. Addition of CO2(aq) quencher for this experiment was 0-

1.36 mM, while other conditions were identical to those above (40 µM K4Fe(CN)6, 10 µM K3Fe(CN)6, 
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and NaCl for ionic strength balance at 0.5 M). pH was measured after flash photolysis by pooling 

solutions from the three replicate cuvettes for a total volume of 10.5 ml. 

 

Table B.1 Chemical concentrations of stock solutions used in constant irradiation (C.I.) and laser flash 

photolysis (LFP) experiments. 

Stock solution Component Experiment type Deoxygenated? Concentration 

Borate buffer  Na2B4O7  10 H2O C.I. No 0.05 M 

Sodium sulfite Na2SO3 C.I. Yes 1.64 M 

NaOH NaOH C.I. No 1 M 

HCl HCl C.I. No 1 M 

PFOS PFOS C.I. Yes 172.5 mg/L 

Sodium 

bicarbonate 

NaHCO3 C.I. No 0.96 M 

Salt offset NaCl LFP Yes 1 M 

Potassium 

ferricyanide 

K3Fe(CN)6 LFP Yes 5 mM 

Potassium 

ferrocyanide 

K4Fe(CN)63H2O LFP Yes 10 mM 

NaOH NaOH LFP Yes 1 M 

HCl HCl LFP Yes 1 M 

Sodium 

bicarbonate 

NaHCO3 LFP Yes 0.5 M 

CO2(aq) saturated 

solution 

CO2(aq) LFP Yes 31.8 mMa 

aSolution was saturated with CO2 at room temperature giving a CO2 concentration of 0.0318 (Henry’s law 

constant KH = 0.034 mol/kgBar).129 

  

Table B.2 Gradient pump method used for PFOS analysis on LC-QqQ-MS. 

Total time (min) Flow rate (µl/min) A (%) B (%) 

0 600 90 10 

0.5 600 90 10 

1 600 50 50 

8.5 600 1 99 

10 600 1 99 
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B.2 Additional Data 

 
Figure B.1 Hydrated electron lifetimes measured at various pH conditions in the absence of added 

carbonate. Reaction conditions are listed in Table 3.1. 

 

 
Figure B.2 Speciation diagram of dissolved carbonate at I.S. = 0.5 M and 20 °C calculated using Visual 

MINTEQ. 
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Figure B.3 Stern-Volmer plot for all LFP measurements at pH conditions < 9 where 𝒆𝒂𝒒

−  lifetimes are 

plotted as a function of H2CO3
*. Species concentrations were calculated using Visual MINTEQ.  

 

 
Figure B.4 Bronsted law for the conversion of 𝒆𝒂𝒒

−  to H by HCO3
- (from this study), as well as values for 

other protonated acids. Solid black line represents the line of best fit determined from linear regression 

used to predict kH2CO3 (pKa = 3.5, red symbol). Refs68,135,163,164. 
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B.3 LFP Transient Traces and Stern-Volmer Plots 

 

 
Figure B.5 (Left) Transient absorbance traces depicting the decay of the characteristic 690 nm 𝒆𝒂𝒒

−  peak 

after photolyzing K4FE(CN)6 with 266 nm light. (Right) Corresponding Stern-Volmer plots. Error bars 

represent one standard deviation. Uncertainties of the kapp values represent standard errors of the 

regression-derived slope values using the linest function in Excel. Solution conditions are outlined in 

Table 3.1. 
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Figure B.5 Continued. 
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Figure B.5 Continued. 
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Figure B.5 Continued. 
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APPENDIX C  

SUPPLEMENTARY INFORMATION FOR CHAPTER 4 

C.1 Methods 

Reagents.  

UV photoreactions and LFP experiments. All chemicals were used as received without further 

purification. Potassium ferricyanide (100.2%), sodium chloride (100.5%), sodium hydroxide (97.5%), and 

sodium bicarbonate (99.7%-100.3%) were purchased from Fisher Chemical. Sodium borate, tetra (99.5 ̶ 

101.5%) was purchased from Baker & Adamson. Potassium ferrocyanide (101.3%) was purchased from 

J.T. Baker. Hydrochloric acid (36.5%-38% was purchased from Macron Fine Chemicals. Sodium sulfite 

(≥ 98%), and perfluorooctane sulfonate (98%) were purchased from Sigma-Aldrich. Sodium 

heptafluorobutyrate (98%), sodium pentafluoropropionate (98%), and sodium trifluoroacetate (97%) were 

purchased from Oakwood Chemical.  

Deoxygenated water was used to prepare solutions inside an anaerobic glovebox (Coy Labs) to 

eliminate scavenging of 𝑒𝑎𝑞
−  by dissolved oxygen. Briefly, this was prepared by boiling nanopure water 

for 3 h while stirring and sparging with N2(g). After sparging, the deoxygenated water was transferred 

into the glovebox and allowed to equilibrate with the atmosphere (97% N2(g), 3% H2(g)) overnight while 

stirring. 

LC-QqQ-MS analysis. Optima® HPLC-grade ammonium hydroxide solution (AmOH), Optima® 

HPLCgrade ammonium acetate (AmAc). Optima® HPLC-grade water, and Optima® HPLC-grade 

methanol were purchased from Fischer Scientific. 

 

UV photoreactions and analysis. 

Photoreactions. Stock solutions for constant irradiation experiments are summarized in Table 

C.1. Final reaction volume was 575 ml for all constant irradiation experiments, and pH was adjusted 

using 1 M NaOH or 1 M HCl and buffered using 5 mM borate or carbonate. Sodium tetraborate was used 

as a buffer because it is not a 𝑒𝑎𝑞
−  quencher.92 Sodium carbonate was used to simulate natural waters and 

emulate typical UV-sulfite reaction conditions.85,95 Borate and carbonate solutions (570 ml total in 

nanopure water) were added to the reactors and deoxygenated by sparging N2(g) into the systems while 

stirring for 1 h prior to the reaction. In addition, UV lamps were warmed up for 15 min prior to initiating 

photoreactions. Solutions of sulfite and PFAS were prepared in vials within the glovebox (~5 ml total), 

then removed from the chamber and immediately spiked into the photoreactor using stainless-steel 

syringes to initiate the photoreaction. 5 ml aliquots were then collected from the reactors at predetermined 

timepoints using the stainless-steel syringes and were stored at 4 C until analysis. Syringes were rinsed 
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with 25 ml nanopure water in between samples. Solution pH was re-measured after the reaction was 

completed to evaluate any pH drift during experiments. 

LC-QqQ-MS sample preparation and analysis. Reaction samples were diluted to fall within the 

range of the calibration curve (0.1 – 15 ug/L) PFAS using 80:20 MeOH:H2O and diluted AmOH. Double 

blanks (80:20 MeOH and diluted AmOH) were injected throughout the analysis to verify no 

contamination. Calibration standards were matrix-matched to the diluted reaction samples to ensure 

background levels were consistent between the standards and samples (~67 µM sulfite and ~33 µM 

carbonate/borate after dilution). Lab blanks were injected at the beginning of analysis to ensure matrix 

components did not contain target compound (PFAS). 1 ml of each sample and calibration standard was 

injected using a CTC PAL autosampler onto an Agilent 1200 Series LC high-pressure liquid 

chromatography (HPLC) system set up with a guard column (SecurityGuard, Phenomenex), two guard 

cartridges (ZORBAX Diol, Agilent, 6 µm, 4.6 × 12.5 mm), and an RSpak JJ-50 2D (2.0mm i.d. × 150mm 

length, 5m; Shodex, Showa Denko). Column oven temperature was fixed at 40 C. The mobile phases 

consisted of 50 mM AmAc adjusted to pH 9.0 (mobile phase A) and acetonitrile (mobile phase B). A 

simple gradient method was used, as described in Table C.2. 

 

LFP solution preparation. 

All stock solutions (Table C.1) and reaction samples were prepared in the glovebox using 

deoxygenated water (prepared as described above). Unless otherwise noted, reaction samples were first 

prepared in 5 × 50 ml centrifuge tubes with an increasing amount of the target PFAS along with 40 µM 

K4Fe(CN)6, 10 µM K3Fe(CN)6, 40 mM borate buffer, and NaCl as an electrolyte to balance ionic strength. 

Final volume of each reaction sample was 25 ml, and 3 × 2.75 ml aliquots of the solutions were 

transferred to 15 separate cuvettes for triplicate measurement. Cuvettes were then covered with parafilm 

and immediately run in LFP experiments after removing from the glovebox. Various amounts of the 

target PFAS were added (as specified in their Stern-Volmer plots, vide infra) based on their critical 

micelle concentrations. To ensure pH was constant during reactions, pH was measured after flash 

photolysis by pooling solutions from the three replicate cuvettes for a total volume of 8.5 ml. 
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Table C.1 Chemical concentrations of stock solutions used in constant irradiation (C.I.) and laser flash 

photolysis (LFP) experiments. 

Stock solution Component Experiment type Deoxygenated? Concentration 

Borate buffer  Na2B4O7  10 H2O C.I. No 0.05 M 

Sodium sulfite Na2SO3 C.I. Yes 1.64 M 

NaOH NaOH C.I. No 1 M 

HCl HCl C.I. No 1 M 

Various PFAS Multiple C.I. Yes 100,000 µg/L 

Sodium 

bicarbonate 

NaHCO3 C.I. No 0.575 M 

Salt offset NaCl LFP Yes 0.05 M 

Potassium 

ferricyanide 

K3Fe(CN)6 LFP Yes 8 mM 

Potassium 

ferrocyanide 

K4Fe(CN)63H2O LFP Yes 10 mM 

Various PFAS Multiple LFP Yes Variable 

 

Table C.2 Gradient pump method used for PFOS analysis on LC-QqQ-MS. 

Total time (min) Flow rate (µl/min) A (%) B (%) 

0 250 100 0 

30 250 0 100 

 

 

Ionic strength corrections for k2 values. 

Because many of the reactions investigated in this work involve two anionic species (e.g., 𝑒𝑎𝑞
−  

with CF3COO-, HCO3
-, etc.) ionic strength (µ) will influence their kinetics. Therefore, rate constants were 

adjusted in the following manner. Huang et al. previously reported bimolecular rate constants of TFA, 

PFBA, and PFOA at various ionic strength conditions (reproduced in Figure C.1 as solid squares or 

circles).50 Our previous work reported rate constants for TFA and PFBA which follow the ionic strength 

trend well (shown as a hollow square or circle in Figure C.1).122 By fitting this data to a line, logk2 value 

can be estimated at different ionic strength conditions. The experimentally measured k2 values used in this 

study are tabulated in Table C.3 along with estimated values of structures whose rate constants are 

difficult to determine due to insolubility or poor reactivity (e.g., PFBS), discussed in the main text. Using 

the correction factors for TFA and PFBA, other anions were extrapolated to the appropriate ionic strength 

value based on experimental conditions of the UV photolysis reaction (typically 0.045 M). While sulfite 

and carbonate species might not adhere to the same ionic strength factors as PFAS, the main quenchers 

(H2CO3
* and CO2(aq)) are neutral species whose reactions are not affected by µ. In addition, the correction 

for HSO3
-, the next most important quencher, results in a miniscule change in k2. 
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Figure C.1 k2 dependence on µ for TFA and PFBA obtained from Huang et al. (solid markers) and this 

study (hollow markers) used for ionic strength corrections. 

 

Table C.3 Comparison of measured, estimated, and corrected rate constants for reactions of 𝒆𝒂𝒒
−  with 

target contaminants and other quenchers at specified ionic strengths. 

 k2 (M-1 s-1) 

 Measured Estimated Corrected 

Substrate µ = 0.5 M µ = 0.63b N/A µ = 0.045e 

HSO3
- 1.20 × 108c   1.26 × 108 

H2CO3
* 2.23 × 109a   N/Af 

HCO3
- 2.18 × 106a   1.41 × 106 

CO3
2- 1.05 × 105a   6.81 × 104 

TFA  5.26 × 106  3.40 × 106 

PFPrA  1.67 × 107  1.08 × 107 

PFBA  1.27 × 107  8.20 × 106 

TriFBA  7.37 × 107  4.76 × 107 

PFHxA  3.84 × 107d  2.48 × 107 

PFOA   1.60 × 107 1.03 × 107 

TFMS   2.76 × 104 1.78 × 104 

PFBS   3.81 × 105 2.46 × 105 

PFHxS   2.03 × 106 1.31 × 106 

PFOS   3.92 × 106 2.53 × 106 
aFrom our previous work involving carbonate speciation. bFrom our previous work involving 

fluorcarboxylate reactions with 𝑒𝑎𝑞
− .122 cFrom Maza et al. at µ ~0.03 M which does not require correction.68 

dMeasured in this study at µ = 0.14 M. eCorrected using the ionic strength correction equations obtained 

from Huang et al. and our previous LFP study (see Figure C.1). fH2CO3
* and CO2(aq) are neutral species 

whose reactions are unaffected by µ. 

 



118 

 

C.2 Additional Data 

 

Table C.4 Values to determined rate of hydrated electron production , background scavenging capacity, 

and hydrated electron availability at pH 9.5 and 12. 

 9.5 12 

Volume (V; L) 0.575 0.575 

Photon flow (ρ0; µE/s)  2.2 × 10-6 2.2 × 10-6 

Decadic molar absorption 

coefficient (a; cm-1) 
0.1796 0.1715 

Path length (L; cm) 2.85 2.85 

Quantum yield (ϕ; mol/E) 0.108 0.108 

Molar extinction coeffcieint 

(ε; M-1 cm-1) 
18.00 17.15 

Sensitizer concentration (S; 

M) 
9.97351 × 10-3 9.99992 × 10-3 

Rate of eaq
- production (re; 

M-1
h-1) 

1.030 × 10-3 1.005 × 10-3 

Scavenging from H+ (h-1) 2.62 × 104 8.28 × 101 

Scavenging from CT,CO3 (h-1) 5.21 × 107 2.38 × 106 

Scavenging from CT,SO3 (h-1) 1.14 × 107 3.64 × 104 

Background scavenging 
capacity (Σki[Qi]; h-1) 

6.37 × 107 2.55 × 106 

eaq
-
 availability ([eaq

-]ss; µM) 1.62 × 10-5 3.94 × 10-4 
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Figure C.2 Effect of dissolved carbonate on observed rate constants of (left) PFPrA and (right) TFA. 

Reaction conditions are described in Figure 4.1. 

 

 
Figure C.3 Effect of pH on observed rate constants of (left) PFPrA and (right) TFA. Reaction conditions 

are described in Figure 4.1. 
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Figure C.4 Degradation profiles of (top) PFPrA and (bottom) TFA during UV-sulfite photolysis at various 

CT,CO3 conditions. Symbols represent experimental data while solid lines represent model predictions. 

Reaction conditions are described in Figure 4.1. 
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Figure C.5 Degradation profiles of (top) PFPrA and (bottom) TFA during UV-sulfite photolysis at various 

pH conditions. Symbols represent experimental data while solid lines represent model predictions. 

Reaction conditions are described in Figure 4.1. 
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Figure C.6 Degradation profiles of (top) TriFBA and (bottom) TFMS during UV-sulfite photolysis at pH 

9.5 and 12. Experimental data is represented by symbols while model simulations are shown as solid 

lines. Bimolecular rate constant for TriFBA modeling was measured in our previous work, while that for 

TFMS was estimated using a method described in Chapter 4. 
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Figure C.7 (Top) Kinetic transient absorption traces for 𝒆𝒂𝒒
−  decay (measured at 690 nm) at pH 9.5 in 

solutions amended with varying concentrations of PFOA and (bottom) its corresponding Stern-Volmer 

plot. Solution conditions are described in Figure 4.3. 
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Figure C.8 (Top) Kinetic transient absorption traces for 𝒆𝒂𝒒

−  decay (measured at 690 nm) at pH 9.5 in 

solutions amended with varying concentrations of PFBS and (bottom) its corresponding Stern-Volmer 

plot. Solution conditions are described in Figure 4.3. 
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Figure C.9 (Top) Kinetic transient absorption traces for 𝒆𝒂𝒒
−  decay (measured at 690 nm) at pH 9.5 in 

solutions amended with varying concentrations of PFHxS and (bottom) its corresponding Stern-Volmer 

plot. Solution conditions are described in the main text in Figure 4.3. 



126 

 

 

 
Figure C.10 Degradation profile for (A) TFA and (B) PFOA during UV-sulfite photolysis. Reaction 

conditions: 10 mM sulfite, 5 mM carbonate, T = 20 °C. Experimental data are shown as circles while 

model simulations are shown as lines. Rate constants are from Amador et al.,122 Huang et al.,50 and Maza 

et al.87 

 

 

Figure C.11 Observed rate constants of (A) PFCAs vs. (B) PFSAs. Reaction conditions are described in 

Figure 4.4. 



127 

 

APPENDIX D  

COPYRIGHT PERMISSIONS 

 

Permissions to include previously published (and submitted) material in this thesis is below. 

 

Permissions for Chapter 2 

1. Permission from Chemosphere regarding the reproduction of the full article in this thesis is not 

required as the author of this work provided it is not commercially published (see below). 

 

 

 

 

 

 

 

 



128 

 

2. Permission from Daniel J. Van Hoomissen 

 

 

3. Permission from Jiaoqin Liu 

 



129 

 

4. Permission from Timothy J. Strathmann 

 

 

5. Permission from Shubham Vyas 

 


