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ABSTRACT

Urbanization is an important factor in driving water shortages through the increase in impermeable

surface areas, which creates greater runo� volumes and less groundwater in�ltration. This disruption of the

natural water cycle is accompanied by a growing pollution of urban waters { stemming from di�use

anthropogenic sources, i.e., stormwater, and leading to water quality degradation. The use of black carbon

adsorbents such as biochar in stormwater control measures (SCMs) has been shown to enhance removal of

trace organic contaminants (TOrCs). Though often considered \black box" passive treatment systems,

knowledge of the dominant treatment processes impacting long-term system performance can ultimately

inform design, maintenance, and lifetime of SCMs. The overall objective of this dissertation was to evaluate

the role of biodegradation and biochar in the long-term removal of TOrCs in novel biochar-amended SCMs.

Exhaustive column studies sought to advance our understanding of the impact of a bio�lm on TOrC

removal and bio�lter lifetime (Chapter 2), whereas 
ume experiments provided insight on the attenuation

of TOrCs in engineered hyporheic zones (i.e., streambed bio�lters known as Biohydrochemical

Enhancements for Streamwater Treatment; BEST) and evaluated the removal of the highly polar diabetes

medication metformin in full-scale modules (Chapter 3) and a range of di�erent TOrCs in a pilot-scale


ume system (Chapter 4). Findings from Chapter 2 indicated that the presence of an active bio�lm

prolonged �lter lifetime by 2-fold and that biological processes (i.e., biodegradation and biologically

enhanced sorption) contributed 20-36% to overall TOrC removal. Chapter 3 revealed that BEST

engineered streambeds led to enhanced hyporheic exchange and attenuation of metformin compared to

non-engineered sediment. Chapter 4 revealed that 14 consecutive 1-m long modules featuring BEST

streambeds amended with 7% biochar (by volume) and sand (8-mesh Unimin) resulted in surface peak

concentration reductions of > 50% for all TOrCs studied except for one. The research conducted in this

dissertation provides critical performance data and design recommendations for biochar-amended SCMs.

Resulting water quality improvements in urban areas lead to greater human and ecosystem health.

Furthermore, a better understanding of TOrC removal in these novel SCMs may facilitate their regulatory

approval and acceptance by stormwater practitioners.
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CHAPTER 1

INTRODUCTION

Climate change and the world's increasing demand for water supply are aggravating water scarcity,

which is one of the major challenges today's society is facing (Liuet al., 2017b). Urbanization is an

important factor in driving water shortages, because of the increase in impermeable surfaces, which create

greater runo� volumes and less evaporation and groundwater in�ltration compared to undeveloped areas

(Grebel et al., 2013). This disruption of the natural water cycle is accompanied by an increasing emission

of pollutants in urban spaces { stemming from vehicle tra�c, building roofs and facades (e.g. heavy

metals), urban green space management (e.g., pesticide application), health management practices (e.g.,

pharmaceuticals) and household animal waste (e.g., bacteria). Stormwater runo� accumulates many of

these anthropogenic contaminants and is thus a major non-point source of pollution { often highly variable

in occurrence, runo� volume, and composition/quality (Burant et al., 2018). More and more, stormwater is

being viewed as a resource (Luthyet al., 2019) and harnessing it through capture and treatment is a

promising strategy to help address both water scarcity and contamination (Clark & Pitt, 2012; Luthy

et al., 2019). However, to make stormwater runo� a viable and safe water resource, e�cient and

cost-e�ective technologies for water quality improvements are essential. In recent past, the implementation

of green infrastructure systems and stormwater control measures (SCMs) has gained traction among

practitioners, especially the use of in�ltration applications (Grebel et al., 2013). Traditionally, SCMs have

focused on 
ow reduction and water capture, but they have not been designed for stormwater pollutant

removal (Grebel et al., 2013; LeFevreet al., 2015).

Among the key drivers of concerns for stormwater use as a water resource is the presence of trace

organic contaminants (TOrCs), some of which may be present at unacceptable levels. Common TOrCs

found in stormwater and urban streams are polycyclic aromatic hydrocarbons (PAHs), pesticides,

vehicle-associated compounds, 
ame retardants, and pharmaceuticals (LeFevreet al., 2015; Masoneret al.,

2019; Spahret al., 2020). Exposure of TOrCs may lead to substantial aquatic health impacts including

acute/chronic toxicity (Tian et al., 2021; Vignet et al., 2019; Younget al., 2018) and endocrine disruption

(Mnif et al., 2011; Niemuth & Klaper, 2015), surface water quality degradation (LeFevreet al., 2015), and

groundwater pollution (Kiefer et al., 2019; Looset al., 2010). Speci�cally, polar TOrCs pose one of the

greatest risks for groundwater contamination (Pitt et al., 1999) and ecosystem threats due to their high

mobility and low sorptive a�nity towards soil and conventional in�ltration media such as sand (Spahr

et al., 2020). In light of the challenge dissolved and hydrophilic (i.e., polar) TOrCs are imposing on the

1



aquatic cycle and ecosystem health, amending stormwater treatment systems with geomedia such as

biochar has become a strategy of interest to improve contaminant removal (Grebelet al., 2013; Mileset al.,

2016; Mohanty et al., 2018). Biochar is a carbonaceous adsorbent similar to activated carbon and is a cost

e�ective means of improving the removal of polar TOrCs as has been shown in laboratory batch and

column studies (Ray et al., 2019; Ulrich et al., 2015), as well as pilot-scale bio�lters (Ulrich et al., 2017a)

and woodchips reactors (Ashooriet al., 2019).

1.1 Background and Motivation

This section provides relevant background literature on 1) the use of biochar as a stormwater adsorbent

(i.e., abiotic TOrC sorption mechanisms, biochar properties, di�usion-limited sorption kinetics), 2)

biological TOrC removal processes in �ltration systems in the presence of biochar and microbial bio�lms

(i.e., biochar as an electron donor/acceptor, TOrC biodegradation in the dissolved vs. sorbed phase,

bioregeneration), and 3) engineered hyporheic zones (e.g., streambed bio�lters) for stormwater quality

improvements (i.e., natural hyporheic zone, BEST engineered streambeds as a novel SCM technology for

TOrC removal).

1.1.1 Biochar as Stormwater Adsorbent

One of the primary challenges in designing biochar-amended bio�lters is the selection of the biochar

media itself. The material properties of biochar, in contrast to engineered geomedia such as activated

carbon (AC), vary widely (Ulrich et al., 2015). Properties are dependent on the source material (feedstock)

and the production process (i.e., temperature), resulting in variation in removal performances between

di�erent biochars. As the dominant abiotic removal process for TOrCs is adsorption, biochar properties

such as surface area, aromaticity, and internal pore size distribution (i.e., microporosity) seem to be

governing the adsorption of organic contaminants (Mohantyet al., 2018). Speci�cally, a high degree of

mesoporosity was indicative of improved removal of pesticides in batch studies comparing di�erent types of

biochar (Ulrich et al., 2015). Typically, these properties are more pronounced in high temperature biochars

(Ahmad et al., 2014), although biochar performance always also depends on the pollutant being evaluated.

Depending on the physical-chemical properties and functional group(s) of the target pollutant, di�erent

mechanisms can be responsible for the interaction between organic contaminant and biochar surface.

Typically, adsorption between organic contaminants and carbonaceous adsorbents (i.e. AC, biochar) is

assumed to be governed by� -� electron-donor-acceptor interactions involving the carbon's aromatic

structures (Tong et al., 2019). In addition to hydrophobic interactions, this is presumably the predominant

sorption mechanism for neutral and non-polar compounds, while polar compounds engage in hydrogen
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bonds with the biochar's polar surface groups (Ahmadet al., 2014). Charged organic compounds may be

retained via electrostatic attraction (Ahmad et al., 2014) and a combination of cation-� and � -�

interactions, a process which is pH-dependent (Kahet al., 2017). Cationic compounds may thus exhibit

greater removal than anions since most biochar surfaces are negatively charged (Ahmadet al., 2014).

Ultimately, knowledge of the dominant adsorption processes for a given contaminant group of interest is

important for bio�lter design and the optimal choice of biochar (i.e., feedstock, production temperature).

Furthermore, when studying 
ow-through systems, the assumption of sorption equilibrium between

TOrCs and biochar may no longer be adequate due to elevated water velocities. Werneret al. (2012)

studied sorption kinetics in high permeability aquifers mixed with low amounts of carbonaceous particles

and determined that sorption can be di�usion limited. Similarly, taking intraparticle di�usion kinetics into

account in reactive transport modelling of TOrC transport through biochar-amended sand columns

substantially improved predictions of column breakthrough curves (Ulrich et al., 2015).

1.1.2 Biological Processes in Biochar-Amended Filtration Systems

In addition to abiotic removal dominated by adsorption, biochar has been shown to increase microbial

activity and is known to exhibit electron transfer properties due to its redox-active moieties and

aromaticity (Kl•upfel et al., 2014; Saquinget al., 2016). Mechanisms of electron transfer involve both

electron conductivity (Chen et al., 2014) and electron storage (i.e. by quinone structures) (Saquinget al.,

2016). Speci�cally, one study reported that biochar can function as both electron donor and acceptor, and

thus should be seen as rechargeable reservoir of bioavailable electrons (Saquinget al., 2016) { a feature

which could potentially promote the biodegradation of contaminants in bioretention systems. The

stimulating e�ect of biochar on microbial processes involving inorganics has been demonstrated for Fe(III)

minerals reduction (Kappler et al., 2014) and nitrate reduction (i.e., denitri�cation) (Saquing et al., 2016).

Contrary to the common assumption that only freely dissolved organic contaminants are available for

transformation reactions, a recent study suggested that in the presence of biochar, di�erent coexisting

degradation pathways contributed to the biological reduction of pentachlorophenol (PCP): 59% of the

degradation involved PCP in the aqueous phase and 41% was attributed to electrical conductor mediated

reduction of biochar-bound PCP (Yu et al., 2015). The suitability of biochar to serve as habitat and

inoculum carrier for microorganisms has been described before (Haleet al., 2015; Luoet al., 2013). Indeed,

bio�lm-coated biochar was found to be bene�cial for TOrC removal, possibly due to microbial

biodegradation (Liu et al., 2017a; Ulrich et al., 2017b) { even though overall removal and bioavailability

may be heavily in
uenced by biochar application rate (Joneset al., 2011; Liu et al., 2017a) and biochar

particle size. Frankel et al. (2016) reported that biochar-attached bio�lms resulted in higher removal of
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naphthenic acids (42-72%) compared to sterile biochar experiments (22-25%). The authors suggested that

a synergistic relationship between microbial degradation and adsorption to the biochar was responsible for

the metabolism of biochar-bound organics. This process, coined bioregeneration, has been described for

biological granular activated carbon (GAC) �lters in water treatment, and suggests that the sorptive

capacity of adsorbents can be restored by microorganisms by freeing up sorption sites (Akta�s & C�e�cen,

2007). For example, the role of bio�lm in �lter regeneration was crucial for the removal of the

pharmaceutical carbamazepine in onsite wastewater treatment �lters (Dalahmehet al., 2018).

Generally, there are only a few studies providing insights on long-term performance of biochar-amended

stormwater treatment systems (Boehmet al., 2020), and in practice, SCMs are often considered \black

box" passive systems when it comes to water quality improvement (Grebelet al., 2013). Studies focusing

on biodegradation in already installed SCMs, e.g. bioretention cells (LeFevreet al., 2012), are rare { even

in the case of conventional systems without biochar amendments. There is only one study that investigated

the formation of transformation products (TPs) of polar TOrCs by bio�lm-coated biochar in

laboratory-scale microcosm and column experiments (Ulrichet al., 2017b). Major TPs that were detected

in the microcosms included desethylatrazine, �pronil sulfone, and DCPMU (TP of diuron). Therefore, a

better understanding of the e�ect of an active microbial bio�lm (i.e., biodegradation) on overall TOrC

removal, metabolite production, and bio�lter lifetime under 
ow-conditions is warranted to inform design,

maintenance, and risk assessment of biochar-amended SCMs.

1.1.3 Engineered Hyporheic Zones for Stormwater Treatment

The natural hyporheic zone (HZ) plays a major role in the attenuation of nutrients and organic

micropollutants in streams and rivers (Lewandowskiet al., 2011; Posseltet al., 2018), as it hosts a

multitude of physical, biological, and chemical processes occurring simultaneously (Boultonet al., 1998).

Due to its unique properties, the HZ has been called a natural bioreactor and the \River's Liver" (Fischer

et al., 2005), and some of its characteristics are similar to a horizontal bio�lter. Nevertheless, HZs in urban

streams are often biologically degraded and poorly connected with surface water { mostly due to decreased

channel morphology or impermeable channel linings (Walshet al., 2005). A fully developed HZ could

provide important habitat, foster biodiversity, and supply water quality treatment (Lawrence et al., 2013).

Crucial drivers for hyporheic exchange, i.e. the exchange of surface water with porewater, include channel

morphology (e.g. bedforms), hydraulic head di�erences, streambed properties, and surface 
ow rates

(Cardenas, 2015). Speci�cally, modi�cations of streambed permeability are known to augment hyporheic

exchange (Herzoget al., 2016; Vaux, 1968; Wardet al., 2011). Engineered HZs have been increasingly

gaining attention in stream restoration for improving stream water quality and aquatic habitat in addition
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to water quantity bene�ts (Lawrence et al., 2013; Peteret al., 2019). Additionally, engineered streambeds

have great potential as application to in-stream stormwater treatment systems (Herzoget al., 2019). With

the ultimate goal of water quality improvements, Herzog et al. (2016) introduced a novel technique of HZ

engineering employing modi�cations to subsurface hydraulic conductivity and reactivity called

Biohydrochemical Enhancements for Streamwater Treatment (BEST). BEST alterations include subsurface

modules that employ impermeable walls that drive hyporheic exchange and control HZ residence times,

and use permeable reactive geomedia amendments to enhance biogeochemical reaction rates within the HZ.

The e�ciency of the BEST modules has been tested experimentally for the reactive tracer resazurin, which

is an indicator for metabolically active transient storage, and hence can serve as surrogate for a reactive

pollutant degraded aerobically (Herzoget al., 2018). In constructed 
ume experiments, a BEST 
ume of

15 m with impermeable walls and woodchip-amended sand streambed increased both resazurin

transformation and the size of the e�ective hyporheic transient storage by> 50% compared to an all-sand

control of the same length and essentially identical bed volume (Herzoget al., 2018).

Depending on the location or potential space limitations and site-speci�c priority contaminants, a

horizontal stream-like 
ow-through system like BEST may be preferable to vertical bioin�ltration systems.

BEST engineered streambeds may have great potential to attenuate urban surface water pollution due to

the technology's 
exible application as stream-like SCMs: this could be extremely e�ective as it provides

treatment to stormwater runo� from the entire upstream catchment. Alternatively, Herzog et al. (2019)

recommended to install BEST streambeds in conjunction with stormwater detention ponds, treating the


ow-metered e�uent: taking this \treatment train" approach by pairing BEST with an existing SCM

technology could also facilitate regulatory approval. Stormwater detention ponds o�er fast runo� volume

capture and promote (particulate) pollutant sedimentation, while BEST 
umes could be designed to treat

dissolved and polar contaminants (Herzoget al., 2019). Analogous to biochar-amended (vertical)

bioin�ltration systems { which were needed to meet aquatic benchmarks and load reduction requirements

for pesticides in an urban watershed (Wolfandet al., 2019) { geomedia amendments to the HZ of

engineered streambeds may be necessary to provide e�cient removal of challenging TOrCs (i.e., polar).

Such performance data for a wide range of stormwater-relevant TOrCs showing e�cient removal in BEST


umes { and the impact of a strong geosorbent such as biochar on TOrC attenuation { are still missing.

Furthermore, it is essential to assess the biotransformation potential of BEST streambeds and determine if

they could be a major source of TPs into the environment. TPs of pesticides and pharmaceuticals are

increasingly found in various aquatic bodies such as urban streams (Mahleret al., 2021) and groundwater

(Kiefer et al., 2019) { sometimes even at higher concentrations than the parent compounds

(Ferrando-Climent et al., 2012; Kieferet al., 2019; Posseltet al., 2018). Finally, design recommendations
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for BEST systems that are scalable and adaptable to site-speci�c pollutants of concern (e.g., via select

geomedia amendments) are needed. Collecting contaminant performance data will be crucial to facilitate

regulatory approval and increase acceptance of the technology by stormwater practitioners.

1.2 Objectives and Hypotheses

This section introduces the objectives for the three research chapters (projects) of this dissertation and

the corresponding hypotheses that were tested to achieve the research objectives. The �rst objective

focuses on gaining an improved understanding of the e�ect of a bio�lm layer and potentially biodegradation

on TOrC removal and �lter lifetime in biochar-amended bio�lters, while the second and third objectives

aim to study the attenuation of TOrCs in engineered hyporheic zone streambeds (BEST) at the �eld- and

pilot-scale and whether biochar amendments are bene�cial for hyporheic exchange and TOrC removal.

1.2.1 Objective 1: The Role of Bio�lm in the Removal of Pesticides in Bio�lters

The aim of the �rst research objective was to gain a better understanding of the e�ect of a bio�lm and

potentially biodegradation processes on TOrC removal and �lter lifetime in biochar-amended bio�lters.

There is a knowledge gap concerning the long-term performance of biochar-amended �lters (i.e., �lter

exhaustion). A better understanding of the e�ect of an active microbial bio�lm (i.e., biodegradation) on

overall TOrC removal and bio�lter lifetime could help inform the design, maintenance, and risk assessment

(e.g., toxicity of metabolites) of real-world biochar-amended SCM systems. Neonicotinoid insecticides

(imidacloprid, clothianidin) were included in this study based on their emerging nature, toxicity, and lack

of environmental research data, speci�cally their fate and removal in SCMs and in the context of biochar

amendments. To address these research gaps, the following hypothesis was tested:

Hypothesis 1: Biodegradation in bio�lm-biochar �lters is a relevant removal process of TOrCs in the

long-term and the presence of a bio�lm layer prolongs �lter lifetime by> 50%. This hypothesis was tested

in laboratory-scale exhaustive column tests: after columns were seeded with a microbial seeding solution

sourced from river sediments, they were dosed with a representative synthetic stormwater solution

containing three select pesticides (atrazine, imidacloprid, clothianidin). Contaminant breakthrough curves

were monitored over the course of three months to quantify the impact of an active bio�lm layer on overall

pesticide removal and bio�lter lifetime (exhaustive breakthrough). Pesticide TPs were studied in column

e�uents to determine major degradation pathways and to assess if biochar-amended bio�lters could be a

potential source of TPs into the environment. Finally, column breakthrough curves were used to estimate

parameters of a contaminant transport model in porous media to simulate representative bio�lter lifetimes

in di�erent case study scenarios.
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1.2.2 Objective 2: Attenuation of Metformin in Full-Scale Engineered Streambed
Hyporheic Zones

The second research objective was focused on determining the e�ect of BEST engineered streambeds on

HZ 
ow and exchange, redox conditions, and the subsurface attenuation and potential biotransformation of

metformin. Metformin { a highly polar medication for diabetes { is one of the most frequently detected

organic contaminants in natural and urban streams (Bradley et al., 2016). Both metformin and its

microbial degradation product guanylurea are highly mobile in the aquatic environment and their retention

in soils/sediments is limited due to their strong hydrophilic nature (logK OW � -2). Their ecotoxicity and

endocrine disruption potential poses a great threat to aquatic organisms (Niemuth & Klaper, 2015; Ussery

et al., 2019). Overall, these �ndings highlight the need for a HZ and SCM technology that increases the

biogeochemical reactivity of the streambed to enhance the attenuation of challenging pollutants such as

metformin and guanylurea. To address this research objective, the following hypothesis was tested:

Hypothesis 2: a) BEST engineered streambeds will lead to enhanced attenuation of metformin and

guanylurea due to increased HZ exchange and streambed redox conditions favorable for their degradation;

and b) Biochar addition to BEST engineered streambeds will further accelerate removal along hyporheic


owpaths due to biochar's high sorption capacity.This hypothesis was tested in full-scale BEST modules

installed in a recirculating 
ume at an outdoor 
ume facility (German Environment Agency in Berlin,

Germany) under near-natural conditions. To increase the reactivity of the engineered HZ and thus promote

the removal of metformin (and potentially guanylurea), the stream sediments in select BEST modules were

amended with pine-wood biochar. Separate batch studies con�rmed the removal of metformin and

guanylurea via biochar. The attenuation of metformin in the surface and subsurface 
ume water was

monitored over several months to determine HZ breakthrough curves. Predominant subsurface redox

conditions were determined via dissolved oxygen (DO) pro�les and measurement of redox-active species

(i.e., Fe(II), NH 4
+ ). Spiking metformin to the 
ume at a higher dose allowed to study the formation of

TPs of metformin beyond guanylurea.

1.2.3 Objective 3: TOrC Removal in Pilot-Scale Engineered Streambed Hyporheic Zones

Although previous studies have con�rmed the suitability of BEST engineered streambeds to provide

metabolically active transient storage (Herzoget al., 2018), performance data for a wide range of

stormwater-relevant TOrCs (e.g., pesticides, pharmaceuticals, etc.) showing e�cient removal in BEST


umes are still missing. Furthermore, it is important to assess the biotransformation potential of BEST

streambeds and the possibility of a chronic exposure risk via TPs towards aquatic organisms. Lastly,

formulating design recommendations for BEST systems are needed to inform practical applications of this
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novel technology and facilitate acceptance by stormwater managers. Therefore, the aim of the third

research objective was to investigate the removal e�ciency of di�erent BEST engineered streambed

con�gurations (with/without biochar) for a wide range of TOrCs with di�erent biogeochemical properties.

To achieve this objective, the following hypothesis was tested:

Hypothesis 3: The addition of biochar to engineered hyporheic zone streambeds will enhance the removal

of TOrCs and will result in measurable reach-scale attenuation along 15 meters of BEST streambeds.This

hypothesis was tested in several contaminant experiments using a pilot-scale outdoor constructed 
umes

system (Mines Park Water Reclamation Facility at the Colorado School of Mines in Golden, CO) fed by

recycled municipal wastewater. The following streambed con�gurations were evaluated: sand-only control

streambed (F1), BEST streambeds (F2), BEST streambeds amended with biochar (F3), and BEST

streambeds containing �ne-grain sand mixed with biochar (F4). 4-hour simulated storm
ow events

(single-pass mode) allowed to study TOrC surface and porewater breakthrough curves and to determine

the reach-scale attenuation. The goal of 
ume experiments run in recirculation mode (15 days) was the

assessment of longer-term performance and the potential for TOrC biotransformation of the di�erent

streambed con�gurations. Speci�cally, the e�ect of biochar in BEST streambeds on HZ 
ow and

reach-scale TOrC removal was investigated.

1.3 Dissertation Organization

This dissertation is composed of �ve chapters. This chapter (Chapter 1) has provided a literature

review of relevant prior research and outlines the research objectives and hypotheses for the material in the

main body of this dissertation. The closing chapter (Chapter 5) summarizes the conclusions drawn from

the research presented in the main body and their broader signi�cance, and recommends directions for

future research. The main body of this dissertation (Chapters 2 to 4) describes the motivation,

experimental approach, and the main results and conclusions from each of the three research projects that

were conducted to address the corresponding research objectives. Relevant supporting information for each

of the three chapters is provided in Appendices A, B, and C. Appendix D contains the copyright

permission information (reference to Supplemental File). The research chapters have either been published

(Chapter 2) or are in the preparation phase for submission to a scienti�c journal (Chapters 3 and 4). An

overview of each of the chapters in the main body of the dissertation is presented in the following:

Chapter 2, \The Regenerative Role of Bio�lm in the Removal of Pesticides from Stormwater in

Biochar-Amended Bio�lters" by Andrea C. Portmann (primary researcher and author), Gregory H.

LeFevre (Associate Professor at the University of Iowa that provided experimental guidance and

manuscript review), Rennosuke Hankawa (former Bachelor's student at the Colorado School of Mines that
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provided signi�cant laboratory assistance and biotransformation literature review), David Werner

(Lecturer at Newcastle University in the United Kingdom that provided modelling assistance), and

Christopher P. Higgins (Professor at the Colorado School of Mines, principal investigator and

corresponding author), has been published inEnvironmental Science: Water Research & Technology

(Portmann et al., 2022). This paper addresses Objective 1 and Hypothesis 1, and relevant supporting

information can be found in Appendix A. Environmental Science: Water Research & Technologygranted

permission to reproduce the published manuscript in this dissertation and approval for republication of the

manuscript was con�rmed from all co-authors (see Appendix D).

Chapter 3, \Biochar-Amended Engineered Streambeds for In-Stream Attenuation of the Diabetes

Medication Metformin and its Transformation Product Guanylurea" by Andrea C. Portmann (primary

researcher and author), Malte Posselt (Postdoctoral researcher at Stockholm University in Sweden that

provided signi�cant contributions in experimental design, sampling, and sample analysis), Anna Jaeger

(PhD candidate at Humboldt University in Germany that provided assistance in sampling and sample

analysis), Skuyler P. Herzog (Assistant Professor at Oregon State University-Cascades that provided

assistance in experimental design and sampling), Reza Abdi (former Postdoctoral researcher at Colorado

School of Mines that provided assistance with data post-processing), Chuhui Zhang (Postdoctoral

researcher at Colorado School of Mines that provided assistance with sample analysis), Ren�e Sahm

(Researcher at the German Environment Agency in Germany that provided guidance in experimental

design and sampling), Bj•orn Kusebauch (Researcher at the German Environment Agency in Germany that

provided guidance in experimental design and sample analysis), John E. McCray (Professor at the

Colorado School of Mines that provided experimental guidance and manuscript review), and Christopher P.

Higgins (Professor at the Colorado School of Mines, principal investigator and corresponding author), is a

manuscript being prepared for submission to a scienti�c journal. This paper addresses Objective 2 and

Hypothesis 2. Relevant supporting information for this chapter are provided in Appendix B.

Chapter 4, \Engineered Streambeds for the Removal of Pesticides and Pharmaceuticals from

Stormwater" by Andrea C. Portmann (primary researcher and author), Brittnee N. Halpin (PhD candidate

at the Colorado School of Mines that provided signi�cant contributions in experimental design, 
ume

construction, and experiment execution), Donovan Keohane (Bachelor's student at the Colorado School of

Mines that provided assistance with data post-processing in R), John E. McCray (Professor at the

Colorado School of Mines that provided experimental guidance), and Christopher P. Higgins (Professor at

the Colorado School of Mines, principal investigator and corresponding author), is a manuscript being

prepared for submission to a scienti�c journal. This paper addresses Objective 3 and Hypothesis 3.

Relevant supporting information for this chapter are presented in Appendix C.
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CHAPTER 2

THE REGENERATIVE ROLE OF BIOFILM IN THE REMOVAL OF PESTICIDES FROM

STORMWATER IN BIOCHAR-AMENDED BIOFILTERS

Modi�ed from an article published in Environmental Science: Water Research & Technology1

Andrea C. Portmann2;3, Gregory H. LeFevre4, Rennosuke Hankawa2, David Werner5, Christopher P.

Higgins2;6

2.1 Abstract

Low-impact, green infrastructure systems such as bio�lters, particularly when amended with biochar,

can help address chemical pollution conveyed via stormwater that is increasingly posing a threat to aquatic

ecosystems and groundwater quality. Although removal of organic contaminants including pesticides by

biochar-amended systems has been studied, the role of a biofouling layer on contaminant removal,

biotransformation, and �lter lifetime remains poorly understood. This study evaluated the removal of the

pesticides atrazine, imidacloprid, and clothianidin in biologically active biochar-amended columns through

complete exhaustion of contaminant removal capacity. The resultant data indicate that biological processes

accounted for 20-36% of overall removal in the biochar-amended sand columns. In addition, a combined

target and suspect screening approach using liquid chromatography quadrupole time-of-
ight mass

spectrometry (LC-QToF-MS) was employed to evaluate the potential transformation of these three

pesticides and release of the transformation products (TPs). All TPs detected in the e�uent remained

below 2.5% of their respective parent in
uent concentrations for the duration of the experiment.

Furthermore, at a biochar application rate of 0.5 wt%, the presence of an active bio�lm prolonged the �lter

lifetime by 1.8-2.3 times compared to a fouled but inactive �lter, where removal was presumably dominated

by adsorption only. Scenario modelling estimates showed that biochar-amended bio�lters could last at least

17 years before exceeding aquatic life threshold values at biochar-application rates as low as 1 wt% (5

vol%) in a representative case study. Results of this study provide novel insight on pesticide TP formation

in biochar-amended bio�lters and estimation of �lter lifetimes.

1Reprinted with permission from Environ. Sci.: Water Res. Technol. , 2022, 8, 1092-1110. Copyright 2022 Royal Society of
Chemistry. Online access: https://doi.org/10.1039/D1EW00870F

2Department of Civil & Environmental Engineering, Colorado School of Mines
3Primary researcher and author
4Department of Civil & Environmental Engineering and IIHR-Hydroscience & Engineering, University of Iowa
5School of Engineering, Newcastle University, UK
6Corresponding author
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2.2 Introduction

Harnessing alternative water resources such as stormwater through capture and treatment is a

promising strategy to help address both water scarcity and contamination (Clark & Pitt, 2012; Luthy

et al., 2019; Mohanty et al., 2018). Nevertheless, to make stormwater runo� a viable and safe water

resource, e�ective methods for water quality improvements are essential. In recent years, the

implementation of green infrastructure systems and stormwater control measures (SCMs) has gained

attention among practitioners, especially the use of in�ltration techniques (Grebel et al., 2013).

Traditionally, however, SCMs have focused on 
ow reduction and water capture but have not been designed

for water quality improvement (Grebel et al., 2013; LeFevreet al., 2015). Contamination of urban streams

with trace organic contaminants (TOrCs) stemming from stormwater runo� such as polycyclic aromatic

hydrocarbons (PAHs) (Burant et al., 2018; Gasperiet al., 2014; LeFevreet al., 2015), pesticides (Gasperi

et al., 2014; LeFevreet al., 2015; Rippy et al., 2017; Spahret al., 2020; Stoneet al., 2014; Wolfand et al.,

2019), vehicle-associated compounds (Peteret al., 2018), 
ame retardants (Burant et al., 2018; Spahret al.,

2020), and pharmaceuticals (Burantet al., 2018; Masoneret al., 2019; Spahret al., 2020) may lead to

substantial aquatic health impacts such as acute/chronic toxicity (Anderson et al., 2016; Tian et al., 2021;

Vignet et al., 2019; Younget al., 2018) and endocrine disruption (Mnif et al., 2011; Zhanget al., 2020),

surface water quality degradation (LeFevreet al., 2015), and drinking water impairments of groundwater

aquifers (Kiefer et al., 2019; Looset al., 2010). During the past 20 years, decentralized bio�lters or

bioretention systems have been increasingly gaining traction as a viable alternative to centralized

stormwater treatment systems (Boehmet al., 2020). Bio�lters amended with conventional media (i.e., soil,

sand) are typically e�ective at removing suspended solids and thus particulate-bound organics (e.g.

petroleum hydrocarbons, PAHs) with removal values commonly as high as 80-90% (Flanaganet al., 2018;

Zhang et al., 2014). However, limited removal in conventional bio�lters was observed for less hydrophobic

organic contaminants (Zhanget al., 2014) and our understanding of the attenuation of dissolved organic

contaminants remains limited (LeFevre et al., 2015). Speci�cally, TOrCs such as hydrophilic pesticides

pose one of the greatest risks for groundwater contamination (Pittet al., 1999) due to their high mobility

and low sorptive a�nity towards soil and conventional in�ltration media such as sand (LeFevre et al., 2015;

Spahr et al., 2020). These �ndings highlight the need to modify conventional green infrastructure systems

for the removal of this class of contaminants (Andersonet al., 2016; Spahret al., 2020).

In light of the challenge that dissolved and hydrophilic TOrCs pose to maintaining or improving water

quality, amending stormwater treatment systems with black carbon adsorbents like biochar has become a

strategy of interest to improve contaminant removal (Grebel et al., 2013; Mileset al., 2016; Mohanty et al.,
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2018). Biochar is a cost-e�ective means of improving the removal of hydrophilic TOrCs, as has been

demonstrated in laboratory batch and column studies (Rayet al., 2019; Ulrich et al., 2015), as well as in

pilot-scale bio�lters (Ulrich et al., 2017a). As the dominant abiotic removal process for TOrCs is

adsorption, biochar properties such as surface area, aromaticity, and internal pore size distribution {

especially microporosity and mesoporosity (Ulrichet al., 2015; Xiao & Pignatello, 2015a) { appear to

control the removal of organic contaminants (Mohanty et al., 2018). Depending on the functional group(s)

of the target pollutant, di�erent mechanisms can be responsible for the interaction between the organic

contaminant and biochar surface: non-polar compounds attach to hydrophobic sites on the biochar surface,

whereas polar compounds engage in hydrogen bonds with polar surface groups (Ahmadet al., 2014).

Charged organic compounds may also be retained via electrostatic attraction, especially cationic

compounds, since most biochar surfaces are negatively charged (Ahmadet al., 2014).

In addition to abiotic sorptive removal, the microbial activity of stormwater �lters is thought to play an

important role for TOrC attenuation (Frankel et al., 2016; Ulrich et al., 2017b). Immobilized microbial

bio�lms have long been used in water and wastewater treatment (Shieh & Keenan, 1986) and also in the

bioremediation of xenobiotics (Oh & Tuovinen, 1994; Puhakkaet al., 1995). The suitability of biochar to

serve as habitat and inoculum carrier for microorganisms has been described previously (Haleet al., 2015;

Luo et al., 2013), although not all literature agrees (Quilliam et al., 2013). The suitability of a biochar to

serve as bio�lm attachment site may be highly dependent on speci�c properties, including surface area,

hydrophobicity, water holding capacity (Hale et al., 2015) and biochar carbon availability (Luo et al.,

2013). Further, Saquinget al. (2016) reported that biochar can function as both electron donor and

acceptor, and thus should be seen as rechargeable reservoir of bioavailable electrons, a feature which could

potentially promote the biodegradation of contaminants in bioretention systems. The stimulating e�ect of

biochar on microbial processes involving inorganics has been demonstrated for Fe(III) reduction (Kappler

et al., 2014) and nitrate reduction (i.e., denitri�cation) (Saquing et al., 2016). Moreover, biological

degradation may act directly on biochar-bound organic contaminants (Yuet al., 2015) which has important

mechanistic implications. Furthermore, bio�lm-coated biochar is reported to bene�t TOrCs removal,

possibly due to microbial biodegradation (Liu et al., 2017a; Ulrich et al., 2017b). Thus, biochar-attached

bio�lms could facilitate sustained contaminant removal, potentially via a synergistic relationship between

microbial degradation and biochar adsorption (Frankel et al., 2016). This process, coined bioregeneration,

has been described for biologically active granular activated carbon (GAC) �lters in water treatment, and

implies that the sorptive capacity of adsorbents can be restored by microbial degradation freeing up

sorption sites (Akta�s & C�e�cen, 2007).
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Overall, disambiguating the contributions of individual processes on total removal is challenging, and

very limited research is available on the disentangling of sorptive and biological processes in

biochar-amended systems (Tanget al., 2016; Yanet al., 2017). In practice, SCMs are often considered

\black box" passive water treatment systems (Grebelet al., 2013). The design of biochar-amended

bio�lters is further complicated by processes that are di�cult to simulate in the laboratory but inherently

arise in �eld-scale systems, such as the impact of variable saturation conditions, clogging, or biofouling on

biochar sorption. For instance, the addition of an external carbon source (e.g. woodchips, compost, humic

acid) is known to facilitate biological processes and can bene�t contaminant removal (Ashooriet al., 2019;

Ulrich et al., 2017b; Zhanget al., 2019) but may also lead to accelerated exhaustion of adsorption sites or

pore clogging and concomitant biochar aging (Kwon & Pignatello, 2005; Pignatelloet al., 2006). Generally,

there are only a few studies providing insight into long-term performance of biochar-amended stormwater

treatment systems (Boehmet al., 2020). Thus, a better understanding of the e�ect of an active microbial

bio�lm (i.e., biodegradation) on overall TOrC removal over one full lifetime of a bio�lter is warranted to

inform design, maintenance, lifetime, and risk assessment (e.g., toxicity of metabolites) of biochar-amended

SCM systems. Moreover, inclusion of transformation products (TPs) in the analysis of biochar-amended

bio�lter e�uents is lacking in the literature, even though TPs of pesticides are a concern and increasingly

found in drinking water sources (Guillon et al., 2018) and in groundwater - sometimes at higher

concentrations than their parent compounds (Kiefer et al., 2019). Thus, it is essential to determine if

biochar-amended bio�lters could be a potential source of TPs into the environment. As biodegradation in

bio�lm-biochar �lters may potentially prolong bio�lter lifetime in the long term, the primary objectives of

this study were to: i) assess the role of bio�lm in overall pesticide removal in biochar-amended bio�lters

and determine the relative importance of biodegradation compared to sorption; ii) evaluate the e�ect of the

combined bio�lm-biochar presence and thus biodegradation on �lter lifetime; and iii) elucidate the main

transformation pathways of select pesticides occurring in biotic biochar-sand systems compared to controls.

To address these objectives, we studied the removal and transformation of atrazine, imidacloprid, and

clothianidin in laboratory-scale biochar-amended sand columns over four months and compared the

�ndings to results from inhibited (i.e., inactivated bio�lm) biochar-sand columns and sand-only columns

(both biotic and inhibited). Hydrophilic pesticides, including atrazine and neonicotinoids, are increasingly

being discovered in urban stormwater (Masoneret al., 2019). Our decision to study neonicotinoids in

biochar-amended bio�lters was based on their emerging nature and lack of environmental research data

(personal communication by the California Department of Pesticide Regulation). The resultant column

breakthrough curves of the three pesticides were used to estimate parameters of a contaminant transport

model to simulate representative bio�lter lifetimes in di�erent case study scenarios.
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2.3 Methods

This section describes the experimental methods, materials, and procedures used for this study.

2.3.1 TOrC Analysis

The TOrCs suite selected for target analysis in this study included the parent compounds atrazine,

imidacloprid, and clothianidin. TPs also targeted for analysis included desethylatrazine (DEA),

desisopropylatrazine (DIA), 2-hydroxy-atrazine (OH-ATZ), desnitro-imidacloprid (desnitro-IMI),

imidacloprid-urea (IMI-urea), imidacloprid-ole�n (IMI-ole�n), and 6-chloronicotinic acid (6-CNA).

Analytical standards for TPs of clothianidin were not commercially available and therefore not included in

the target analysis. Isotope dilution was conducted using the surrogate standards atrazine-d5,

imidacloprid-d4, and clothianidin-d3. Information and details on source and purity of analytical standards

(natives and surrogates) can be found in the Supporting Information (SI) in Appendix A, Table A.1.

Literature-derived microbial transformation pathways for atrazine, imidacloprid, and clothianidin can be

found in Figures A.1-A.3. Concentrations of TOrCs in aqueous samples were quanti�ed by liquid

chromatography quadrupole time-of-
ight mass spectrometry (LC-QToF-MS) using a SCIEX ExionLC TM

high-performance liquid chromatography (HPLC) system equipped with a Biphenyl analytical column (3

µm, 100x3 mm; Phenomenex, Torrance, CA), coupled to a SCIEX X500R QToF-MS system (Framingham,

MA) using electrospray ionization in positive mode (ESI+) with SWATH ® Data-Independent Acquisition

for both ToFMS and MS/MS mode. Details on the MS parameters and LC conditions can be found in

Appendix A.

Target Analysis. Target analytes were identi�ed based on precursor accurate mass (mass error< 10

ppm), isotopic pattern (isotopic ratio error < 40%), and retention time (�RT < 0.05 min) compared to

analytical (native) standards, and quanti�ed using calibration standards in the range of 0.005µg/L to 25

µg/L. Surrogate concentrations in calibration standards (and samples) were 0.4µg/L for atrazine-d5 and

0.8 µg/L for both imidacloprid-d4 and clothianidin-d3. Accuracy of calibration standards was required to

be within +/- 30% and the calibration curve had to be linear (R � 0.99). The limit of quantitation (LOQ)

for most analytes was between 0.005µg/L and 0.01 µg/L, except for 6-CNA, for which the LOQ was 0.05

µg/L. Considerably lower sensitivity of 6-CNA in LC-MS analysis compared to other neonicotinoid

compounds has been reported previously (Haoet al., 2016; Muerdter & LeFevre, 2019). Table A.2 contains

the LC-QToF-MS parameters for each target analyte; speci�cally, retention time, precursor accurate mass

(quantitation), MS/MS fragment masses (qualitative con�rmation), LOQ, and spike recovery data.

Suspect Screening. To identify additional TPs of atrazine, imidacloprid, and clothianidin, a suspect

screening approach was also employed. LC-QToF-MS data acquired in SWATH® mode was screened
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using a custom extracted ion chromatogram (XIC) list (Table A.3) containing molecular formulas and

accurate masses for TPs identi�ed using the EAWAG Biocatalysis/Biodegradation Database and Pathway

Prediction System (EAWAG-BBD/PPS; http://eawag-bbd.ethz.ch/index.html) and a review of extant

literature (Figures A.1-A.3). Identi�cation of unknown pesticide TPs was based on accurate mass

measurement for the molecular ion, isotopic pattern matching scores, and veri�cation of MS/MS spectra.

Samples were screened by searching for the protonated molecular ion [M+H]+ using an XIC window of

0.02 Da, a signal to noise threshold of 10:1, and a noise percentage of 90%. For additional analyte

con�rmation, acquired MS/MS spectra were compared to fragment masses previously reported in literature

(Table A.2). Suspects were con�rmed by identi�cation of at least one unique product ion accurate mass

that matched known fragments (mass error< 10 ppm). In a �rst screening of the data, only matches with

precursor ion mass error< 5 ppm and isotopic pattern error < 40% were considered for subsequent

MS/MS fragment analysis. The precursor mass error criterion was chosen to be more restrictive than the

target analysis because of the absence of analytical standards. A con�dence level was assigned to each

suspect compound on the basis of the Schymanski scale (Schymanskiet al., 2014).

2.3.2 Materials

Biochar. The biochar used in this study was Mountain Crest Gardens biochar (MCG-biochar) produced

by high temperature (> 1100°C) gasi�cation of pinewood (Gropro, Inc., Etna, CA) and was selected for

this study due to its superior TOrC removal performance in laboratory-scale (Rayet al., 2019; Ulrich

et al., 2015) and pilot-scale bio�lters treating stormwater (Ashoori et al., 2019). The biochar was sieved to

a particle size range of 53-250µm, rinsed by deionized (DI) water, and subsequently allowed to air dry.

The standard laboratory sand was of uniform particle size (210-297µm; Sigma-Aldrich) and was used as

received. Additional details related to surface area analysis and pore-size characterization of the biochar is

provided in the SI (section A.3).

Dissolved Organic Carbon (DOC) Extract Solutions. All experiments (batch sorption, column, and

microcosm experiments) were conducted with representative synthetic stormwater based on a recipe from

Grebel et al. (2016). Dissolved organic carbon (DOC) was added from DOC extract solutions obtained by

infusing local creek water with grass, leaves, and compost over several weeks based on a recipe described

elsewhere (Ulrichet al., 2017b). DOC obtained from natural carbon sources provides a more complex DOC

source for microbial growth than from single sources (e.g., humic acid) and is thought to be more

representative of actual �eld conditions. Details on the preparation of the DOC extract solutions can be

found in the SI (section A.3).
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Microbial Enrichment Solutions. Microbial enrichment solutions for column inoculation were prepared

following a modi�ed procedure described elsewhere (Ulrichet al., 2017b). In brief, a sediment-creek water

slurry was obtained from a local creek (Clear Creek, Golden, CO) and served as the inoculum to the

enrichment solutions. The same DOC extract that was used for batch and column experiments was used as

growth media for the enrichment solutions. Microbial cultures for the enrichment solutions were grown

over two stages of three successive inoculation-incubation cycles. Further details on the microbial

enrichment procedure can be found in the SI (section A.3).

2.3.3 Batch Sorption Experiments

Isotherm and kinetic batch experiments were carried out in 250 mL amber glass bottles (Quorpak;

Clinton, PA) with representative synthetic stormwater. Batch experiments were conducted following the

method described in Ulrich et al. (2015). Brie
y, after amber glass bottles were autoclaved at 135°C for 25

min, 200 mL of representative synthetic stormwater (including 100 mg/L sodium azide) and 3.8� 0.3 mg

of fresh MCG biochar were added to each bottle. The batches were placed on a shaker table overnight to

allow for pre-equilibration of the biochar with DOC. The following day, batches were spiked with a mixture

of the native parent TOrC solution using a methanol carrier (less than 0.05% of total volume), which

marked time zero of the batch experiments. Isotherm batch tests were carried out in triplicates at �ve

di�erent initial concentrations ( CW; 0 = 3, 10, 20, 50, and 100µg/L for each TOrC individually) and

including controls (no biochar) to account for abiotic losses of TOrCs. Samples were taken in the beginning

(t = 1.5 h) from controls only and at the end (t = 92 d) from biochar batches and controls. Samples (2

mL) were taken after 0.5 hours of settling using sterile pipet tips and were transferred into glass centrifuge

vials (Kimble Chase; Rockwood, TN / DWK Life Sciences, LLC). After addition of a surrogate solution in

methanol (10% of �nal volume), vials were centrifuged at 2600 rcf for 18 min to spin down potential

biochar particles. The supernatant was transferred to amber storage vials and stored at 4°C until analysis.

Kinetic batch tests were carried out with the serial method following OECD guidelines 106 (OECD, 2000)

using an initial TOrC concentration of 10 µg/L (for each TOrC individually). TOrCs sampling was

performed at 1.5 h, 1 d, 3 d, 7 d, 15 d, 29 d, and 67 d and the sample preparation and storage followed the

same procedure as for isotherm batches.

Best-�t parameters of the Freundlich and Langmuir isotherms were obtained from the equilibrium

sorption data using non-linear regression with relative weighting (1/Y2) in GraphPad Prism (version 9.1.1);

the corresponding �gures can be found in the SI (Figure A.4). Akaike's Information Criterion (AIC) was

used to compare the goodness of �t of both sorption equations and demonstrated better �ts for the

Freundlich isotherm for all three parent compounds. Both the AIC and best-�t values of the non-linear
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Freundlich isotherm coe�cient K F and the Freundlich isotherm exponentn are reported in Table A.4.

2.3.4 Column Experiments

Column experiments were conducted using Kimble Chase 
ex-columns (2.5 x 5 cm) (DWK Life

Sciences, LLC) and an e�ective length of 5.6 cm was dry-packed with a mixture of sand and biochar (0.5

wt%). The media mixture was �xed with glass beads and glass wool at both the inlet and outlet to prevent

loss of media under 
ow conditions. Attachment of a bio�lm on the sand-biochar media and start-up of

biotic columns followed a procedure described elsewhere (Ulrichet al., 2017b). Columns were purged with

CO2 gas right before startup to ensure fully saturated conditions and were subsequently injected with one

pore volume (PV) of microbial enrichment solution at a 
ow rate of 0.9 mL/min, allowed to sit overnight,

and then slowly recirculated at 0.08 mL/min for 48 h to promote microbial attachment. After seeding of a

bio�lm, columns were conditioned with representative (un-spiked) synthetic stormwater containing 10

mg/L DOC at a 
owrate of 0.21 mL/min for 23 days. During conditioning, a salt tracer test was

performed using a conservative tracer KBr solution (300 mg/L) to assess mean hydraulic residence times

(HRT) of the columns. E�uent samples (1 mL) were taken every 20 min, diluted with Milli-Q water and

analyzed by ion chromatography (IC). Based on the salt tracer data, mean HRTs of the columns were

between 90-125 min (consistent with a recent bioretention study, Guet al. 2021), with the variance likely

due to experimental variation rather than the presence of biochar or a bio�lm (see Figure A.6). After the

dissolved oxygen (DO) levels in the e�uent stabilized, columns were injected with representative synthetic

stormwater containing 10 mg/L DOC and 200 µg/L of each TOrC (atrazine, imidacloprid, clothianidin) for

92 days at a 
owrate of 0.21 mL/min. This 
ow rate corresponds to an in�ltration rate of 2.58 cm/h and

thus meets the in�ltration requirement for bioretention systems ( > 2 cm/h) (LeFevre et al., 2015). In
uent

reservoirs (aerated) were refreshed daily to minimize microbial growth and TOrC degradation, and the

methanol of the TOrC carrier solution was evaporated under N2 in a conical glass tube. The dried TOrC

residue was redissolved and added to the in
uent reservoirs by repeatedly (6X) adding synthetic

stormwater to the glass tube and vigorous shaking, then letting it sit for 10-15 min each time. In
uents of

inhibited control columns (one for sand and sand+BC each) contained 200 mg/L of sodium azide (NaN3)

for continued bio�lm inactivation. In
uent and e�uent samples were taken regularly (on average, every 2-3

days over the course of 92 days) and preserved by �ltration with Millex syringe �lters (0.22 µm, 13 mm,

Durapore, PVDF membrane; Millipore Sigma) and stored at 4°C until analysis. However, not all of these

samples were submitted for TOrC analysis.

General column performance was monitored by analyzing in
uent and e�uent samples for standard

water quality parameters. DO concentrations and pH were measured twice a week during the �rst three
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weeks (column conditioning) and once a week afterwards using a portable Hach multimeter (HQ40D) and

DO / pH probes. DOC and total nitrogen (TN) concentrations were measured weekly (twice a week during

the �rst seven weeks) by a TOC-L Laboratory Total Organic Carbon Analyzer (Shimadzu), and major

anions were analyzed using a Dionex ICS-900 Ion Chromatography System (Thermo Fisher Scienti�c).

Samples were diluted with in-house Milli-Q water as necessary to meet instrument speci�cations and

calibration ranges.

2.3.5 Microcosm Experiments

Biotic microcosms (two replicates: M1, M2) were started in autoclaved 1000 mL Erlenmeyer 
asks by

combining 100 mL of DOC extract solution (� 250 mg/L) with 10 mL of the same microbial seeding

solution used for column inoculation. Flasks were aerobically incubated at 30°C in the dark for two weeks

(17 days). After incubation, replicates M1 and M2 were spiked with TOrCs (atrazine, imidacloprid, and

clothianidin; �nal concentration: 400 µg/L each) by adding 140 mL of autoclaved synthetic stormwater

solution (no DOC). As with the column in
uent solutions, the methanol of the TOrC carrier solution was

evaporated under N2 before addition to the 
asks. An un-spiked control (M3) was prepared to monitor

microbial growth under non-exposure conditions. In addition, an inhibited control (M4) was initiated by

combining 100 mL of DOC extract solution, 10 mL of NaN3 in Milli-Q water (�nal concentration: 200

mg/L) instead of the microbial enrichment solution, and 140 mL of autoclaved synthetic stormwater

solution (no DOC). Unfortunately, it was not possible to maintain the inhibited control as uncontaminated

over the duration of the experiment and thus it was excluded from further analysis. All 
asks were shaken

continuously for 369 days at room temperature and sampled regularly (weekly during the �rst 14 weeks,

then bimonthly during the next 15 weeks, and again after six months at the end of the experiment).

Sample volumes were kept as low as 0.5-1.0 mL and were prepared for storage following the same method

as described for column samples. To account for evaporative water losses, microcosms were weighed before

each sampling event and the appropriate volume of autoclaved Milli-Q water was added to each microcosm

prior to sampling.

2.3.6 Transport Modelling

Contaminant breakthrough data were assessed using a model in MATLAB (R2019b, MathWorks,

Massachusetts, United States) describing one-dimensional solute transport in porous media assuming

sorption-retarded intraparticle di�usion kinetics and a Freundlich sorption isotherm (column model

variables and input parameters are listed in Tables A.8 and A.9). Tortuosity (� ) was used as a �tting

parameter to account for intraparticle di�usion. This model was originally designed to determine the fate
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and transport of organic contaminants in black carbon-amended sediments or aquifers (Werneret al., 2006,

2012). Ulrich et al. (2015) used an adapted version to demonstrate that including di�usion-limited sorption

kinetics allows the prediction of TOrC breakthrough curves (BTCs) in abiotic biochar-amended sand �lters

based on sorption parameters derived from abiotic batch tests. The same model has been successfully

employed to model the breakthrough of per- and poly
uoroalkyl substances (PFASs) in a pilot-scale GAC

�ltration system, even though it was found that assuming local sorption equilibrium generated a better �t

to the observed data (Liu et al., 2019). In the present study, the original model was adapted for constant

in
uent concentration (as opposed to a pulse).

Estimation of sorption and kinetic parameters (i.e., tortuosity) based on batch equilibrium and kinetic

sorption data for use in column breakthrough prediction was successfully demonstrated previously (Ulrich

et al., 2015); however, in the current study, results were not deemed satisfactory (Figures A.16 and A.17).

We assume that the presence of a bio�lm layer in the porous media limited the transferability of

parameters from abiotic batch studies (microbial growth inhibited by NaN3) to biologically active


ow-through systems. Best-�t Freundlich sorption ( K F , n) and kinetic parameters (� ) for each compound

were therefore directly estimated based on the e�uent data observed in the biotic BC+Sand columns

(Figure A.19). The best-�t parameters were then used to predict TOrC breakthrough and bio�lter lifetime

in several case study simulations (scenarios). Assuming that the bio�lter e�uent were discharged into

receiving surface waters, the \bio�lter lifetime" or \breakthrough" was de�ned as the time when the

e�uent concentrations would exceed chronic aquatic life benchmarks speci�ed by the European Union or

the United States Environmental Protection Agency (U.S. EPA). Representative stormwater in
uent

concentration ranges were estimated based on reported surface water data in the literature (storm- and

stream water), with the corresponding maximum concentrations being used to simulate worst-case

scenarios. The simulated continuous �lter lifetimes were then adjusted based on a representative �eld-scale

bio�lter (in�ltration basin) for a residential area in Denver, CO, receiving a representative amount of

rainfall. Detailed calculations are provided in Table A.11.

2.4 Results and Discussion

2.4.1 Biological Activity of Columns

The average column in
uent DO concentration of 7.12 (� 0.11) mg/L consistently decreased in the

column e�uent for all four tested conditions (Figure 2.1a; p = 9.10e-4, Ranksum Test, a = 0.05),

indicating continued aerobic microbial activity throughout the study. Nevertheless, DO removal was

signi�cantly greater in biotic columns (both with and without biochar) compared to inhibited conditions (p

= 1.96e-4; Wilcoxon Sign Rank Test,a = 0.05). Similar results occurred for removal of DOC in the
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columns (Figure 2.1a): the overall DOC removal in the biotic systems (both Sand and BC+Sand) was

signi�cantly greater (45%) compared to the inhibited controls (12%; p = 3.85e-6, Paired-sample t-test,a =

0.05). However, there was some comparably minor microbial activity in the inhibited columns, indicating

that the addition of sodium azide was not su�cient to suppress all microbial activity. This is supported by

the fact that the observed average DOC removal was signi�cantly non-zero (p = 0.0269 and p = 0.0086 for

Sand, inhibited and BC+Sand, inhibited, respectively; One-sample t-test,a = 0.05). We believe that the

term \inhibited" su�ciently re
ects this circumstance (compared to, e.g., \abiotic").

Figure 2.1 a) Biological activity of columns: Removal of dissolved oxygen (DO) during days 7-110 and
removal of dissolved organic carbon (DOC) during days 11-103; shown are the mean and standard error of
the mean (SEM) with sample sizes n = 54, 18, 18, 18, respectively. b) E�ect of bio�lm and ageing on
biochar properties: Brunauer-Emmett-Teller speci�c surface area (BET SSA) and pore volume distribution
of fresh MCG-biochar compared to aged biotic and inhibited samples. Ageing consisted of column
conditioning with synthetic stormwater containing � 10 mg/L DOC (23 days) followed by injection of
synthetic stormwater with � 10 mg/L DOC and � 200 µg/L TOrCs (92 days).

The signi�cantly greater removal of DO and DOC in biotic columns indicated the presence of an active

bio�lm, which we presumed to be responsible for the observed microbial activity. Based on the

observations, we further concluded that aerobic conditions dominated in the columns (except for anoxic

niches, which may be present in biochar/porous media). Because there was no signi�cant di�erence in

DOC removal between \Sand, biotic" and \BC+Sand, biotic" conditions (p=0.27; Paired-sample t-test, a

= 0.05), we concluded that DOC removal after initial conditioning ( � Day 11 after column inoculation)

was governed by microbial activity rather than adsorption to the biochar. These �ndings correspond well

to another study comparing chemical oxygen demand (COD) between sand and activated carbon (AC)

bio�lters, concluding that the type of �lter material did not a�ect the activity of the heterotrophic biomass

and hence that biotransformation was the main mechanism responsible for COD removal (Yuet al., 2007).
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2.4.2 Impact of Fouling/Ageing on Biochar Properties

To comparatively assess the impact of biological fouling and ageing (over 115 days total) on biochar

physical properties and thus sorption, fresh and aged (both biotic and inhibited) biochar samples collected

from columns were analyzed for total pore volume (PV) and BET speci�c surface area (BET SSA) (Figure

2.1b). The largest portion (75.4%) of the total PV of fresh MCG biochar was attributed to the mesopore

fraction (pore sizes 20-500�A or 2-50 nm), followed by micropore volume (17.0%;< 20 �A or < 2 nm),

whereas the smallest fraction was comprised of macropores (7.6%;> 500 �A or > 50 nm). A high degree of

mesoporosity is reportedly crucial for the sorption of triazine herbicides to biochar: Mesopores were

bene�cial in minimizing steric hindrance e�ects and may provide pathways for contaminants to di�use into

deeper pores (Xiao & Pignatello, 2015a). The BET SSA of fresh MCG biochar was 641 m2/g, and is

approximately double the value reported elsewhere (Ulrichet al., 2015) for the same type of biochar (317

m2/g). As both biochars were acquired from the same production facility but originated from di�erent

production batches, this may explain the variability in physical properties. Interestingly, the relative

reduction in BET SSA and PV over time was more pronounced under inhibited fouling conditions

compared to biologically active conditions (reduction by 85% and 45%, respectively, for inhibited vs. 70%

and 23%, respectively, for biotic), which could be indicative of a regenerative e�ect of microbial activity,

potentially through elevated DOC consumption over time that frees up sorption sites at the biochar surface.

2.4.3 Column Performance: Contaminant Breakthrough Curves

The removal of the parent compounds atrazine, imidacloprid, and clothianidin followed a similar

pattern in the di�erent treatment conditions (Figure 2.2): Sand columns (both biotic and inhibited) broke

through (CEff = 0.05*CIn ) nearly immediately (< 0.71 d) for all three compounds. Breakthrough curves

(BTCs) for the TOrCs indicated relatively rapid initial breakthrough in the inhibited BC+Sand column as

well (3.03 d, 3.14 d, and 4.45 d to initial breakthrough for clothianidin, atrazine, and imidacloprid,

respectively), but in a more gradual manner compared to the biotic treatment (linear vs. s-shaped BTCs).

Initial breakthrough times of biotic BC+Sand columns occurred in the following order: clothianidin �

atrazine < imidacloprid. When the batch isotherm-derived Freundlich parameters (Table A.4, discussed

further below) are used to calculateK d values at CW = 10 µg/L ( K d = 151000, 117000, and 114000 L/kg

for imidacloprid, atrazine, and clothianidin, respectively), these coe�cients appear to be good predictors of

initial column breakthrough order in the biotic BC+Sand columns, despite isotherm nonlinearity. However,

the order of compounds did shift slightly when it came to average exhaustive breakthrough time (de�ned

as the time whenCEff = 0.9* CIn ) and was as follows: clothianidin< imidacloprid � atrazine.
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Figure 2.2 Column e�uent concentrations [ µg/L] over time [days] for the spiked pesticides: a) Atrazine, b)
Imidacloprid, c) Clothianidin. Initial breakthrough (BT) is de�ned as the time when the e�uent
concentration CEff = 0.05*CIn , and exhaustive BT is de�ned as the time when the e�uent concentration
CEff = 0.9* CIn . BT times for the `BC+Sand biotic' condition (three replicates) are reported as mean �
standard deviation. Dotted lines represent the mean in
uent concentrations.
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The enhanced performance with respect to pesticide removal in the biotic BC+Sand columns is likely

due to the combined presence of biochar and (active) microbial bio�lm. Because sand was the dominant

material in our study (from a mass perspective) and biochar was only present at 0.5 wt%, the bio�lm may

have been primarily located on the sand particles. Despite this, the data suggest that the biochar played a

crucial role for pesticide fate and removal involving the bio�lm: even though DO and DOC removal in the

biotic sand columns (without biochar) were similar to those with biochar (Figure 2.1), there was a major

di�erence in pesticide removal between these two conditions (Figure 2.2). There was almost no removal of

pesticides in the biotic sand column (no biochar) despite comparable DOC and DO removal. In short,

there is a clear di�erence between the fate of DOC and pesticides in these systems: this is evident from the

di�erences in removal between the biotic and inhibited systems and it does point to a clear role of biochar

in promoting pesticide removal.

2.4.4 Biotic Contributions { Parent Mass Balance (Columns)

To study the relative importance of biodegradation in overall TOrC removal, the cumulative mass

removal for each of the conditions was calculated over the course of the experiment. Because both biotic

and inhibited BC+Sand systems were inoculated with a microbial bio�lm, we attribute the di�erence in

long-term TOrC removal to microbial activity (and not simply biosorption), potentially involving

biodegradation. The mass balance in Figure 2.3 was developed based on area under the curve calculations

of BTCs of TOrC e�uent concentrations shown in Figure 2.2. The di�erence in cumulative mass removal

at speci�c timepoints (Figure 2.3) between biotic BC+Sand and inhibited BC+Sand (assumption: sorption

only) was assumed to yield the \biotic contribution" or biodegradation portion of the overall removal.

The contributions of both sorption and biodegradation to overall removal varied through time (Figure

2.3). As can be expected based on exhaustion of sorption sites and pore �lling, the share of sorption in

overall mass removal decreased over time. Concurrently, the share of biodegradation increased between 30

and 60 days. We estimated biotic contributions to account for 20-36% of overall biologically enhanced

removal in biotic BC-amended sand columns. These results correspond well with �ndings from a previous

study (Sbardella et al., 2018), which reported that the presence of a bio�lm improved the removal of nine

pharmaceuticals in a biological activated carbon �lter (BAF) and that the contribution of bio�lm in overall

removal of these compounds was in the range of 22-35%. Indeed, Frankelet al. (2016) reported that

biochar-attached bio�lms resulted in higher removal of naphthenic acids (42-72%) compared to sterile

biochar experiments (22-25%). Nevertheless, the dominant removal mechanism may change over time,

which was the case in a system simulating natural groundwater recharge when prevalence shifted from

sorption to biodegradation (Yan et al., 2017).
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In the present study, our mass balance indicates that a biochar application rate of 0.5 wt% and the

presence of an active bio�lm prolonged the observed bio�lter lifetime by 1.8-2.3 times compared to a fouled

but inactive �lter dominated by adsorptive removal only (inhibited BC+Sand) (Figure 2.3). This �nding

contradicts the common concept (e.g., in the case of recalcitrant compounds) that bio�lm growth (or

biofouling) may decrease the lifetime of adsorptive biochar �ltration systems (Ray et al., 2019). A mass

balance of the parent compounds, however, does not allow for any �rm mechanistic conclusions: the biotic

contributions may be due to a combination of biotransformation and biologically enhanced sorptive

removal. The latter process may be separately studied only in the case of non-biodegradable compounds

such as PFASs: a recent study investigated removal of PFASs from wastewater in laboratory column

experiments and showed that the activity of the microbial bio�lm appeared positively related to the

enhanced sorptive removal of PFASs (Dalahmehet al., 2019). The authors argued that { compared to the

inactive bio�lm-biochar { the activity of the bio�lm may have led to an increased number of available

sorption sites on the biochar by continuously degrading organic matter (i.e., DOC in the in
uent). Our

�ndings of decreased fouling (lessened decline of SSA and PV; see section 2.4.2) under biologically active

conditions are consistent with this hypothesis and potentially point towards biologically enhanced sorption

and thus a regenerative e�ect of microbial activity restoring some of the sorption capacity over time.

Figure 2.3 Mass balance of parent e�uent data (area under curve calculation). The share of sorption,
inhibited (comprising both sorption to the biochar and biosorption) was estimated from the di�erence
between the inhibited Sand and inhibited BC+Sand breakthrough curves. This portion was then
subtracted from the biologically enhanced removal observed in the biotic BC+Sand columns to yield the
biotic contribution (consisting of both biologically enhanced sorption and biodegradation).
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Biotransformation of organic chemicals in the combined presence of a microbial bio�lm and biochar

may involve several mechanisms, which may occur simultaneously and are thus not mutually exclusive. In

addition to degradation in the aqueous phase, literature indicates that biodegradation of biochar-bound

organic compounds may be possible due to bioregeneration (Klimenkoet al., 2003) or enhanced desorption

(Zhang et al., 2019) and due to the biochar's ability to serve as redox catalyst between microorganisms and

organic compounds (Yuet al., 2015). Bioregeneration occurs during water treatment employing combined

biological and adsorptive processes, in which microorganisms renew the adsorption capacity of the black

carbon (Akta�s & C�e�cen, 2007). Traditionally, it is thought that a concentration gradient between the

carbon surface and the bulk liquid is a prerequisite for bioregeneration (Akta�s & C�e�cen, 2007). This

gradient leads to the desorption of activated carbon-bound organics and renders them available for

microorganisms in the aqueous phase (Akta�s & C�e�cen, 2007). Abromaitiset al. (2016) argue that the

reversibility of adsorption is highly dependent on the activation energy of desorption. Because of this,

mesoporous adsorbents might be more favorable for desorption and hence bioregeneration than

microporous, e.g., commercially available GAC (Abromaitiset al., 2016; Klimenko et al., 2003). The

biochar used in our study was predominantly mesoporous (75.4% of total PV) and might thus be well

suited for bioregenerative processes. Yuet al. (2006) studied the desorption behavior of the pesticide diuron

in soil and the role of biochar microporosity and found a high correlation between adsorption-desorption

hysteresis and micropore volume. Assuming that bioregeneration is dependent on a concentration gradient,

activated carbon regeneration may only be induced after major changes in the loading or operation of the

treatment system, e.g., wash-out in a BAC system, which lowers the bulk concentration (Abromaitiset al.,

2016). We posit that from this perspective, variable in
uent systems such as stormwater treatment

structures may create conditions favorable for bioregeneration. For example, some catchments may exhibit

a �rst 
ush phenomenon for certain contaminants, meaning that highly concentrated water is followed by

cleaner stormwater runo� (Bach et al., 2010; Bertrand-Krajewski et al., 1998). In other cases, however,

stormwater pollutographs may be more complex than the simple �rst 
ush concept (Peter et al., 2020), or

pollutant concentrations may be subject to seasonal variability (Leeet al., 2004).

Microbial degradation processes of biochar-sorbed organic chemicals are di�erent compared to organics

present in the dissolved phase and DOC may substantially impact their desorption and mineralization

rates. Zhanget al. (2019) demonstrated that the presence of humic acid (HA) increased the mineralization

rate of biochar-bound phenanthrene by accelerating its desorption rate into the aqueous phase. Desorption

was negatively correlated with the microporosity of biochars: the authors argued that organics bound to

the intraparticle surfaces and micropores may be inaccessible (Zhanget al., 2019). In our study, it is

possible that a continuous source of DOC in the presence of a predominantly mesoporous biochar led to
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increased desorption rates and facilitated transport of atrazine, imidacloprid, and clothianidin in our

biologically active columns.

Further, biochar may be crucial in facilitating reduction/oxidation reactions with organic chemicals

(Saquing et al., 2016). In the presence of biochar, several coexisting degradation pathways were proposed

to contribute to the biological reduction of pentachlorophenol (PCP): 41% of the PCP loss was attributed

to electrical conductor mediated reduction of adsorbed PCP (Yuet al., 2015). Unlike the mechanisms

described for bioregeneration or DOC-enhanced desorption, this process is thought to act directly on the

biochar-bound organics. Similarly, an alternative explanation for observed bioregeneration invokes the

release of microbial exoenzymes, which react with the carbon-bound substrates/compounds (Akta�s &

C�e�cen, 2007), thus increasing the bioaccessibility of the compounds (Ogbonnaya & Semple, 2013). This

process may be comparable to plant root exudates stimulating the degradation of organic compounds by

rhizosphere-associated microbes (Muerdter & LeFevre, 2019; Ogataet al., 2013). Though it remains

uncertain whether and to what extent these alternative mechanisms are responsible for the enhanced

removal of clothianidin, atrazine, and imidacloprid in the biochar-amended columns studied here, it is clear

that the biologically active systems had a greater capacity for removal of these contaminants than the

inhibited systems. The observed enhanced removal may possibly involve a combination of several

coexisting processes (i.e., degradation in the aqueous phase, bioregeneration, DOC-enhanced desorption

and transport, biochar-bound microbial degradation).

2.4.5 Biotic Contributions { Known Transformation Products and Pathways

TP analysis o�ers another line of evidence to probe answers about biological processes occurring in the

bio�ltration columns. We detected multiple TPs of atrazine and imidacloprid in column e�uents at

timepoints during column operation (Figure 2.4 on page 28): desethyl-atrazine (DEA), 2-hydroxy-atrazine

(OH-ATZ), desnitro-imidacloprid (desnitro-IMI), and imidacloprid-ole�n (IMI-ole�n). Concentrations were

generally highest in biotic BC+Sand systems and of greater consistency compared to control conditions

(Figure 2.4), although fractions of TPs normalized to parent in
uent concentrations remained below 2.5%

for all conditions throughout the entire experiment. This indicates that biodegradation was occurring, but

quantitative estimations are complicated by a lack of authentic standards, yet unknown TPs, as well as the

uncertainty as to the degree of mineralization vs. transformation. Interestingly, in the early stage of the

experiment (at t = 23 d), TPs were primarily detected in biotic Sand columns, but not yet in biotic

BC+Sand systems (with the exception of OH-ATZ). Suspect TP peaks were also found for

deisopropylhydroxy-atrazine and didealkylatrazine, with both o�ering some MS2 data to provide more

con�dence in their detection (i.e., some had library scores> 90); however, the peaks were deemed to be
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false positives caused by in-source fragmentation of OH-ATZ and DEA, respectively, based on their

respective retention times and their presence in analytical standards containing OH-ATZ and DEA

(Figures A.14 and A.15).

Among all the TPs examined, the highest production was found for OH-ATZ. Levels of OH-ATZ in the

e�uent of the biotic BC+Sand columns exhibited a clear increasing trend over time (R 2 = 0.98, linear

regression). Di�erences in concentrations between the four tested conditions in the time range 46-92 days

were only statistically signi�cant between biotic BC+Sand and each of the biotic and inhibited sand

controls (p=0.0423 and p=0.0036, respectively; Dunn's multiple comparisons test). Detections of OH-ATZ

in both biotic and inhibited sand controls were in the range of levels observed in the in
uent, which were

most likely attributable to aqueous hydrolysis governed by solution pH (Zhanget al., 2013). OH-ATZ in

inhibited BC+Sand columns was likely produced via surface-catalyzed hydrolysis induced by the biochar, a

process that has been described for atrazine (Zhanget al., 2013). Possible mechanisms behind the

biochar-enhanced hydrolysis of atrazine include surface-bound metal atoms facilitating the nucleophilic

attack of water molecules and surface hydroxo groups acting as nucleophiles. Biochar-catalyzed reductive

transformation was also reported for the dinitro herbicides pendimethalin and tri
uralin via similar

mechanisms (Ohet al., 2013). Production of DEA in the columns is likely related to the presence of the

microbial bio�lm, as DEA was almost exclusively observed in the biotic BC+Sand columns, although also

(inconsistently) in biotic Sand columns. Over the entire course of the experiment, concentrations of DEA

were lower compared to OH-ATZ (in biotic BC+Sand columns: p=0.0048; Paired-sample t-test,a=0.05),

consistent with observations in soil and aquatic systems, where the hydroxylation pathway is generally

more common for atrazine (Mudhoo & Garg, 2011). From an environmental risk perspective, hydroxylation

renders OH-ATZ non-herbicidal (unlike DEA and DIA) and thus is considered a more straightforward

detoxi�cation pathway (Meyer et al., 2009; Wackett et al., 2002). The prevailing redox conditions may have

a strong impact on atrazine degradation, and generally, degradation rates are faster under aerobic

compared to anaerobic conditions. For example, Douglasset al. (2014) studied the mineralization of

atrazine in wetland sediments and the aerobic half-life of atrazine was roughly a week, whereas half-lives

under anaerobic conditions were up to 50 days. In the present study, the DO levels in e�uents of biotic

columns were 3.84� 0.91 mg/L (BC+Sand) and 4.03 � 1.05 mg/L (Sand), indicating predominantly

aerobic conditions, except for potential anoxic/anaerobic microniches present in the porous media.
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Figure 2.4 Temporal evolution of transformation products (TPs) of atrazine and imidacloprid in column e�uents and in
uent identi�ed by target
LC-QToF-MS analysis: a) desethyl-atrazine, b) 2-hydroxy-atrazine, c) desnitro-imidacloprid, d) imidacloprid-ole�n. Y-axis shows TP concentrations
in e�uent normalized by the average parent in
uent concentration ( CW;T P / CW; 0;P arent ). Dotted black lines represent the limit of quantitation
(LOQ) for each TP.
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Among imidacloprid TPs, concentrations of desnitro-IMI were highest in biotic BC+Sand columns

(except for t=58 d) and followed a clear temporal trend (R2 = 0.88, linear regression; Figure 2.4).

Desnitro-IMI was detected in e�uents of all control columns, but at variable levels. The presence of

desnitro-IMI in inhibited Sand columns suggests that either abiotic degradation occurred (although,

hydrolysis of imidacloprid under environmentally relevant conditions is very unlikely; Thompson et al.

2020) or that su�cient biological activity in the inhibited columns transformed imidacloprid to

desnitro-IMI. Similarly, concentrations of IMI-ole�n were highest in biotic BC+Sand columns, but

IMI-ole�n was also present (to a lower extent) in biotic Sand and inhibited BC+Sand systems.

5-hydroxy-imidacloprid (5-OH-IMI) and nitrosoguanidine-imidacloprid (NG-IMI) were detected via suspect

screening of column e�uent samples. Precursor peaks for both NG-IMI and 5-OH-IMI were consistently

detected in biotic BC+Sand samples over time, but only NG-IMI could consistently be con�rmed by one

accurate mass fragment (209.0591 Da; for details see Table A.6). We presume that 5-OH-IMI precursor

peaks were too small for consistent fragment accurate mass con�rmation. This led to the assignment of

di�erent suspect con�dence levels according to the Schymanski scale (Schymanskiet al., 2014): Level 3 for

NG-IMI and Level 4 for 5-OH-IMI (Table A.6).

Typically, biotransformation is associated with detoxi�cation mechanisms that render metabolites less

toxic than their parent compound. However, for some `target-speci�c' pesticides such as imidacloprid and

other neonicotinoids (i.e., pesticides that are designed to impart enhanced toxicity to certain pests via

enhanced receptor binding speci�city), decreased toxicity does not necessarily occur with degradation.

Speci�cally, insect selectivity (i.e., di�erential binding propensity toward insect receptors) and thus the

toxicity of neonicotinoids is due to favorably binding to the insect nicotinic acetylcholine receptor (nAChR)

and is e�ectively repelled by vertebrate nAChRs (including mammalian) (Tomizawa & Casida, 2003).

Replacing the =NNO2 group in imidacloprid by =NH to yield desnitro-IMI inverts the selectivity for insect

versus mammalian receptors, rendering desnitro-IMI> 300 times more toxic (based on binding a�nity

data) toward mammals while at the same time greatly decreasing its insect toxicity (Tomizawa & Casida,

2003). In contrast, the acute toxicity of IMI-ole�n towards insects is even higher than imidacloprid, as

highlighted in exposure studies on cotton white
ies (Nauenet al., 1999) and honey bees (Suchailet al.,

2001). IMI-ole�n and desnitro-IMI are part of two distinct transformation pathways of imidacloprid:

IMI-ole�n is considered a \dead-end product", whereas the latter is an intermediate product in the

pathway that may lead to complete mineralization via IMI-urea (Figure A.2). Therefore, despite the

increased mammalian toxicity, degradation into desnitro-IMI might still be preferred from an

environmental risk perspective, because it may further transform into TPs that are, during acute exposure,

reportedly less insecticidal (lower bee mortality) compared to imidacloprid (Suchailet al., 2001).
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6-chloronicotinic-acid (6-CNA) is a TP of imidacloprid and other neonicotinoids, e.g., acetamiprid

(Bonmatin et al., 2015), and is to be found at the \lower end" of the microbial degradation pathway of

imidacloprid (Figure A.2). In some bacterial biodegradation studies, 6-CNA was reported as a dead-end

metabolite, whereas most evidence indicates full mineralization is possible (Hussainet al., 2016). In the

present study, 6-CNA was detected at low concentrations in e�uents of biotic BC+Sand columns towards

the end of the column experiment. At 92 days after the onset of spiking, 6-CNA was measured at 0.091

µg/L in one column replicate and detected below the LOQ of 0.05µg/L in another replicate. The relatively

low concentrations of 6-CNA observed argues against it being a dead-end metabolite. As for the other

experimental conditions, 6-CNA was neither detected in any of the inhibited column controls (Sand or

BC+Sand, respectively) nor in the in
uent water. Although 6-CNA causes considerably less bee mortality

than the parent imidacloprid (Suchail et al., 2001), it may still induce some oxidative stress towards

aquatic non-target organisms such as freshwater algae and crustacean amphipods (Malevet al., 2012).

Moreover, the chronic toxicity towards bees was found to be equally high for imidacloprid and its major

TPs, including 6-CNA (Suchail et al., 2001).

At the time of the analysis, there were no analytical standards or entries in spectral libraries available

for the identi�cation of clothianidin TPs. Employing a suspect screening approach (Table A.3), we

con�rmed the presence of one potential TP in e�uents of biotic BC+Sand columns, namely

clothianidin-urea (CLO-urea) with a protonated precursor accurate mass of 206.01494 Da (Table A.6). All

reported peaks ful�lled the suspect precursor quality criteria (< 5 ppm mass error,< 40% di�erence in

isotope ratio) and the peak identity was further con�rmed via at least one known unique fragment ion

accurate mass (< 10 ppm fragment mass error). The peak area counts in select column e�uent samples were

converted into concentration values using a semi-quantitation approach with clothianidin as the calibrant

(calculations see section A.5). The resulting concentrations of CLO-urea were in the range of 1µg/L and

were highest at the end of the experiment (t=92 days) (Figure A.13c). Thus, CLO-urea levels were likely

in the same order of magnitude as other target TPs and were only surpassed by OH-ATZ concentrations.

N-(2-chlorothiazol-5-yl-methyl)-N'-nitroguanidine (TZNG) and N-methyl-N'-nitroguanidine (MNG) are

among the most common biodegradation TPs of clothianidin, based on results of soil degradation studies

under dark aerobic conditions at 20°C (Van der Velde-Koerts et al., 2011). Mori et al. (2017) conducted a

degradation study of clothianidin under nitrogen-limited conditions using a speci�c microorganism, the

white-rot fungus P. sordida, which is known to produce enzymes that catalyze the degradation of

recalcitrant organic chemicals. The fungus degraded 37% of clothianidin in 20 days and CLO-urea (or

N-(2-chlorothiazol-5-yl-methyl)-N'-methylurea; TZMU) was the main observed metabolite (Mori et al.,

2017). A study investigating the biodegradation of clothianidin in agricultural soils from China identi�ed
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CLO-urea and a second compound (m/z = 170.9; potentially dechlorinated form of CLO-urea) as

degradation products (Zhanget al., 2018a). In contrast to atrazine and imidacloprid, clothianidin

undergoes faster biodegradation under anaerobic compared to aerobic conditions, with degradation rates

also dependent on factors such as temperature, nutrient levels, and initial concentration (Mulliganet al.,

2016). CLO-urea has also been reported as a hydrolysis product of clothianidin (at� 50°C and pH 9)

(Van der Velde-Koerts et al., 2011); however, at ambient temperatures, clothianidin is considered

hydrolytically stable in the pH range of 4-9 (Klarich et al., 2017; Van der Velde-Koertset al., 2011). In

short, while there are limited clothianidin biodegradation data available, CLO-urea was one of the

metabolites that was commonly reported in other degradation studies. The prevailing environmental

conditions in our study (aerobic except for micro niches, T = 20°C) may not have been optimal for

clothianidin degradation. From a toxicity standpoint, it appears that CLO-urea may be less toxic than its

parent compound, as clothianidin signi�cantly decreased the viability of neuroblastoma cells, while

CLO-urea did not show signi�cant e�ects (up to 300 µM) (Mori et al., 2017): transformation of

clothianidin to CLO-urea would likely be a desired goal of a bio�lter. Our combined suspect screening and

semi-quantitation approach revealed that CLO-urea was indeed an important TP of clothianidin and

should be considered in future studies.

Overall, our �ndings suggest that biodegradation is predominantly occurring in both the \traditional"

(Sand biotic) and the biochar-amended bio�lters (BC+Sand biotic), however, only the latter o�ers the

crucial bene�t of contaminant retention that ultimately leads to treatment of the stormwater.

2.4.6 Microcosm Mass Balance / Suspect Screening

We conducted microcosm experiments to study the transformation of atrazine, imidacloprid and

clothianidin under non-sorptive conditions (no biochar) and using the same microbial enrichment solution

that was used for column inoculation. The goal was to determine if di�erences in TPs between microcosms

and column e�uents could be attributed to the presence of biochar. Initial concentrations in the

microcosms (415µg/L, 361 µg/L, and 364 µg/L for atrazine, imidacloprid, and clothianidin, respectively)

were higher than in column in
uents to increase the opportunity for detecting TPs produced at very low

levels. After 369 days, overall parent mass removal in the two biotic microcosm replicates were 15.0%

(� 4.73), 34.1% (� 0.01), and 18.8% (� 0.08) for atrazine, imidacloprid, and clothianidin, respectively. In a

biotransformation experiment using bio�lms collected from natural streams, Desianteet al. (2021)

considered imidacloprid recalcitrant since concentration decreases of< 20% were observed over the course

of 72 hours. Imidacloprid was also classi�ed persistent according to REACH and EMA guidelines in

lake/river sediment suspension experiments (Selleret al., 2020). For atrazine, however, average removal of

31



45% was observed in biotic microcosms over the duration of 76 days (Ulrichet al., 2017b).

All seven target TPs that were detected in column e�uents were present in the microcosm solutions as

well (Figure 2.5; Table A.7). The most abundant TP of atrazine was OH-ATZ, while for imidacloprid, the

highest concentrations were detected for IMI-urea, followed by 6-CNA. Similarly, Muerdter & LeFevre

(2019) recently found IMI-urea and 6-CNA - which are both less potent insecticides compared to their

parent (Malev et al., 2012; Suchailet al., 2001) - as the main degradation products of imidacloprid in a

synergistic duckweed-microbial system. Again, when it comes to chronic insect toxicity, however, there may

be no di�erence between imidacloprid and its major TPs (Suchailet al., 2001).

Figure 2.5 Molar mass balance of microcosm data: Share of transformation products in total parent mass
removal at the end of the experiment (369 days). The total parent molar masses removed after 369 days
were 71.4 nmol, 119.2 nmol, and 67.8 nmol for atrazine, imidacloprid, and clothianidin, respectively. Initial
concentrations for the three compounds were 1923 nM, 1412 nM, and 1458 nM, respectively. \Unknown"
indicates that the mass was unaccounted for. Abbreviations: desethyl-atrazine (DEA),
desisopropyl-atrazine (DIA), and 2-hydroxy-atrazine (OH-ATZ), desnitro-imidacloprid (desnitro-IMI),
imidacloprid-urea (IMI-urea), imidacloprid-ole�n (IMI-ole�n), 6-chloronicotinic acid (6-CNA), and
clothianidin-urea (CLO-urea). Note that calculations for CLO-urea are semi-quantitative.

Suspect screening of microcosm samples revealed the presence of the same TPs that were also found in

biotic column samples: 5-OH-IMI, NG-IMI, and CLO-urea. Precursor peaks for all three suspects were

consistently detected in microcosm samples over time, but only CLO-urea could be con�rmed by one

accurate mass fragment at the end of the experiment (369 days). 5-OH-IMI precursor peaks were too small

for consistent fragment accurate mass con�rmation, and NG-IMI peaked during earlier stages of the
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experiment and peaks were too low to be con�rmed at the end (Figure A.12). Suspect concentrations were

estimated employing a semi-quantitation approach using calibrants that share similar ionizable functional

groups (for details see section A.5). Suspect precursor and fragment masses, as well as representative MS

and MS/MS scans for each suspect can be found in the SI (Table A.6 and Figures A.9-A.11).

Our results indicate that the target and suspect products only account for< 40% of total parent mass

removed (after 369 days; Figure 2.5). Without authentic standards for the suspect compounds or tracking

of radio-labelled parent compounds, it is unclear to what extent errors in estimated concentrations would

account for the missing mass. Hence, even without the presence of biochar, potentially unknown TPs for

all three pesticides makes closing the mass balance di�cult. As all TPs reported here are likely semi-stable

intermediates, we recognize that TP production and further degradation (i.e., mineralization) may be

dynamic and not well captured in a simple mass balance approach like the one employed here.

Nevertheless, biodegradation was active in the microcosms, and the observed TPs were the same as in

biotic column systems (both Sand and BC+Sand).

2.4.7 Abiotic Batch Sorption Experiments

Both Freundlich and Langmuir sorption equations were �t to the batch isotherm data up to equilibrium

solution concentrations of 45µg/L (Figure A.4). Akaike's Information Criterion (AIC) was used to

compare the goodness-of-�t for both sorption equations, and demonstrated better �ts for the Freundlich

isotherm for all three parent compounds. The corresponding AIC and best-�t values of the non-linear

Freundlich isotherm coe�cient K F (sorption a�nity) and the Freundlich isotherm exponent n are reported

in the SI (Table A.4). The Freundlich isotherm has been used in previous studies to describe sorption of

hydrophilic TOrCs to MCG-biochar (Ashoori et al., 2019) and of neonicotinoids to pig manure and maize

straw-derived biochars (Zhanget al., 2018b).

Atrazine is a weak base (pKa = 1.6) and exists in its neutral form at environmentally relevant pH

values (Kah et al., 2017). Besides hydrophobic e�ects,� � � electron-donor acceptor (EDA) interactions

are relevant for atrazine sorption to biochar, due to the electron donor nature of atrazine's ring

substituents (Xiao & Pignatello, 2015a). Imidacloprid and clothianidin are not charged at circumneutral

pH (Tomizawa et al., 2003) but have a charge distribution at their nitro group (-NO 2) and thus exhibit a

distinct pharmacophore (see Figures A.2 and A.3). Zhanget al. (2018b) investigated the biochar sorption

mechanisms of imidacloprid and clothianidin and concluded that at higher production temperatures

(> 500°C), hydrophobic partitioning became less important, and instead speci�c interactions such as� � �

EDA complexes were more prominent. Similarly, Webbet al. (2020) suggested that imidacloprid (and

imidacloprid-urea) sorption may be primarily driven by � � � or � + � � interactions (in contrast to
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desnitro-imidacloprid). logK OC /log K OW ratios can be used as a semi-quantitative approach to assess the

importance of hydrophobic e�ects in overall sorption and higher ratios generally indicate greater

importance of speci�c interactions (Xiao & Pignatello, 2015b). At CW = 50 µg/L and using the K d values

from section 2.4.3 forK OC , we observed larger logK OC /log K OW ratios for imidacloprid (9.26) compared to

clothianidin (7.85), which were in line with results for de-ashed maize straw biochars produced at 700°C

(Zhang et al., 2018b). Greater ratios may indicate that polar speci�c interactions were more important for

imidacloprid sorption compared to clothianidin (Zhang et al., 2018b). For atrazine, we calculated a

logK OC /log K OW ratio of 1.83, which indicates a higher importance of hydrophobic interactions compared

to the two neonicotinoids.

Kinetic sorption data were used to compare the biochar sorption a�nity at equilibrium ( K d;Eq =

CS;Eq / CW;Eq ; see Table A.5; Figure A.5) between parent compounds and TPs at an environmentally

relevant initial concentration of 10 µg/L. The equilibrium K d values of all TPs were lower compared to

their respective parent compounds, which is in line with the observation that TPs are generally more polar

than their parents and thus potentially more mobile in the environment (Kiefer et al., 2019; Mengeret al.,

2021). In the case of atrazine TPs, the di�erence inK d;Eq values compared to atrazine was statistically

signi�cant in the cases of DEA and DIA (p < 0.001 for both) but not OH-ATZ (p = 5.47e-2). Among

imidacloprid TPs, only IMI-urea exhibited a signi�cantly di�erent equilibrium K d compared to the parent

compound (p < 0.001). Moreover, the di�erences in sorption a�nity between the three parent compounds

were not statistically signi�cant (see Table A.5), even though the octanol-water partition coe�cient of

atrazine is di�erent by two orders of magnitude from the two neonicotinoids (logK OW = 2.82, 0.56, and

0.647 for atrazine, imidacloprid, and clothianidin, respectively). Interestingly, the loss of the

electronegative pharmacophore (nitro group) during the transformation of imidacloprid to desnitro-IMI

changes the metabolite's pharmacophore charge distribution to positive (amine group), which was

demonstrated to have signi�cant e�ects on sorption to black carbon primarily due to electrostatic

interactions (Webb et al., 2020, 2022). However, alteration of the pharmacophore did not explain our

�ndings regarding imidacloprid and desnitro-IMI: for MCG-biochar, the equilibrium sorption capacities

(K d;Eq ) were similar for the parent compound and the TP. Though an assessment of the surface

functionalization of the biochar employed here was beyond the scope of the study, prior research indicates

that sorption of desnitro-IMI is greatly impacted by surface functionalization (Webb et al., 2020).

7KOWWIN v1.68 estimates
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2.4.8 Transport Modelling

Parameter Estimation (Fitting) . Preliminary results of the modelling of atrazine, imidacloprid, and

clothianidin BTCs in MATLAB revealed that sorption parameters derived from abiotic batch data were

poor estimators of column performance for both the inhibited and biotic BC+Sand conditions (see Figures

A.16 and A.17). As the batch data set was a strong predictor of the sorptioncapacity in the inhibited

BC+Sand case (great agreement of linear distribution coe�cients K d at CW = 50 µg/L; Table A.10), we

attribute the di�culties in BTC prediction mainly to kinetics. Furthermore, it should be noted that

tortuosity ( � ) in this transport model should be regarded as a kinetic �tting parameter rather than a

physically meaningful parameter (observed tortuosity values are typically below 3). The inaccuracies of the

tortuosity values are likely caused by inaccuracies of other model parameters, i.e. di�usion coe�cients. For

example, as was shown for PFASs, the �tted tortuosity values might be in error due to inaccurate

estimations of di�usion coe�cients (Schaefer et al., 2019). Hence, forward prediction of e�uent BTCs

based on batch data was not possible for conditions with a bio�lm present (active or inactivated), unlike

what was demonstrated for abiotic biochar-sand columns previously (Ulrichet al., 2015). Similarly, Liu

et al. (2019) showed that GAC batch study distribution coe�cients ( K d) for PFASs were not representative

of model K d values obtained from the GAC pilot-scale study.

In the present study, all model parameters were directly derived from the observed column data. We

estimated the sorption to the non-BC materials using the inhibited sand column data set and these

parameters (K S , kS ; reported in section A.6) were subsequently used to derive the sorption to the BC in

the other columns. Freundlich model sorption parameters used in the subsequent scenario modelling (Table

2.1) were estimated based on best-�t simulations of biotic BC+Sand breakthrough curves for atrazine,

imidacloprid, and clothianidin (Figure A.19). Though the intended use of this model �tting of the observed

column data was primarily for estimating �lter lifetimes (i.e., scenario modeling), �tting of the

breakthrough data revealed that the model assuming sorption-retarded intraparticle di�usion provided a

better description of the data than the model assuming instantaneous sorption equilibrium. Best-�t values

for the Freundlich isotherm coe�cient, K F r;BC , were 1519, 1499, and 892 (µg/g)*(L/ µg)n for atrazine,

imidacloprid, and clothianidin, respectively.

In the column model used in this study, biodegradation can be accounted for through the parameter

kdeg , which is the �rst-order biodegradation rate for the pollutant in the mobile water (see section A.6 for

more information). The model assumes that a biodegradation rate ofkdeg > 0 will lead to a reduction of

the maximum possible breakthrough concentration (CW / CW; 0 < 1) at steady state. However, in our case,

these assumptions may not hold: 1) pesticide breakthrough in the biotic BC+Sand columns was dynamic
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and not at steady state, and; 2) the mass removal rate of biodegradation was likely su�ciently smaller than

the mass loading rate at full breakthrough. In light of the evidence discussed above, various biological and

synergistic processes may have contributed to the removal of the pesticides in the biologically active

columns. Biodegradation was likely more complex in the present study and may not be appropriately

represented by a �rst-order degradation rate acting only on dissolved phase contaminants (as

biodegradation could also happen in the sorbed phase). Therefore, we did not explicitly quantify the rate

of biodegradation in this model and decided to assume that for our modelling purposes, the observed mass

removal di�erence between biotic and inhibited BC+Sand columns was due to biologically enhanced

sorption only (in order to be conservative and not overestimate the contribution of biodegradation in the

subsequent scenario modelling). Thus, the removal due to regenerated sorption capacity over time

(biologically enhanced sorption) was lumped into the sorption parameters of the Freundlich isotherm

equation during the �tting process. This was re
ected in 2.5-3.6 times greater values for the linear

distribution coe�cients K d (derived at CW = 10 µg/L using the �tted Freundlich sorption parameters; see

Table A.10) in the biotic BC+Sand condition (Figure A.19) compared to the inhibited biochar control

(Figure A.18).

Bio�lter Lifetime Simulations (Scenarios) . Table 2.1 lists simulation results from Scenarios 1-3, which

describe how long a biologically active biochar-amended bio�lter could run in a representative �eld-scale

scenario (Table A.11) for a residential area in Denver, CO, until it reached a de�ned aquatic life threshold

value, CT h . As expected, �lter lifetimes increased with increasing biochar application rate (M BC ) for all

three pesticides, and lifetimes were highly dependent on the respective aquatic life threshold values and

in
uent concentrations. The shortest breakthrough times were observed for atrazine with 17.5 years

(Scenario 1, stream water), followed by clothianidin with 32.3 years (Scenario 1, stormwater) and

imidacloprid with 68.5 years (Scenario 1, stormwater). Our simulations indicate that even in a worst-case

scenario with 5% biochar (by volume) only, the bio�lter could e�ectively remove these pesticides from an

impacted water for at least 17 years without endangering aquatic life in receiving waters.
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Table 2.1 Bio�lter lifetime simulations based on di�erent case study scenarios. Bold
numbers indicate bio�lter lifetime estimates when treating 16 inches of annual rainfall
(Denver, CO), and numbers in parentheses represent bio�lter lifetimes assuming
continuous 
ow/operation. Freundlich parameters represent best-�t values to biotic
BC+Sand column data, assuming kinetic di�usion limitations. Abbreviations: M BC =
biochar application rate, CIn = in
uent concentration.

Atrazine XX Imidacloprid Clothianidin

Freundlich Model Parameters:
K F r;BC [(µg/g)(L/ µg)^(n)] 1519 1499 892
n = 1/ nF r;BC [-] 0.402 0.417 0.457
Tortuosity [-] 25.1 17.8 19.9

Aquatic Life Threshold Value:
CT h [ug/L] 0.60a 0.01b 0.05b

Scenario 1:
M BC [wt%] 1.0 (� 5 vol%)

A: Stormwater - CIn [µg/L] 0.624c 0.428c 0.666d

Time to reach CT h [years] 112 (11.8) 68.5 (7.2) 32.3 (3.4)
B: Stream - CIn [µg/L] 5.17e 0.1428e 0.0663e

Time to reach CT h [years] 17.5 (1.8) 141 (14.9) 390 (41.1)

Scenario 2:
M BC [wt%] 4.0 (� 20 vol%)

A: Stormwater - CIn [µg/L] 0.624 0.428 0.666
Time to reach CT h [years] 377 (39.7) 343 (36.2) 158 (16.7)
B: Stream - CIn [µg/L] 5.17 0.1428 0.0663
Time to reach CT h [years] 83.2 (8.8) 672 (70.9) 779 (82.2)

Scenario 3:
M BC [wt%] 6.5 (� 32 vol%)

A: Stormwater - CIn [µg/L] 0.624 0.428 0.666
Time to reach CT h [years] 593 (62.6) 579 (61.1) 266 (28)
B: Stream - CIn [µg/L] 5.17 0.1428 0.0663
Time to reach CT h [years] 139 (14.7) 1120 (119) 1300 (137)

a Environmental Quality Standard (EQS) value, annual average for surface waters (Euro-
pean Union). b Chronic Aquatic Life Benchmark for invertebrates, for freshwater (U.S.
EPA). c Spahr et al. (2020) d Sutton et al. (2019) e Bradley et al. (2017)

2.5 Environmental Implications

Biochar amendments of bio�ltration systems o�er a promising solution to mitigate the environmental

and ecotoxicological impacts of hydrophilic TOrCs such as herbicides and insecticides. The distributed

implementation of these green infrastructure systems in an urban watershed can decrease stormwater

runo� peak 
ows, while at the same time decreasing concentration peaks via enhanced contaminant

removal. The latter has been shown in a watershed-scale model for the insecticide �pronil (Wolfandet al.,

2019) and may help to protect the aquatic and human health of local surface and groundwater bodies. In
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this study, we demonstrated the bene�t of the combined presence of biochar and bio�lm in a bio�lter,

which promoted conditions favorable for biodegradation, enhanced-sorptive removal, and possibly a

regenerative e�ect to restore some of the biochar's sorption capacity over time. Our �ndings provide

insight into the design of bio�lter systems in practice: the addition of biochar in conjunction with a

relatively porous media such as sand may help to establish an active microbial community in the bio�lter

with an estimated �lter lifetime of over 15 years. A self-restoring system would certainly lead to less

maintenance e�orts and costs over the �lter's lifetime. In practice, the presence of bio�lms would most

likely not be a design choice but instead an inevitable feature of bio�lters due to the presence of DOC and

microorganisms in stormwater and various surfaces supporting microbial attachment. Furthermore, the

results of our study indicate that biochar-amended bio�lters are not a signi�cant source of TPs into the

environment. More importantly, most of the TPs that were detected are less toxic than their respective

parent compounds, which has important environmental risk implications. Bio�lters are relatively

non-invasive and, especially when vegetated, add important green space to urban areas, which may o�er

co-bene�ts beyond 
ood control and water quality enhancement (Venkataramananet al., 2019).
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CHAPTER 3

BIOCHAR-AMENDED ENGINEERED STREAMBEDS FOR IN-STREAM ATTENUATION OF THE

DIABETES MEDICATION METFORMIN AND ITS METABOLITE GUANYLUREA

Manuscript in preparation for publication.

Andrea C. Portmann8;9, Malte Posselt10, Anna Jaeger11, Skuyler P. Herzog12, Reza Abdi8, Chuhui

Zhang8, Ren�e Sahm13, Bj•orn Kusebauch13, John E. McCray8, Christopher P. Higgins8;14

3.1 Abstract

Despite the worldwide rise of point and nonpoint source contamination of surface waters and

groundwaters, stormwater practitioners typically prioritize water quantity management over pollutant

removal. A novel technique of hyporheic zone (HZ) engineering targeting water quality improvement was

recently introduced under the acronym BEST: Biohydrochemical Enhancements for Streamwater

Treatment. Although previous studies have shown increased transformation of a reactive tracer (i.e.

resazurin) in a BEST 
ume compared to a sand control, removal of challenging compounds such as

hydrophilic organic contaminants have not been investigated. This study evaluated the fate of the

ubiquitous, ecotoxic contaminant metformin (logK OW = -2.64) in BEST engineered streambeds in a

long-term experiment (73 days) at \full-scale", using an outdoor 
ume facility (100x1.0x0.45m) at the

Umweltbundesamt in Berlin, Germany. Performance data for metformin attenuation were collected for

both a BEST streambed modi�cation and a BEST with biochar (at 30% volume) streambed modi�cation.

Metformin removal in the HZ of BEST was greater with longer 
owpaths, suggesting greater HZ residence

time leads to enhanced attenuation. Metformin's degradation product guanylurea was not detected above a

C=C0 of 8% in the subsurface, suggesting further degradation (possibly mineralization). Amendment of

BEST with biochar resulted in a pronounced decrease in breakthrough curve amplitude in the downwelling

zone, plus complete removal of metformin along the 
owpaths. Dissolved oxygen penetration depths in the

down-welling area of the HZ were greater in BEST streambeds compared to controls (i.e. surface dunes,

un-altered streambed sediment), likely due to increased hyporheic exchange, and redox conditions became

more reducing along 
owpaths. In addition to guanylurea, four transformation products were identi�ed in

8Department of Civil & Environmental Engineering, Colorado School of Mines
9Primary researcher and author
10 Department of Environmental Science, Stockholm University, Sweden
11 Department Ecohydrology, Leibniz Institute of Freshwater Ecology & Inland Fisheries, Berlin, Germany
12 Natural Resources Program, Oregon State University-Cascades
13 German Environment Agency in Berlin, Germany
14 Corresponding author
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the surface water and HZ porewater when metformin was added at a higher dose (C0 = 10 mg/L):

1-methyl-biguanide, 2-4-AMT / 4-2-1-AIMT, 2-4-DAT, and biguanide. In addition to full-scale treatment

performance data for a ubiquitous hydrophilic contaminant, results of this study provide novel insight on

HZ exchange, redox conditions, biochar sorption, and biotransformation in engineered streambeds.

3.2 Introduction

The natural hyporheic zone (HZ) - the saturated sediment region below and alongside the streambed -

plays a major role in the attenuation of nutrients and organic micropollutants in rivers and surface streams

(Jaegeret al., 2019; Lewandowskiet al., 2011; Schaperet al., 2019). HZs in urban streams are often

degraded and poorly connected with surface water (Lawrenceet al., 2013; Walshet al., 2005).

Contamination of urban streams with trace organic contaminants (TOrCs) stemming from anthropogenic

sources in stormwater, wastewater, and urban dry-weather 
ows, may lead to substantial aquatic health

impacts in surface waters (LeFevreet al., 2015; Masoneret al., 2019; McKnight et al., 2015; Spahret al.,

2020; Vignet et al., 2019) and drinking water impairments of groundwater aquifers (Kieferet al., 2019;

Loos et al., 2010). For example, elevated TOrCs contamination has been reported in a stream during

storm
ow as compared to base
ow conditions (Peter et al., 2019). Some of these compounds have been

associated with sources such as road runo� (e.g. tire wear) and are similar to compounds associated with

stormwater-derived coho salmon acute toxicity (Peteret al., 2019). However, despite substantial water

quality challenges, current stormwater management strategies typically prioritize water quantity issues

rather than pollutant removal (Grebel et al., 2013). Removal of non-point source contaminants in a stream

could be highly e�ective because it integrates runo� pollution from the entire upstream catchment,

compared to most stormwater treatment green infrastructure that treat relatively small areas (e.g., parking

lots or developments). Besides its potential for application to in-stream stormwater treatment systems

(Herzog et al., 2019), engineered HZs have been increasingly gaining attention in stream restoration for

improving stream water quality and aquatic habitat in addition to water quantity bene�ts (Lawrence et al.,

2013; Peteret al., 2019).

A novel technique of HZ engineering targeting water quality degradation was introduced by Herzog

et al. (2016) under the acronym BEST (Biohydrochemical Enhancements for Streamwater Treatment).

BEST alterations include subsurface engineered hyporheic-zone modules that employ 1) vertical

impermeable walls across the stream width that drive hyporheic exchange and control HZ residence times,

and 2) permeable reactive geomedia amendments in the HZ to enhance biogeochemical reaction rates. In

addition to the initial proof of concept (Herzog et al., 2016), the e�ciency of the BEST modules has been

tested experimentally for the reactive tracer resazurin, which indicates metabolically active transient
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storage, and hence served as surrogate for a reactive pollutant degraded aerobically (Herzoget al., 2018).

In constructed 
ume experiments, a BEST 
ume of 15 m with impermeable walls and woodchip-amended

sand streambed increased both resazurin transformation and the size of the e�ective hyporheic transient

storage by > 50% compared to an all-sand control of the same length (Herzoget al., 2018). Stream

exchange models calibrated to the experimental data suggested that a stream enhanced with BEST

modules in series over less than 150 m would remove about 95% of resazurin (Herzoget al., 2018). These

results show great promise that BEST modules paired with an appropriate geomedia amendment

(depending on the contaminant of interest) can substantially attenuate chemical pollution in stream water.

In a larger scale application of methods to enhance hyporheic exchange in an actual urban stream, a

reduction of 15-50% of targeted organic contaminants was observed, and the resulting increased hydraulic

residence times (HRTs) in the HZ were especially important for increased removal of polar compounds

(Peter et al., 2019). However, no signi�cant di�erences in removal of highly hydrophilic compounds (with

logK OW < 1) between the surface water and porewater of shorter HRT 
owpaths were found (Peteret al.,

2019). Furthermore, hydrophilic TOrCs are a great challenge for stormwater treatment in terms of their

toxicological e�ects and their limited removal in conventional stormwater control measures (SCMs) (Spahr

et al., 2020). Overall, these �ndings highlight the need for a HZ and SCM technology that controls HRTs,

while also increasing the biogeochemical reactivity of the streambed to augment the attenuation of

challenging pollutants such as hydrophilic TOrCs.

The diabetes medication metformin is an example of a hydrophilic contaminant and one of the most

frequently detected organic contaminants in natural and urban streams at concentrations in theµg/L

range (Bradley et al., 2016, 2017; Jaegeret al., 2019; Scheureret al., 2012). Several studies highlighted

metformin's endocrine disruption potential associated with intersex and reduced fecundity in �sh (Crago

et al., 2016; Niemuth & Klaper, 2015, 2018). Typically, the occurrence of metformin has been largely

attributed to wastewater treatment plants (WWTPs) (Scheurer et al., 2012), however, it has more recently

been widely detected at comparable concentrations in stormwater (Masoneret al., 2019). Furthermore,

Bradley et al. (2017) found metformin in 89% of samples at 97% of sites in streams of the southeastern

U.S. and argued that the near ubiquity of metformin could not be explained by point source discharges

(i.e., NPDES discharges). The ubiquitous occurrence of metformin in the water cycle may be due to the

fact that it is one of the most prescribed pharmaceuticals worldwide (Scheureret al., 2012). Unlike other

pharmaceuticals, metformin is not metabolized in the human body; therefore, it is excreted unchanged in

urine (� 70%) or feces, which can lead to very high concentrations in wastewater in
uents (up to 100µg/L)

(Scheureret al., 2012).
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Under aerobic conditions, metformin is degraded to guanylurea (GUA), which has been considered a

dead-end transformation product (Trautwein & K•ummerer, 2011), and removal of metformin in WWTPs

has been reported in the 53-99% range (Blairet al., 2013; Kosmaet al., 2015; Scheureret al., 2012).

Therefore, both metformin and guanylurea are regularly released into receiving surface waters, and the

concentration of guanylurea in WWTP e�uents may even exceed the concentration of its parent (Kosma

et al., 2015). Indeed, in a small wastewater e�uent-impacted urban stream in Germany, guanylurea (av.

153 µg/L, max. 222 µg/L) was present at a far greater concentration than metformin (av. 1.0 µg/L, max.

1.66 µg/L) (Posselt et al., 2018). The measured surface water concentrations occasionally exceed the

predicted no-e�ect concentration (PNEC) of 160 µg/L determined for guanylurea (Caldwell et al., 2019).

However, others have observed adverse impacts from guanylurea at much lower concentrations towards

aquatic organisms: Usseryet al. (2019) found that guanylurea negatively impacted the growth of early life

stage in �sh (Japanese medaka) at concentrations in the ng/L range (compared toµg/L for metformin).

When considered alongside the occurrence data, this evidence suggests that guanylurea may pose even

more of an imminent threat to aquatic life than metformin, though additional ecotoxicity studies for

guanylurea are clearly warranted.

Due to their strong hydrophilic nature (metformin: log K OW = -2.64; GUA: logK OW = -1.89 or -3.57;

Cui & Schr•oder (2016)), both metformin and guanylurea are expected to be highly mobile in the aquatic

environment (Scheureret al., 2012). Sorption of metformin to soils and sediments is highly variable, even

when accounting for soil type and properties (e.g. organic carbon content, pH, CEC): reportedK d values

for metformin range from 3 to 2079 L/kg, with an average of 501 L/kg, whereas literatureK OC values

spanned �ve orders of magnitude (Straubet al., 2019). The results of one of the few studies including

guanylurea in sorption tests indicate that guanylurea may undergo stronger sorption than metformin (K OC

values of 680-1300 L/kg and 270-430 L/kg for guanylurea and metformin, respectively) (Scheureret al.,

2012). Plant uptake and in-planta metabolism of metformin to 1-methylbiguanide (MBG) can be an

important loss process from aqueous solution (Cui & Schr•oder, 2016). In a study on the fate of metformin

during riverbank �ltration and groundwater recharge, metformin and guanylurea were completely removed

to below the limits of quantitation (LOQ), presumably via aerobic degradation (Scheurer et al., 2012).

Attempts to enhance removal of metformin via black carbon have met with limited success: removal of

metformin from water in laboratory columns packed with activated charcoal (Hormazabal & Ostensvik,

2011), and in activated carbon small scale �lter tests (Scheureret al., 2012), was very limited. However,

others have observed metformin removal by granular activated carbon (GAC) �lters in di�erent drinking

water treatment plants, although biodegradation may have contributed signi�cantly to the observed

removal (Scheureret al., 2012), as a recent assessment concluded that metformin was transformed by the
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bio�lm on GAC (Piai et al., 2020). Biochar is another black carbon that has shown promise for

contaminant removal in pilot-scale biochar-enhanced bio�lters (Ashoori et al., 2019; Ulrich et al., 2017a).

When targeting a speci�c contaminant for attenuation by engineered HZs such as BEST, the choice of

geomedia (its ability to remove or transform pollutants), manipulation of redox conditions, and the control

of subsurface residence times (i.e., HRTs) via hydraulic conductivity modi�cations are essential design

considerations (Herzoget al., 2019).

Streambeds engineered with BEST may have great potential to attenuate ubiquitous TOrCs such as

metformin due to the technology's potentially wide application as restoration structures in natural or

urban streams, as stream-like SCMs, in the 
ow-metered e�uent of stormwater detention ponds, in

persistent dry-weather 
ows, or as wastewater e�uent polishing step before release into receiving surface

waters. For this study, we installed full-scale BEST modules in a recirculating 
ume at an outdoor 
ume

facility (Umweltbundesamt in Berlin, Germany) to test if BEST can e�ciently remove a highly polar

compound from water. Speci�cally, we studied the attenuation of metformin in the surface and subsurface

over several months under near-natural conditions. To increase the reactivity of the engineered HZ and

thus promote the removal of metformin (and potentially guanylurea), the stream sediments in select BEST

modules were amended with a pine-wood biochar. Herein, the objectives of this study were to determine

the e�ect of BEST on HZ 
ow and exchange, redox conditions, and the subsurface attenuation and

potential biotransformation of metformin and guanylurea. We speci�cally designed the BEST modules to

1) increase HZ exchange between surface and subsurface water, and thus 2) create favorable redox

conditions for the aerobic degradation of metformin in the downwelling zones of the engineered HZ.

3.3 Methods

This section describes the experimental methods, materials, and procedures used for this study.

3.3.1 Field Site and Flume Experiments

The 
ume experiments were conducted using an outdoor 
ume facility (100x1.0x0.45m) at the

Umweltbundesamt (UBA; German Environment Agency) in Berlin, Germany (Figure B.1). One treatment


ume (spiked) and one control 
ume (un-spiked) were both operated in recirculation mode (in parallel) in

two consecutive experiments: Experiment A (May-August 2018), with a duration of 97 days, and

Experiment B (August-November 2018) lasting 98 days. Porewater samples were taken at eight time points

during the �rst 73 days of Experiment A, while only one sample was taken for Experiment B at t = 10

days after spiking. Experiment A consisted of spiking the surface water with metformin at� 10 µg/L and

with the conservative tracer lithium bromide (LiBr; �nal concentration: � 6 mg/L bromide) to account for
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total water volume changes of the treatment 
ume, whereas in Experiment B an elevated concentration of

� 10 mg/L metformin (and � 6 mg/L of bromide) was added. The main focus of Experiment B was to

study the formation of transformation products and plant uptake/metabolization of metformin (as part of

a companion study). Both 
umes (treatment and control) were amended with �ne natural sediment and

rainwater at a sediment to water ratio of 1:2.5 and incorporated stilling pool sections (slower 
ow sections)

containing di�erent aquatic macrophytes.

3.3.2 Engineered Streambeds { Experimental Setup

Before installation, we investigated several potential experimental set-ups in a simpli�ed 2-D model in

COMSOL Multiphysics ® to determine the conditions inducing most HZ exchange. This pre-analysis

revealed that the combination of a submerged dam and two subsurface BEST plates (upstream: 10 cm

distance from dam, downstream: 20 cm distance from dam) would induce a strong downwelling zone as

well as 
owpaths of varying residence times (see Figure B.2 for COMSOL model results). Figure 3.1

illustrates the subsequent �eld experimental design. Sections of �eld-scale constructed streambeds

(0.38x1.0x0.45m) were amended with a submerged dam (made of square rocks) and two subsurface BEST

walls (stainless steel plates) upstream and downstream of the dam, with or without biochar geomedia. All

constructed streambed sections were tested under �eld-conditions in two consecutive spiking experiments

(Experiments A and B).

Figure 3.1 Schematic of experimental setup of 
ume sections amended with engineered structures (BEST
plates, submerged dam) and geomedia (biochar). Locations A, B, and C denote HZ sampling locations
accessed by vertically introduced MINIPOINT samplers (each at 8 cm depth). Figure is not to scale to
better illustrate sampling features and 
ow paths.
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The tested treatment conditions were as follows: 1) Submerged dam + BEST plates (at 10/20 cm

distance from dam): denoted \BEST"; and 2) Submerged dam + BEST plates (at 10/20 cm distance from

dam) plus biochar: denoted \BEST+bc".

The control experimental apparatus included the following: 3) Surface sand dunes (conventional

in-stream surface structures) without engineered streambed features: denoted \Dunes"; and 4) Plain

sediment (non-altered): denoted \Plain sediment" or \Control".

Custom-built MINIPOINT samplers (design based on Posseltet al. 2018) were vertically introduced

into the 
ume sediment at a depth of 8 cm from the surface-subsurface interface at three di�erent sampling

locations (A { downwelling zone, B and C { upwelling zone). The total length of one BEST module

(distance between two BEST plates) was 38 cm (see Figure 3.1). Porewater samples were obtained using

syringe pumps at a low 
ow rate to minimize perturbations of HZ 
ow due to sample collection.

3.3.3 Engineered Streambeds { Materials

The biochar used in this study was Mountain Crest Gardens biochar (MCG-biochar) produced by high

temperature (> 1100°C) gasi�cation of pinewood (Gropro, Inc., Etna, CA) and was selected for this study

due to its superior performance regarding TOrC removal from water (Ashooriet al., 2019; Rayet al., 2019;

Ulrich et al., 2015). Biochar was crushed and sieved to achieve a �nal particle size range of 0.25-1.00 mm.

This range was chosen to blend in optimally with the 
ume sediment (70% between 0.63{2.00 mm and 26%

between 0.18{0.63 mm) to avoid signi�cant reductions in hydraulic conductivity of the �nal mixture, while

keeping the biochar particles as small as possible for faster sorption kinetics. Biochar was analyzed for

Brunauer-Emmett-Teller speci�c surface area (BET SSA) and total pore volume by an external laboratory

(Intertek; Allentown, PA, USA). The N 2 isotherms used for BET SSA and total pore volume analyses were

measured on a Micromeritics TriStar II Plus unit to full saturation (i.e., a relative pressure of

approximately 1.0 at 77 K) and sample activation was performed by degassing at 150°C under dynamic

vacuum (Smart VacPrep degas unit). Flume sediment properties and results of the biochar analysis are

shown in Table 3.1.

Grain size distribution of the sediment was determined using consecutive sieving (mesh sizes for

sediment sieving: 6.3 mm; 2 mm; 0.63 mm; 0.18 mm; 0.063 mm; 0.02 mm). Hydraulic conductivity was

measured in three replicate sediment and sediment/biochar cores, respectively, using a KSAT conductivity

meter (Meter Group, Pullman, USA). Porosity of the sediment and sediment/biochar mixture was

determined by oven-drying three sediment cores of distinct volume. Sediment organic matter content

(unamended) was measured by loss on ignition at 450°C of three sediment samples and amounted to

0.152% (± 0.012).
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Table 3.1 Physical and chemical properties of streambed materials: 
ume sediment, sediment /
biochar mixture, and biochar. K Sat , porosity, and organic matter content data are provided as
average� standard deviation.

Properties Sediment Sediment/Biochar Biochar

Particle size range [mm] 0.63 { 2.00 (70%),
0.18 { 0.63 (26%)

0.18 { 2.00 0.25 { 1.00

Saturated hydraulic conductivity
(25°C) [m/s], K Sat

1.82E-04 (± 3.16E-05) 1.72E-04 (± 5.76E-05) b

Porosity [-], n 0.33 (± 0.01) 0.44 (± 0.01) b

Organic matter content [%], f OM
a 0.152 (± 0.012) b b

Speci�c surface area [m2/g], SSA b b 627

Total pore volume [cm3/g], PV b b 0.337 (61%
micro PV)

a f OC = 0.076 � 0.006, with f OC = f OM =2.
b Parameter not measured.

Temperature, dissolved oxygen (DO), turbidity, electric conductivity (600 � 50 µS/cm) and pH (8.2 �

0.4) in the stream surface water were measured hourly via online systems. The surface water 
ow was set

to 8 cm/s and was con�rmed using a handheld electromagnetic water 
ow meter (OTT MF Pro, OTT

HydroMet, Kempten, Germany). DO pro�les in streambed pore water were determined in situ using needle

sensors (Unisense A/S,�Arhus, Danmark) attached to an aluminum pole (0.5 cm diameter), which was

height-adjusted using a micromanipulator (MM 33, M•arzh•auser Wetzlar GmbH & Co., Wetzlar, Germany).

3.3.4 Analytical Chemical Analysis of Surface and Streambed Water

Nutrients and Tracers. Nutrients (i.e. ammonium, NH +
4 , and iron, mainly present in the form of Fe(II))

were determined in sediment pore water using a microtiter plate reader (Sunrise, Tecan) combined with a

small-volume photometry method published previously (Laskov et al., 2007). For Fe(II) and NH+
4 , six

timepoints were analyzed during Experiment A: background (BG) concentration and �ve samples (T1-T5)

after spiking between May 08 { May 24, 2018 (�rst 16 days). The samples were analyzed in duplicate (BG,

T1, T2) or triplicate (T3-T5). Lithium (Li + ), bromide (Br � ) and sulfate (SO2�
4 ) were determined

photometrically at UBA via ion chromatography (IC) using a 930 Compact IC Flex system (Metrohm,

Switzerland).

Target Analysis of Metformin and Guanylurea. Surface and pore water samples were analyzed at

Stockholm University for metformin and guanylurea (GUA) using a small volume direct injection-ultra
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high-performance liquid chromatography method coupled to tandem mass spectrometry (UHPLC-MS/MS)

following a standard protocol described in detail by Posseltet al. (2018). The quality control relative

standard deviation (%RSD) associated with the analysis was 5% for metformin and 3% for GUA,

respectively. Method limits of detection (LOD) for metformin and GUA were 0.2 and 0.4 µg/L, while

limits of quantitation (LOQ) values were at 0.4 and 0.8 µg/L, respectively. Measured metformin surface

water concentrations were adjusted with the tracer bromide to correct for water volume changes in the


ume as a consequence of evaporation and precipitation (rainfall).

Samples from batch sorption experiments and select 
ume samples for suspect screening (described

below) were quanti�ed at the Colorado School of Mines by liquid chromatography quadrupole time-of-
ight

mass spectrometry (LC-QToF-MS) using a SCIEX ExionLCTM high-performance liquid chromatography

(HPLC) system equipped with a Luna Omega Polar C-18 analytical column (3µm, 150x4.6 mm;

Phenomenex, Torrance, CA), coupled to a SCIEX X500R QToF-MS system (Framingham, MA) using

electrospray ionization in positive mode (ESI+) with SWATH ® Data-Independent Acquisition for both

ToFMS and MS/MS mode. Further details on the MS parameters and chromatography conditions can be

found in Appendix B. LOQs were 0.25µg/L for both metformin and MBG, and 1 µg/L for GUA. Quality

control samples were run every ten samples to ensure data consistency and quality over the entire run time.

LC-HRMS Suspect Screening. For a subset of samples collected from the 
ume experiments (subsurface

samples from Experiment B at t = 10 days after spiking), we employed a suspect screening approach to

identify additional transformation products (TPs) of metformin, which was spiked at � 10 mg/L.

LC-QToF-MS data acquired in SWATH ® mode was screened using a custom extracted ion chromatogram

(XIC) list (Table B.3) containing molecular formulas and exact masses for potential TPs. Identi�cation of

suspect TPs was based on accurate mass measurement for the molecular precursor ion (mass error< 5ppm)

and retention time consistency across samples (�RT within 0.1 min). Isotope patterns were not used as a

quality control measure due to high isotopic pattern errors (> 40%) at low aqueous concentrations for all

suspects studied. Samples were screened by searching for the protonated molecular ion [M+H]+ using an

XIC window of 0.02 Da, a signal to noise threshold of 10:1, and a noise percentage of 90%. A con�dence

level was assigned to each suspect compound on the basis of the Schymanski scale (Schymanskiet al., 2014).

3.3.5 Batch Experiments

Batch Sorption Experiments with Biochar. Laboratory-scale batch sorption experiments were conducted

to study the sorption kinetics of metformin, GUA, and MBG to the selected pine-wood biochar.

Experimental methods and batch sample preparation steps were as described previously (Portmannet al.,

2022). In brief, the kinetic batch tests were carried out in triplicates with the serial method following
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OECD guidelines 106 (OECD, 2000) using 6.5� 0.1 mg of biochar and an initial TOrC concentration of 10

µg/L (each for metformin and GUA). Isotherm batch tests were carried out in triplicate autoclaved glass

bottles at �ve di�erent initial concentrations (metformin and MBG: C0 = 3, 10, 20, 50, and 100µg/L each;

GUA: C0 = 12, 40, 80, 200, and 400µg/L) and an average biochar mass per batch of 25.0� 0.6 mg.

Control batches without biochar were set up to account for abiotic losses of TOrCs such as sorption to

glass or aqueous hydrolysis. Samples were taken in the beginning (t = 1 d) from controls only and at the

end (t = 67 d) from treatments and controls.

Best-�t parameters of the Freundlich and Langmuir isotherms were obtained from the equilibrium

sorption data (biochar) using non-linear regression with relative weighting (1/Y2) in the statistics software

GraphPad Prism (version 9.1.1). Akaike's Information Criterion (AIC) was used to compare the goodness

of �t of both sorption equations for each compound. Both the AIC and best-�t parameters of the

non-linear Freundlich isotherm (Freundlich coe�cient K F , exponent n) and the best-�t values of the

non-linear Langmuir isotherm (adsorption capacity Qmax , constant K L ) are reported in the SI (Table B.5).

In terms of kinetics, a pseudo-�rst order adsorption model (assumption: desorption is negligible) was �tted

to the apparent distribution coe�cient ( K d;app = CS=CW ) data over time to estimate the adsorption

kinetic rate constant kad and the distribution coe�cient at equilibrium K d;eq (Table B.4). All statistical

follow-up tests were performed in GraphPad Prism.

In-Field Bottle Experiments with Sediment/Biochar . In the �eld, removal of metformin was studied

under semi-controlled batch conditions using glass bottles partially submerged in 
ume water over a

duration of 75 days during 
ume Experiment A. This experimental set-up was chosen to mimic

environmental temperature, sunlight exposure, and microbial community present in the 
umes, while

removing the dynamic 
ow aspect. The �ve studied conditions (each in triplicate) were as follows:

sediment + biochar biotic, sediment biotic, sediment + biochar abiotic, sediment abiotic, and abiotic

control (water only). The setup of the bottles was carried out according to the following procedure: 100

mL of media (either 100% sediment or sediment containing 33 vol% biochar) were added to 500 mL Pyrex

glass bottles and combined with 300 mL of un-spiked 
ume water to reach a �nal media:water ratio of 1:3,

similar to the ratio employed in the 
umes (1:2.5). Abiotic bottles were autoclaved at 121°C for 20 min

prior to the start of the experiment. The target concentration of metformin in the bottles was 100 µg/L

and was spiked by adding 0.5 mL of spiking solution (60 mg/L metformin-HCl in deionized water) to each

bottle, which marked t = 0 of the experiment. Biotic bottles were aerated continuously throughout the

experiment using �sh tank aeration devices, whereas the lids of autoclaved bottles were kept closed to

avoid microbial contamination (except during sampling).
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3.4 Results and Discussion

3.4.1 Biochar Batch Sorption

Results from kinetic batch sorption experiments showed that after 67 days of exposure to MCG

biochar, removal of metformin and GUA amounted to 18% and 69%, respectively (Figure 3.2a). The

treatment data (exposed to MCG-biochar) is statistically signi�cantly di�erent from the control data for

both metformin and GUA (p = 0.0341 and p = 0.0145, respectively; Paired t-test; a = 0.05). The

concentration over time data indicates that equilibrium conditions in the case of metformin were reached

after three days, because the concentration stayed relatively constant for the remainder of the experiment.

These results indicate that sorption may have been limited by the number or availability of suitable

sorption sites, and that simply adding a greater mass of biochar may lead to a greater removal of

metformin (which was demonstrated in on-site bottles experiments; see Figure B.5).

Figure 3.2 Biochar batch sorption experiments: a) Kinetic sorption data for metformin and guanylurea
(GUA) with pseudo-�rst order �t of the apparent distribution coe�cient ( K d;app = CS=CW ) over time.
Solid lines represent best �ts and dashed lines represent the 95% con�dence intervals. b) Sorption
isotherms for metformin, GUA, and 1-methylbiguanide (MGB); best-�ts of the Freundlich and Langmuir
isotherms were obtained via non-linear regression with relative weighting (1/Y2). All analyses were
performed in GraphPad Prism (version 9.1.1). Estimated best-�t parameters can be found in the SI
(Tables B.4 and B.5). Biochar source: pine wood, gasi�cation process,> 1100°C (Gropro, Inc., Etna, CA).

Within a wide pH range (pH 7� 4), metformin is present as monoprotonated cation (Hern�andezet al.,

2015). Thus, mechanistically, sorption of metformin likely occurred via electrostatic interactions with the

biochar surface (negatively charged), although� � � electron donor acceptor (EDA) interactions,

chemisorption, and pore �lling via di�usion have been suggested as well (Sheareret al., 2022). Contrary to

metformin, its degradation product GUA showed promising removal by biochar even at low biochar mass

percentages (� 6.5 mg biochar in 200 mL synthetic stormwater) with 10 µg/L initial concentration. The

equilibrium sorption coe�cient, K d;eq , was signi�cantly greater for GUA (73,560 L/kg) compared to
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metformin (9112 L/kg; t-test: p= 0.0026; a=0.05) and corresponded well with the estimatedK d;eq (best-�t;

Table B.4). Comparable results with greater sorption for GUA compared to metformin were reported from

laboratory batch experiments using autoclaved biological GAC: the removal of metformin at 20°C after 53

days was 15%, whereas GUA was removed by 79% under the same conditions (Piaiet al., 2020).

Fitting of sorption isotherms to equilibrium data revealed that sorption of metformin and GUA are best

described by a Freundlich isotherm, whereas MBG follows a Langmuir sorption behavior (Figure 3.2b).

Figure 3.2b illustrates the signi�cantly greater sorption capacity for GUA to biochar compared to

metformin for a wider spectrum of aqueous concentrations (Freundlich coe�cient K F = 13 and 230

(ug/g)/(ug/L) n for metformin and GUA, respectively; Table B.5). Similarly, sorption of metformin to

macroalgae biochar was well described by the Freundlich model with up to 76% metformin removal, mainly

attributed to surface functional group interactions (De Bhowmick et al., 2022).

Figure 3.3 Subsurface breakthrough curves of bromide (conservative tracer) for di�erent conditions: 1)
BEST (top left), 2) BEST + biochar (top right), 3) Surface sand dunes (bottom left), and 4) Plain
sediment, non-altered (bottom right). Locations A, B, and C denote subsurface sampling locations (see
schematic in Figure 3.1).
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3.4.2 HZ Flow and Exchange in Engineered Streambeds

In the 
ume, breakthrough (BT) of the conservative tracer bromide was observed to be faster in

engineered sections (BEST, BEST+bc, sand dunes) compared to the non-altered plain sand section (see

Figure 3.3 on page 50), and initial BT time (de�ned as the time when CP W = 0.05*CSW ) was consistent

with distance along 
ow paths (BT A < BT B < BT C ). Mean values of saturated hydraulic conductivity

measured in triplicates from fresh sample cores of 
ume sediment and sediment+biochar mixtures

(1.82E-04 m/s and 1.72E-04 m/s, respectively; see Table 3.1) were not signi�cantly di�erent from each

other (p = 0.7991; unpaired t-test, a = 0.05): the presence of MCG-biochar at 30 vol% and at the particle

size range applied (0.25-1.00 mm) did not compromise hydraulic conductivity of the mixture, at least for

initial (unaged biochar) conditions. This is important, because hydraulic conductivity of the streambed is

one of the most crucial factors governing the extent and magnitude of hyporheic exchange in streams

(Cardenas, 2015; Wardet al., 2011).

3.4.3 Redox Conditions in Engineered Streambeds

DO penetration depth (i.e., increased DO in the streambed porewater with depth from penetrating

higher-DO surface water) in the downwelling area of the HZ was greatest in the case of biochar-amended

BEST for both May and June measurements, and the maximum depth where DO> 0 mg/L was generally

larger for the engineered sections (BEST, BEST+bc) (Figure 3.4) vs. a non-altered control section (Figure

B.6). Results from a �eld study in an actual stream indicated that higher HZ exchange 
uxes led to deeper

oxygen penetration depths (Harveyet al., 2013), which could explain the greater size and distribution

(down-welling vs. upwelling) of oxygenated zones in the engineered 
ume sections (BEST and BEST+bc)

compared to the plain sand control.

The distinct succession of redox conditions created along the HZ 
owpaths of BEST (and BEST+bc)

seems to be well suited to attenuate both metformin and GUA: recent batch experiments with activated

sludge studying the biodegradation of metformin and GUA revealed that while metformin degradation was

faster under aerobic conditions, degradation kinetics for GUA were more rapid under low oxygen

concentrations (suboxic/anoxic) (Tisler & Zwiener, 2019). Whereas the highly oxygenated downwelling

zone of BEST favors the microbial transformation of metformin to GUA, the further degradation of GUA

would be enhanced as the water moves along the increasingly anoxic hyporheic 
owpaths. Observed DO

oversaturation (up to 35 mg/L; Figure 3.4) was attributed to photosynthetic activity of algae bio�lms

growing near the sediment and surface water interface.
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Figure 3.4 Dissolved oxygen (DO) pro�les of subsurface 
ume sections. Top panel: Left: BEST (May
2018), Right: BEST (June 2018); Bottom panel: Left: BEST+biochar (May 2018), Right: BEST+biochar
(June 2018). DO values on color legend are mg/L.

As can be seen in Figure 3.5, both BEST and BEST+bc engineered streambeds lead to increasingly

reducing conditions (as evidenced by Fe(II)) along hyporheic 
owpaths, speci�cally in the upwelling zone of

the 
owpath with longer HRT (sampling point C), but also along the deeper downwelling 
owpaths. This

was not the case in the dunes or in the plain sand control section; which showed the opposite trend with

increasingly oxygenating conditions along sampling locations A to C. The measured concentrations of

dissolved Fe(II) at upwelling location C were greater in BEST (without biochar) compared to all other

conditions. Ammonia (NH+
4 ) concentrations were generally lowest in the downwelling zone (location A) of

the engineered sections (BEST, BEST+bc, dunes) { probably because nitri�cation (conversion of NH+
4 to

NO�
3 and/or NO �

2 ) was elevated in the downwelling zone due to higher oxygen concentrations (see DO

pro�les in Figure 3.4). The distinct succession of highly oxygenated porewater observed in the downwelling
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zone of BEST due to greater HZ exchange and the subsequently greater reducing conditions in the

upwelling zone of the longer HRT 
owpath C is remarkable and may explain the observed greater and

faster attenuation of metformin (oxygenated downwelling zone) and also potentially GUA (reducing

upwelling zone) in the HZ of BEST compared to surface sand dunes or unamended control areas.

Figure 3.5 Subsurface nutrient summarized in a box and whisker plot: a) Iron(II) measurements during the
Day 1 to 16 time period; b) Ammonium (NH +

4 ) measurements during the Day 1 to 16 time period. A, B,
and C denote the subsurface sampling locations in each condition (see Figure 3.1).

3.4.4 Attenuation of Metformin/Guanylurea in Engineered Streambeds

Metformin BTCs in the HZ of di�erent conditions in the pilot-scale streambed measured during

Experiment A are shown in Figure 3.6. Removal of metformin in the HZ of BEST (condition 1; top left

panel, Figure 3.6) was greater with longer 
owpaths, suggesting greater HZ residence times lead to

enhanced attenuation. GUA was not detected above the LOQ of 0.8µg/L in the subsurface, suggesting

further degradation (possibly mineralization). As no metformin nor GUA were detected in the porewater

of upwelling zones (B, C) in BEST+bc (condition 2; top right panel, Figure 3.6), the amendment of BEST

with biochar likely resulted in the complete removal of metformin along the 
owpaths.

Comparing the metformin BTCs of BEST with a conventional surface restoration structure, i.e. sand

dunes (condition 3; bottom left panel, Figure 3.6), revealed that BEST structures led to a larger decrease

in concentration in both the downwelling and upwelling zones: the maximum measured concentrations in

location A were 6.31µg/L and 7.85 µg/L for BEST and the sand dunes, respectively. The decrease in BTC

amplitude in the downwelling zone was even more pronounced when biochar was added to the BEST

structure (peak metformin concentration: 3.02 µg/L). Furthermore, we observed pronounced concentration

di�erences at the last sampling time point (t = 73 days) between BEST and the sand dunes structures: the
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metformin surface water concentration had diminished from 10 to� 3.5 µg/L at this timepoint (see Figure

B.3), which was well re
ected in all HZ sampling points of the sand dunes. In the BEST condition,

however, only the downwelling zone was showing a metformin concentration (3.07µg/L) close to the

surface water concentration, whereas concentrations at both sampling points B and C were clearly

diminished (1.42 µg/L and < LOQ, respectively). This means that the attenuation of metformin between

both 
owpaths A-B and B-C was signi�cant as compared to the surface water.

Figure 3.6 Subsurface breakthrough curves of metformin for di�erent conditions: 1) BEST (top left), 2)
BEST + biochar (top right), 3) Surface sand dunes (bottom left), and 4) Plain sediment, non-altered
(bottom right). Locations A, B, and C denote HZ sampling locations (see Figure 3.1). Relative standard
deviation (%RSD) associated with the analysis was 5% for metformin and 3% for guanylurea, respectively.

Removal rate constants of TOrCs in the HZ may vary greatly depending on prevailing redox conditions

(Greskowiak et al., 2017; Schaperet al., 2018). The spatial distribution of subsurface redox zones is a

combined function of hydrologic conditions (e.g. vertical exchange 
uxes), biogeochemical parameters (e.g.

availability of electron donors/acceptors, microbial activity, and sediment organic matter content) (Schaper

et al., 2018), as well as temperature (Burkeet al., 2014). Schaperet al. (2018) reported signi�cantly higher
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removal rates for several pharmaceuticals under predominantly suboxic (i.e. denitrifying) compared to

anoxic (i.e. Fe and Mn reducing) conditions, whereas shorter �rst-order half-lives of the pesticide �pronil

were determined in anaerobic (reducing) sediments (4.6-18.5 days) compared to facultative (aerobic)

conditions (25-91 days) (Lin et al., 2008). In this manner, BEST streambeds may o�er a great variety of

redox conditions (from highly oxygenated to reducing to potentially fully anaerobic) along hyporheic


owpaths and may thus be suited to create favorable microbial degradation environments for a wide range

of TOrCs { not only metformin and/or GUA.

3.4.5 Biodegradation of Metformin (Suspect Screening)

During Experiment B (10 mg/L spike of metformin), four TPs in addition to GUA were identi�ed in

surface and subsurface water samples (Figure 3.7; surface water data not shown): MBG, 2-4-AMT /

4-2-1-AIMT, 2-4-DAT, and biguanide. Note that the structural isomers 2-4-AMT and 4-2-1-AIMT (see

Table B.3) were not distinguished here based on the LC-HRMS data collected.

Figure 3.7 Transformation products (TPs) of metformin measured during Experiment B (10 mg/L spike)
for the following conditions: 1) BEST, 2) BEST + biochar, 3) Surface sand dunes, and 4) Plain sediment,
non-altered; C1/C2 are samples from the control 
ume (un-spiked). Locations A, B, and C denote
subsurface sampling locations (see Figure 3.1). Sampling time was August 24th 2018, i.e. 10 days after
spiking. Response ratios for TPs were determined relative to metformin-d6 (AreaTP /Area metformin-d6 ).
Con�dence level of identi�cation according to Schymanski scale: metformin, guanylurea, and
1-methyl-biguanide: 1; others: 3.
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For the engineered conditions (BEST, BEST+bc, sand dunes), the highest production of TPs occurred

in the zone of sampling point A (downwelling), with decreasing amounts detected along the HZ 
owpaths

(locations B, C). The patterns found in locations 1-A (BEST) and 3-A (dunes) are very similar, indicating

that the downwelling zones of BEST and conventional surface structures lead to comparable

biotransformation environments.

Locations B and C (upwelling) of the BEST+bc structure show remaining metformin concentrations

but no suspects compounds, likely due to the strong sorption properties of the pine-wood biochar. Biochar

is also known for creating favorable conditions for microbial attachment and bio�lm formation (Hale et al.,

2015; Luoet al., 2013), which has been shown to enhance overall TOrC removal and biodegradation

(Frankel et al., 2016; Liu et al., 2017a; Portmannet al., 2022). In the joint presence of biochar and bio�lm,

biodegradation of organic compounds may happen in the sorbed phase (Yuet al., 2015); in this case, the

detection of degradation products in the aqueous/dissolved phase is expected to be limited. The plain sand

section (condition 4; Figure 3.7) showed no clear pattern of TP formation along the 
owpaths and the only

TP detected was 2-4-AMT / 4-2-1-AIMT. All four TPs were detected in surface water samples of the

treatment 
ume, at levels comparable to the ones observed in HZ sampling locations A. However, none of

the suspect TPs were detected in surface water or porewater samples from the un-spiked control 
ume

(porewater samples denoted as "C1", "C2"; Figure 3.7).

3.5 Conclusions

Both metformin and GUA were e�ectively removed when exposed to biochar in an aqueous batch

solution, although GUA exhibited a signi�cantly greater sorption capacity at equilibrium: after 67 days, we

observed 18% and 69% removal for metformin and GUA, respectively (logK d;eq = 3.96 L/kg and 4.87 L/kg

for metformin and GUA, respectively). Biochar sorption isotherms for both compounds were best

described by the Freundlich equation. Hydraulic conductivity testing con�rmed that the presence of the

pine-wood biochar at 30 vol% and at the particle size range applied (0.25-1.00 mm) did not compromise

the saturated hydraulic conductivity of the sediment-biochar mixture, since the parameter was similar for

sediment cores with and without biochar. In both BEST and BEST+bc streambeds, initial BT time of the

tracer bromide in the porewater was consistent with distance along HZ 
ow paths (BTA < BT B < BT C ).

When metformin was added atC0 = 10 µg/L to the stream surface water, removal in the HZ of BEST was

greater with longer 
owpaths, suggesting that engineered streambeds with greater HZ residence times lead

to enhanced adsorption and potentially biodegradation of metformin. Guanylurea (TP of metformin) was

not detected above 0.8µg/L in the subsurface, suggesting further degradation was occurring (possibly full

mineralization). Amendment of a BEST streambed with biochar resulted in a pronounced decrease in
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metformin breakthrough curve amplitude in the downwelling zone of the HZ. No metformin was detected

in the porewater of the upwelling zone, thus the presence of biochar in the engineered streambed resulted

in complete removal of metformin along the 
owpaths. Next, we studied the prevailing redox conditions in

BEST streambeds: Dissolved oxygen penetration depths in the downwelling area of the HZ were greater in

BEST streambeds compared to controls (i.e. surface dunes, un-altered sediment), likely due to increased

hyporheic exchange with the oxygen-rich surface water. Redox conditions became more reduced along


owpaths, as evidenced by greater Fe(II) concentrations in the upwelling zones of the streambeds. The

unique succession of redox conditions along hyporheic 
owpaths in BEST streambeds presented ideal

biotransformation conditions for the studied TOrCs: Whereas the highly oxygenated downwelling zone

favors the microbial transformation of metformin to GUA, further degradation of GUA would be enhanced

along the increasingly anoxic hyporheic 
owpaths. When metformin was spiked to the 
ume at a higher

dose (C0 = 10 mg/L) to further study biodegradation, four additional transformation products were

identi�ed in surface water and porewater samples: 1-methyl-biguanide, 2-4-AMT / 4-2-1-AIMT, 2-4-DAT,

and biguanide. We conclude that BEST streambeds attenuated metformin through a combination of

adsorption and microbial transformation. Altogether, these results show that BEST engineered streambeds

{ especially when amended with a strong geosorbent (e.g. biochar) { may be an e�ective novel HZ

technology for improving streamwater quality by attenuating highly polar and ecotoxic contaminants such

as metformin and GUA, which pose a substantial threat to aquatic life, surface water quality, and drinking

water resources.
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CHAPTER 4

ENGINEERED STREAMBEDS FOR THE REMOVAL OF PESTICIDES AND PHARMACEUTICALS

FROM STORMWATER

Manuscript in preparation for publication.

Andrea C. Portmann15;16, Brittnee N. Halpin 15, Donovan Keohane15, John E. McCray15, Christopher P.

Higgins15;17

4.1 Abstract

This study evaluated the e�ciency of hyporheic zone (HZ) engineered streambeds for the attenuation of

a broad suite of stormwater-relevant trace organic chemicals (TOrCs), including pesticides,

pharmaceuticals and personal care products (PPCPs), and a per
uoroalkyl acid. The performance of

several di�erent Biohydrochemical Enhancements for Streamwater Treatment (BEST) streambed

modi�cations to arti�cial 
umes was experimentally evaluated: 1) BEST streambeds, 2) BEST streambeds

amended with biochar, 3) BEST streambeds containing �ne-grain sand mixed with biochar, and 4) a

sand-only control streambed. We conducted two types of experiments for each of the four 
umes:

simulated storm
ow experiments to study TOrC surface and porewater breakthrough behavior, as well as

recirculation experiments (over 15 days) to collect long-term performance data and to examine TOrC

transformation product (TP) formation over time. We found that under storm
ow conditions and at

limited 
ume length (15 m, 14 BEST modules), biochar-amendment of BEST streambeds was necessary to

provide both e�cient reductions in TOrC concentration peaks and mass loadings. Extended contact time

(15 days) was needed to increase removal in the sand-only systems, however, removal was only> 78% for

compounds that were either fairly hydrophobic (diazinon, �pronil, ibuprofen), or more easily biodegradable

(atenolol, ca�eine, ibuprofen, MCPA). On the module-scale, removal was greater in streambeds containing

�ne-grain sand (creating longer hydraulic residence times) or in the presence of biochar. A total of 30

di�erent TPs were detected in the surface and subsurface water of the 
umes { predominantly in sand-only

systems. Insights gained from these pilot-scale 
ume experiments allow for the establishment of design

recommendations for BEST engineered streambed applications.

15 Department of Civil & Environmental Engineering, Colorado School of Mines
16 Primary researcher and author
17 Corresponding author
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4.2 Introduction

A common feature of urban spaces is the increased share of impermeable surfaces, which create greater

runo� volumes and less in�ltration compared to undeveloped areas (Grebelet al., 2013). At the same time,

anthropogenic spaces are characterized by emissions of multiple man-made chemicals and pollutants {

stemming from vehicle tra�c, building roofs, urban green space management (e.g., pesticide application),

and health management practices (e.g., pharmaceuticals). These di�use sources of trace organic chemicals

(TOrCs) contribute to stormwater runo� pollution and water quality degradation of urban streams or

nearby water bodies (LeFevreet al., 2015; Masoneret al., 2019). Polar TOrCs, which are typically

predominantly in the dissolved phase, are speci�cally challenging for urban stormwater management due to

their limited removal in conventional stormwater control measures (SCMs) (Spahret al., 2020).

Furthermore, many TOrCs are (eco)toxic and may pose human or ecological health risks, speci�cally

towards aquatic biota (LeFevre et al., 2015). Toxicological e�ects may be multifaceted and impact di�erent

aspects of aquatic life: reported e�ects include coho salmon acute toxicity (Peteret al., 2019) and

endocrine disruption potential associated with intersex and reduced fecundity in �sh (Niemuth & Klaper,

2015). Some neonicotinoid insecticides (and their metabolites) showed adverse e�ects on early life stages in

�sh (Vignet et al., 2019), increased bee mortality (Suchailet al., 2001), and oxidative stress towards

aquatic non-target organisms such as freshwater algae (Malevet al., 2012). Pesticides arethe most

prevalent organic substance class in urban stormwater in the United States (Masoneret al., 2019).

Minimizing such impacts on receiving water bodies from TOrCs is increasingly recognized as an urgent

need for urban stormwater management (Wolfandet al., 2019).

To date, stormwater management has primarily focused on capturing large runo� volumes quickly (e.g.,

detention ponds) and depending on physical processes (e.g., settling, �ltration) to remove particles from

the water (LeFevre et al., 2015). An analysis of organic chemicals in stormwater pond sediments revealed

that the dominant substance classes were legacy contaminants such as polychlorinated biphenyls (PCBs),

polycyclic aromatic hydrocarbons (PAHs), organotins, hydrocarbons, and phthalates, while only 13 out of

the 114 investigated pesticides were detected in sediments (Flanaganet al., 2021). Thus, it appears that

sedimentation is an unfeasible treatment process for polar TOrCs, which are more often present in the

dissolved phase (and thus not particle-bound), including for most pesticides (Spahret al., 2020).

Speci�c classes of organic contaminants have historically been associated with stormwater (di�use

sources), e.g. herbicides, while others are typically denoted as wastewater-derived (point sources), e.g.

pharmaceuticals and personal care products (PPCPs) (Launayet al., 2016). However, a recent study

analyzing contaminant pollutographs during storm- and base
ow reported that pesticides (e.g., diuron)
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were present during base
ow conditions, while unexpectedly high concentrations of PPCPs (i.e., ibuprofen,

ca�eine) appeared during storm
ow (Peter et al., 2020). Similar observations were made by Masoneret al.

(2019); the authors found that both stormwater and wastewater e�uents can be sources for

over-the-counter pharmaceuticals and household chemicals. Therefore, since many supposedly

wastewater-derived contaminants are also commonly detected in stormwater, this sort of characterization is

insu�cient and non-point source pollution may be more complex (Peter et al., 2020).

Small urban creeks have limited dilution capacities for large volumes of untreated stormwater (Peter

et al., 2020), even more so because the hyporheic zone (HZ) in urban streams is often poorly developed or

nonexistent (e.g., due to impermeable channel linings) (Lawrenceet al., 2013). A functional and rich HZ

could provide important habitat, foster biodiversity, and aid in water quality improvement (Lawrence et al.,

2013). Fully developed, natural HZs play an important role in the attenuation of nutrients and organic

contaminants in streams (Lewandowskiet al., 2011; Posseltet al., 2018). Major drivers for hyporheic

exchange, i.e. exchange of surface water with porewater, include channel morphology (e.g. bedforms), head

di�erences, streambed hydraulic conductivity, and surface 
ow rates (Cardenas, 2015; Wardet al., 2011).

E�orts to engineer the HZ in urban streams for stormwater treatment purposes led to the introduction of a

novel HZ engineered streambeds technology termed BEST: Biohydrochemical Enhancements for

Streamwater Treatment (Herzog et al., 2016). BEST modi�cations of the HZ include engineered subsurface

modules that contain 1) vertical impermeable walls that drive hyporheic exchange and control HZ residence

times, and 2) permeable reactive geomedia additions to increase biogeochemical reaction rates. Previous

constructed 
ume experiments have shown> 50% greater size of the e�ective hyporheic transient storage

and enhanced transformation of the reactive tracer resazurin (i.e., metabolically active transient storage) in

a 15 m-long BEST 
ume containing woodchip-amended sand streambeds compared to a sand-only control

without subsurface walls (Herzoget al., 2018). The application of similar HZ restoration techniques in an

urban stream resulted in a reduction of 15-50% of targeted organic contaminants, and the observed greater

hydraulic residence times (HRTs) in the HZ induced greater pollutant removal (Peter et al., 2019).

The strategy of adding geomedia to existing (vertical) in�ltration-based stormwater treatment systems

(e.g., bio�lters) has been previously suggested to meet aquatic benchmarks and load reduction

requirements in urban watersheds (Wolfandet al., 2019). Applications at the pilot-scale level have

successfully demonstrated the suitability of biochar-amended bio�lters for the e�cient removal of

hydrophilic (polar) TOrCs and other common stormwater contaminants (Ashoori et al., 2019; Ulrich et al.,

2017a). However, depending on the location or potential space limitations and site-speci�c priority

contaminants, a horizontal stream-like 
ow-through system like BEST may be preferable to a vertical

in�ltration-based system. BEST engineered streambeds may have great potential to attenuate surface
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water pollution due to the technology's 
exible application in stream restoration and as stream-like SCMs

in urban settings. The latter application could be extremely e�ective as it provides treatment to

stormwater runo� from the entire upstream catchment. Alternatively, Herzog et al. (2019) recommended to

install BEST streambeds in conjunction with stormwater detention ponds, treating its 
ow-metered

e�uent: taking this \treatment train" approach by pairing BEST with an existing SCM technology could

also facilitate regulatory approval. Stormwater detention ponds o�er fast runo� volume capture and

promote (particulate) pollutant sedimentation, while BEST 
umes are designed to treat dissolved and

polar contaminants (Herzog et al., 2019).

Although previous studies have con�rmed the initial proof of concept (Herzoget al., 2016) and have

shown the suitability of BEST engineered streambeds to provide metabolically active transient storage

(Herzog et al., 2018), performance data for a wide range of stormwater-relevant TOrCs showing e�cient

removal in BEST 
umes are still missing. Similar to stormwater bioin�ltration, the addition of

reactive/sorptive geomedia to BEST streambeds may be needed to guarantee e�ciency in the removal of

dissolved and hydrophilic TOrCs, which are a substantial challenge for the entire aquatic cycle due to their

ubiquitous occurrence and high bioavailability (Spahr et al., 2020). Furthermore, it is important to assess

the biotransformation potential of BEST streambeds and determine if they could be a major source of

transformation products (TPs) into the environment. TPs of pesticides and pharmaceuticals are

increasingly found in various aquatic bodies such as urban streams (Mahleret al., 2021; Posseltet al.,

2018), river water and wastewater e�uents (Ferrando-Climent et al., 2012), drinking water sources (Guillon

et al., 2018), and groundwater (Kiefer et al., 2019) { sometimes even at higher concentrations than their

respective parent compounds (Ferrando-Climentet al., 2012; Kieferet al., 2019; Posseltet al., 2018).

Finally, design recommendations for BEST systems that are scalable { both in terms of the number and

spacing of subsurface modules (i.e., portion of streambed between two impermeable walls), but also total

reach length { and adaptable to site-speci�c pollutants of concern (e.g., via geomedia amendments) are

needed. Collecting contaminant performance data will be crucial to facilitate regulatory approval and

broad acceptance of the technology by stormwater practitioners.

The overarching goal of this study was to evaluate the removal e�ciency of di�erent BEST engineered

streambed con�gurations for a wide range of TOrCs with di�erent biogeochemical properties. We

constructed a pilot-scale outdoor 
ume system treating recycled municipal wastewater amended with a

suite of representative stormwater contaminants (metals and TOrCs). Alterations of the hydraulic

conductivity (K) in the HZ of the streambeds, either through impermeable BEST walls (i.e., K = 0) or a

�ne-grain sand (i.e., lower K compared to coarse-type sand), were major modi�ers of the hyporheic

exchange between surface water and porewater. In addition, we employed biochar amendments to the HZ
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sediment to enhance sorptive removal. Two types of experiments were conducted for each of the four


umes: 4-hour simulated storm events (single pass mode) for which the surface and subsurface water was

monitored for 24 hours; and recirculation mode (over 15 days) experiments for assessment of longer-term

performance and the potential for TOrC biotransformation. The primary objectives of this study were to:

i) determine the reach-scale attenuation of TOrCs in the surface water of BEST engineered streambed


umes (with and without biochar); ii) determine the e�ect of HZ residence time and the presence of

biochar in the sediment on TOrC retention along hyporheic 
owpaths; and iii) evaluate the

biotransformation potential of di�erent BEST streambed con�gurations.

4.3 Methods

This section describes the experimental methods, materials, and procedures used for this study.

4.3.1 Flume Con�guration and Operational Conditions

Experiments were conducted in pilot-scale outdoor stream 
umes at the Mines Park Water Reclamation

Facility at the Colorado School of Mines in Golden, CO. Four identical 
umes (dimensions: 15.2-m long,

0.2-m wide, 0.4-m tall) were constructed above-ground from plywood contained in an aluminum frame at a

� 1% slope. Each 
ume was separately contained within impermeable ethylene propylene diene monomer

(EPDM) liners. The boundary conditions were the same for each 
ume: Upstream, the 
umes were

constrained by a 0.5-m long and 0.3-m deep compartment �lled with natural river rocks for 
ow

dissipation, bounded by a permeable mesh (Matala U.S.A.; Laguna Hills, CA, USA) above an impermeable

wall holding back the rocks. Downstream, impermeable walls were placed into the streambed at x = 14.5

m to maintain saturation; surface water spilled over the wall into another 
ow-dissipation compartment

covered with river rocks (approximately 0.05 m deep). All plumbing consisted of PVC materials.

One 
ume (F1, \Control") was �lled with 8-mesh Unimin sand (details below) to 0.32 m depth and

served as a control condition. The remaining three 
umes utilized custom triangular plastic blocks (\BEST

walls"; 0.3 m tall, 0.2 m wide, with 0.2 m triangular base) made of ABS (acrylonitrile butadiene styrene)

material, sealed to the EPDM using silicone caulk, to form impermeable BEST modules. For each of these

three 
umes, 15 blocks total were placed at 1-m intervals starting from x = 0.5 m to create 14 BEST

modules in series. Each of the three BEST 
umes was �lled with a di�erent type of sand or materials mix:

The modules of one 
ume (F2, \BEST") were �lled with 8-mesh Unimin sand to 0.32 m depth, whereas

the second BEST 
ume (F3, \BEST + biochar") was amended with a mix of 8-mesh Unimin sand and

biochar (7% biochar by vol). The streambed of the last 
ume (F4, \BEST + biochar, slow") was �lled

with a mixture of 16-mesh Unimin sand and biochar (7% biochar by vol); the smaller particle size of this
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sand led to decreased hydraulic conductivity (K Sat ) and thus longer subsurface residence times compared

to the coarse sand (8-mesh). Table 4.1 provides an overview of the four di�erent 
ume con�gurations and

the materials' properties (K Sat , porosity; see section 4.3.2).

The water source to the 
umes was recycled wastewater e�uent from a Membrane Bioreactor (MBR)

system treating municipal wastewater from nearby university housing. Representative water quality

parameters (i.e., pH, alkalinity), major anions, and dissolved organic carbon (DOC) data for the recycled

wastewater are summarized in the Supporting Information (SI) (Table C.1). The in
uent water was

pumped to the 
ume system by four self-priming centrifugal pumps (Dayton® Transfer Pumps, model

6GPG4, aluminum frame; Lake Forest, IL, USA), one for each 
ume. The operating 
ow rate in each 
ume

was set to 3 gpm (0.19 L/s) and was continuously monitored over the course of the experiments. The

average measured 
ow velocity in the 
umes ranged from 21 to 27 cm/s. A conical-shaped plastic dosing

tank (Ace Roto-Mold, Den Hartog Industries Inc.; Hospers, IA, USA) contained the concentrated dosing

solution with experiment-speci�c salts, nutrients, and contaminants (see section 4.3.3). The dosing solution

was continuously stirred with a ba�e on a drill for all experiments and was added to the source water via

injection check valves (WALCHEM / Iwaki America Inc.; Holliston, MA, USA) immediately prior to the

water entering the 
umes using an electronic metering pump (WALCHEM / Iwaki America Inc.; Holliston,

MA, USA). After reaching the downstream 
ow-dissipation compartment (river rocks), the water of each


ume over
owed into a 22-gal rectangular end tank made of polypropylene (RONCO PLASTICS INC;

Tustin, CA, US). When not run in recirculation mode, the water was over
owing directly into the sanitary

sewer system. A simpli�ed process diagram of the pilot-scale 
ume system is depicted in Figure C.1.

4.3.2 Materials

The materials used for the engineered streambeds were an 8-mesh Unimin sand (Granusil 2095; 71 vol%

between 1.19-2.38 mm and 23 vol% between 0.84-1.19 mm), a smaller size 16-mesh Unimin sand (Granusil

4075; 31 vol% between 0.60-0.84 mm and 50 vol% between 0.42-0.60 mm), and Mountain Crest Gardens

biochar (MCG-biochar) produced by high temperature (> 1100°C) gasi�cation of pinewood (Gropro, Inc.,

Etna, CA, USA). The biochar was selected due to its superior TOrC removal performance as previously

demonstrated in stormwater bio�lters (Ashoori et al., 2019; Rayet al., 2019; Ulrich et al., 2015). The

biochar was crushed and sieved to achieve a particle size range of 0.5-1.41 mm. It was subsequently rinsed

with deionized water to remove any �ne particles < 0.5 mm and the remaining fraction was allowed to air

dry over the course of several days. The sand and biochar were mixed moist at a ratio of 93:7 by volume

(i.e., 7% biochar by vol), subsequently installed in the streambed modules (where applicable) and covered

with 1-2 cm of coarse sand (8-mesh Unimin) to prevent transport of material down the 
ume.
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Table 4.1 Flume con�gurations with saturated hydraulic conductivity ( K Sat ) and porosity measurements of the corresponding materials (or
mixtures). Values are given for loose (L) packing conditions, with values in parentheses representing measurements from tight (T) packing
conditions. Red / orange / yellow crosses denote the location of porewater sampling points; for dimensions and exact locations see Figure C.2.
Surface water sampling points: Su = surface water upstream; Sm = surface water midstream; Sd = surface water downstream.

Flume # Con�guration Sand Type Subsurface
Modi�cation

Geomedia
Amendment

K Sat [cm/s]
Loose (L) Tight (T)

Porosity [%]
Loose (L) Tight (T)

F1 Control 8-mesh Unimin
(Granusil 2095)

none none 1.48± 0.25 (L)
0.73 ± 0.06 (T)

43.1 ± 0.2 (L)
34.8 ± 1.0 (T)

F2 BEST 8-mesh Unimin
(Granusil 2095)

BEST walls none 1.48± 0.25 (L)
0.73 ± 0.06 (T)

43.1 ± 0.2 (L)
34.8 ± 1.0 (T)

F3 BEST + biochar 8-mesh Unimin
(Granusil 2095)

BEST walls Biochar (7vol%) 2.32 ± 0.19 (L)
0.67 ± 0.17 (T)

47.4 ± 1.5 (L)
n.a. (T)

F4 BEST + biochar,
slow (low K Sat )

16-mesh Unimin
(Granusil 4075)

BEST walls Biochar (7vol%) 0.37 ± 0.04 (L)
0.20 ± 0.01 (T)

53.6 ± 4.2 (L)
n.a. (T)
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The following salts were used as conservative tracers or nutrient amendment (ammonia) in the di�erent

contaminant experiments: potassium bromide (KBr; Sigma-Aldrich, ACS reagent, � 99%, anhydrous);

sodium bromide (NaBr; Sigma-Aldrich, ACS reagent, � 99%, anhydrous); sodium chloride (NaCl; Diamond

Crystal); and ammonium chloride (NH4Cl; Fisher Chemical, certi�ed ACS, crystalline).

Hydraulic Conductivity and Porosity. The saturated hydraulic conductivity ( K Sat ) of the di�erent

streambed materials and mixtures was measured using a constant head permeameter built and operated

according to the speci�cations in ASTM D-2434-68 (2006), except when operated with sand/biochar

mixtures, which required a wet packing method { rather than the standard dry packing method { to

achieve a homogeneous mixture. The sand/biochar mixtures were packed at 5% moisture in 2 cm lifts,

which were added by gravity (rather than the funnels speci�ed for dry packing), tamped according to

ASTM speci�cations, and scari�ed between lifts to promote homogeneity within the permeameter. For

each material or material mix, separate hydraulic conductivity tests (triplicates) were conducted for both

loosely packed (i.e., 0% relative density) and tightly packed conditions (i.e., 100% relative density).K Sat is

a crucial design parameter as it in
uences HZ exchange 
ow and residence times in the streambeds and

potentially the resulting redox conditions. The porosity of each streambed material (for both loosely and

tightly packed conditions) was determined via bulk density and particle density measurements.

Biochar Analysis. Biochar analyses for Brunauer-Emmett-Teller speci�c surface area (BET SSA) and

total pore volume were conducted by an external laboratory (Intertek; Allentown, PA, USA). The N 2

isotherms used for BET SSA and total pore volume analyses were measured on a Micromeritics TriStar II

Plus unit to full saturation (i.e., a relative pressure of approximately 1.0 at 77 K). The samples were

activated on a Smart VacPrep degas unit by degassing at 150°C under dynamic vacuum. Measurement

accuracy was estimated to be within approximately 5%. The BET SSA of the biochar was measured as 569

m2/g and the total pore volume was 0.316 cm3/g, with a micropore volume of 0.168 cm3/g (53%).

4.3.3 Contaminant Experiments

The broad suite of TOrCs { containing relevant compounds that are typically associated with

stormwater and urban water/recycled water { was added to the in
uent water aiming for an in-stream

concentration of approximately 10 µg/L each, which corresponds to roughly 1000x the limit of quantitation

(LOQ) of most TOrCs when analyzed via direct injection liquid chromatography tandem mass

spectrometry (LC-MS/MS; LOQs typically at 0.005-0.01 µg/L). The TOrCs selected for dosing were

categorized in terms of their hydrophobicity (logK OW ) and potential for biodegradability; this information

was used to evaluate how well these parameters were predictive of TOrC removal. EPI (Estimation

Programs Interface) SuiteTM (version 4.1) was used to estimate the relative biodegradability of all TOrCs
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listed in Table C.2. The BIOWIN TM models, which predict aerobic and anaerobic biodegradability solely

based on chemical structure, were speci�cally employed. As recommended by Aronsonet al. (2006), the

BIOWIN TM models were only used for relative binning purposes (to ensure the selected TOrCs represented

a broad range of biodegradability potential) and not for quantitatively predicting biodegradation. The

TOrC suite selected for target analysis in this study included stormwater and urban water-associated

compounds from a variety of classes: herbicides, fungicides, insecticides (neonicotinoids and other),

corrosion inhibitors, 
ame retardants, pharmaceuticals, personal care products, and a per
uoroalkyl acid

(PFAA). A full compound list including material source and chemical purity is provided in Table C.2.

Simulated Single-Pass Storm
ow Experiments. To determine the reach-scale attenuation of TOrCs in

the surface water, we conducted a single-pass experiment in each 
ume simulating a storm
ow event that

was monitored over the course of 24 hours. After collecting background samples from surface and pore

water, we dosed for approximately 4 hours to add potassium bromide (KBr), sodium chloride (NaCl),

ammonium chloride (NH4Cl), plus a suite of metals and TOrCs to the recycled wastewater. All salts and

solids were measured out the day before the experiment and were added to the dosing tank water and

premixed via a ba�e on a drill right before the start of the experiment

Over the course of each experiment, TOrC concentrations were monitored in the surface water by

taking grab samples at the inlet (denoted \surface upstream", Su; Module #1, at x � 1 m) and at the

outlet (denoted \surface downstream", Sd; Module #14, at x � 14 m). In 
ume F1 (\Control") only, an

additional surface water location was sampled about half-way between the middle and the outlet of the

stream (denoted \surface midstream", Sm; Module #12, at x � 12 m). Additionally, these experiments

allowed to determine the HZ breakthrough of the contaminants and their retention in the subsurface

modules. Custom-made porewater samplers (PushPoint samplers; MHE Products, Michigan, US) were

used to obtain discrete subsurface samples concurrently with surface water samples. PushPoint samplers

consisted of 0.8 m-long stainless-steel tubes (1/8 in / 3.175 mm OD) with four 0.635 mm wide horizontal

slits at the tip. The stainless-steel tubes were internally equipped with PEEK tubing (3.05 m long and 0.03

in / 0.762 mm ID) starting from the tip (bottom end). The slit ends were covered by 33 mm long \screen

socks" to prevent clogging of the slit openings by small sediment particles. During sampling, the PEEK

tubing of each PushPoint sampler was connected to a syringe.

In 
umes equipped with BEST modules (F2-F4), three PushPoint samplers were installed in each of the

modules #3, 7, and 11 (in total nine samplers/
ume). In each module, the samplers were installed along

the centerline at a distance of 22 cm (D), 62 cm (U1), and 78 cm (U2) downstream of the centerline of the

upstream BEST triangle. Location D was presumably in the down-welling zone of the BEST module, while

the other two samplers (U1, U2) were located in the presumably up-welling zone. In 
ume F1 (Control, no
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BEST modules), two PushPoint samplers each were installed at locations equivalent to the D and U2

locations of modules #3, 7, and 11 in the homogeneous streambed (six total samplers for F1). For

dimensions and the exact placement of the PushPoint samplers in a module see Figure C.2. Porewater

samples were slowly (10 mL/min) withdrawn from the HZ using 50-mL syringes (plastic, NORM-JECT® ;

VWR/avantor) operated by automated syringe pumps (NE-1600; New Era Pump Systems Inc., New York,

US) to minimize disturbance of HZ 
ow.

In each single-pass storm
ow experiment, KBr (26.7 g) and NH4Cl (53.2 g) were dosed to the in
uent

water, resulting in a �nal bromide concentration of approximately 7 mg/L. Bromide tracer experiments

were conducted to ensure appropriate mixing in the upstream dosing tanks and to characterize the HZ

hydrology of each 
ume's streambed. More speci�cally, the addition of an ideal tracer allowed to estimate

the HZ residence times of the subsurface modules. Module residence times were estimated by extracting

pore water samples from the upwelling zones (U2) of the BEST modules (modules #3, 7, and 11) along the

length of each 
ume. In addition to bromide, the injection water contained a small amount of NaCl (343.7

g) to further increase the electrical conductivity (EC) of the source water, allowing for the development of

real-time breakthrough curves in the surface water. EC sensors (Decagon ES-2, METER Group, Inc.;

Pullman, WA, USA) connected to portable data loggers (Em50® , METER Group, Inc.; Pullman, WA,

USA) were installed close to the inlet (three sensors above Module #1, at x� 1 m) and outlet (three

sensors above Module #14, at x� 14 m) of the 
umes to continuously measure the EC in the surface

water during the experiments.

The TOrC mass balance was conducted using the method of moments for the downstream

concentration (Sd), compared to the nominal TOrC mass added to each 
ume. E�orts to calculate the

mass input into the system based on upstream concentrations (i.e., Su) indicated a signi�cant fraction of

the mass was likely missed as a result of low temporal sampling resolution. A summary of the mass balance

results for each 
ume and compound can be found in Table C.5.

Recirculation Experiments. To study the e�ect of HZ residence times on long-term TOrC sorption and

biotic / abiotic transformation along hyporheic 
owpaths, the same suite of TOrCs was spiked to the

in
uent and monitored over 15 days with the 
umes in continuous recirculation mode (no discharge to

sewer). After collecting background samples from surface and pore water, the in
uent of each 
ume was

dosed for approximately 60 min with NaBr (2.87 g), NH4Cl (6.61 g), and the same suite of metals and

TOrCs as during the single-pass storm
ow experiments. The resulting bromide concentration in the 
ume

water was approximately 4 mg/L. The four 
umes were identically dosed on a staggered schedule on Day 0.

Over the course of 15 days, discrete surface water samples (Su and Sd for F2-F4; Su, Sm, and Sd for F1)

and subsurface water samples (via PushPoint samplers) were collected at geometrically progressing time
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intervals (e.g., at 4 h, 16 h, 1 d, 2 d, 4 d, 6 d, 9 d, 12 d, and 15 d). In F2, F3, and F4, three samplers were

installed in each of the modules #3 and 11 (six samplers per 
ume), while in F1, three samplers were

installed at the locations corresponding to the down-welling zone (D) of modules #3, 7, and 11. Flume

water volumes were monitored daily and adjusted with recycled wastewater to account for losses due to

evaporation.

Sample Processing and Analysis. The sample processing and analysis was the same for all contaminant

experiments: as soon as the water samples were retrieved from the surface or subsurface, they were �ltered

using 0.45µm syringe �lters (polypropylene membrane, 13 or 25 mm; VWR/avantor or Tisch Scienti�c)

and aliquots were placed into di�erent sample containers and stored at 4°C or analyzed immediately (i.e.,

DO, pH, temperature). Samples for TOrC analysis were processed di�erently (see below). Dissolved

oxygen (DO) concentrations and pH were measured directly in the �eld using a portable Hach multimeter

(HQ40D) and DO / pH probes. Dissolved organic carbon (DOC) and total nitrogen (TN) concentrations

were analyzed in the laboratory by a TOC-L Laboratory Total Organic Carbon Analyzer (Shimadzu), and

major anions were analyzed using a Dionex ICS-900 Ion Chromatography System (Thermo Fisher

Scienti�c). Samples were diluted with in-house Milli-Q water as necessary to meet instrument

speci�cations and calibration ranges. Select samples were analyzed for nitrate and ammonia using Hach

TNTplus ® tests (TNT 830, 831, 835) and a spectrophotometer (Hach). Samples for TOrC analysis were

�ltered in the �eld using 0.22 µm pore size syringe �lters (Millex-GV Durapore® (PVDF) membrane, 13

or 33 mm; MilliporeSigma) for sample sterilization and were stored in amber glass vials (Qorpak® ;

VWR/avantor) at 4 °C until analysis. Field Blanks were prepared in the �eld using in-house Milli-Q water.

4.3.4 TOrC Analysis

Concentrations of TOrCs in aqueous samples were quanti�ed by liquid chromatography quadrupole

time-of-
ight mass spectrometry (LC-QToF-MS) using a SCIEX ExionLC TM high-performance liquid

chromatography (HPLC) system, coupled to a SCIEX X500R QToF-MS system (Framingham, MA).

Samples were analyzed via isotope dilution and employing electrospray ionization in both positive mode

(ESI+) and negative mode (ESI-) with SWATH ® Data-Independent Acquisition for both ToFMS and

MS/MS mode (details provided in Table C.3). Compounds analyzed in ESI+ mode were eluted on a

Kinetex Biphenyl analytical column (2.6 µm, 100x3 mm; Phenomenex, Torrance, CA), whereas ESI-

compounds were analyzed using a Gemini C18 analytical column (3µm, 100x3 mm; Phenomenex, Torrance,

CA). Injection volumes of calibration standards and samples were 500µL and 1000µL for ESI+ and ESI-,

respectively. All samples, calibration standards, blanks, etc., were prepared in 90:10 water:methanol.

Details on the MS parameters and LC conditions can be found in the SI (Appendix C, section C.2).
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Target Analysis. Target analytes were identi�ed based on precursor exact mass (mass error< 5 ppm),

isotopic pattern (isotopic ratio error < 40%), and retention time (�RT < 0.05 min) compared to analytical

(native) standards, and quanti�ed using calibration standards in the range of 0.005µg/L to 25 µg/L.

Surrogate concentrations in calibration standards (and samples) were either 0.4µg/L or 0.8 µg/L,

depending on the ionizability of each compound (see Table C.3). Accuracy of calibration standards was

required to be within � 30% and only the linear part of each calibration curve was selected for quantitation

(R� 0.99). The lower LOQ for all analytes was between 0.005µg/L and 0.01 µg/L for ESI+ compounds and

between 0.005µg/L and 0.10 µg/L for ESI- compounds. Table C.3 contains the LC-QToF-MS parameters

for each target analyte; speci�cally, retention time, exact mass information (quantitation), and MS/MS

product ions (qualitative con�rmation) in addition to spike recovery data. The following compounds were

ultimately excluded from further analysis for several reasons: TCEP (high background levels due to

presence of the compound in various 
ume construction materials), carbaryl (analytical di�culties),

metformin (required separate LC/MS methods), and oryzalin (very limited water solubility during dosing).

Suspect Screening. To identify potential TPs of the target analytes, we employed a suspect screening

approach published previously (Portmannet al., 2022). LC-QToF-MS data acquired in SWATH® mode

was screened using a custom extracted ion chromatogram (XIC) list (Table C.6 and C.7) containing

molecular formulas and exact masses (precursor and fragments) for TPs identi�ed in a review of extant

literature.

4.4 Results and Discussion

4.4.1 Surface Water TOrC Removal (Reach-Scale)

Surface water breakthrough curves (BTCs) for select TOrCs across all four 
umes are shown in Figure

4.1 (shown as relative concentrations, normalized by the maximum concentration in the in
uent,CSu;max ).

For imidacloprid, the reduction in concentration peak in the e�uent (Sd) was following the order F3

(69.%) > F4 (17.3%) > F1 (4.1%) > F2 (-3.1%). The majority of TOrCs studied in this experiment

exhibited a similar breakthrough behavior and e�uent peak reduction as for imidacloprid (see Table C.4).

Indeed, the peak reductions for atenolol observed in Flumes 3 and 4 (71.9% and 20.8%, respectively) were

very similar to imidacloprid, while e�uent peak reductions were slightly greater in F2 and F1 (11.8% and

7.4%, respectively). Atenolol is known to be relatively easily biodegradable (Kernet al., 2010), therefore

microbial degradation may have contributed to its removal in F1 (sand control) and F2 (BEST). As is clear

in Figure 4.1, removal of the only PFAA examined in this study, PFHxA, was di�erent compared to all

other TOrCs and seemed to be predominantly una�ected by the presence of biochar { at least under

storm
ow conditions: observed concentration peak reductions were only 4.5% in F3 and 0.6% in F4.
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Figure 4.1 Surface water breakthrough curves (BTCs) for select TOrCs during simulated storm
ow
experiments (single-pass 
ume operation). Experimental conditions: Control (F1), BEST (F2), BEST +
biochar (F3), and BEST + biochar, slow (F4). Dotted vertical lines indicate the time when dosing
stopped: 3h 45min (F1), 3h 25min (F2), 4h (F3, F4). Samples with concentrations below the LOQ, which
frequently occurred for the Su samples after dosing stopped, were not plotted.
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