
 

 

 

 

 

 

 

 

 

 

 

 

 

BIOLOGICALLY ENHANCED DENSE NON-AQUEOUS PHASE LIQUID DISSOLUTION 

IN A THREE-DIMENSIONAL SANDSTONE FRACTURE NETWORK 

 

 

 

 

 

 

 

 

 

by 

Peggy Whitney Altman



ii  

A thesis submitted to the Faculty and the Board of Trustees of the Colorado School of 

Mines in partial fulfillment of the requirements for the degree of Master of Science 

(Environmental Science and Engineering). 

 

Golden, Colorado 

Date ______________________________ 

 

 

Signed: __________________________ 

Peggy Altman 

 

Signed: __________________________ 

Dr. John E. McCray 

Thesis Advisor 

 

Golden, Colorado 

Date: ______________________________ 

Signed: __________________________ 

Dr. John E. McCray 

Professor and Head 

Department of Civil & Environmental Engineering



iii  

ABSTRACT 

 Chlorinated solvents are some of the more difficult organic groundwater contaminants at 

remedial sites in fractured geologic media.  The complex nature of flow and transport through 

fractured systems makes remediation of these chemicals in fractures quite difficult.  This 

research investigated the role of fracture aperture variability in the effectiveness of 

biodegradation of chlorinated solvents, specifically tetrachloroethene.  Observed solvent 

dissolution enhancement ranged from 2.1 to 3.2, which is roughly a factor of 2 higher than single 

fracture experiments of the same rock type in less than half the time frame.  Fracture 

intersections create more turbulent mixing and dispersion compared to a single fracture which 

allows for more efficient delivery of dissolved tetrachloroethene to microbes aiding in 

biodegradation.  Additionally, results suggest that the natural flow heterogeneity found within 

bedrock fracture networks provide an ideal environment for segregating DNAPL-water interface 

and dechlorinating microbes which is beneficial biologically enhanced solvent dissolution.  
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CHAPTER ONE 

 

INTRODUCTION 

 

 This thesis describes the original research conducted to investigate the role of fracture 

aperture variability in the effectiveness of enhanced dissolution of chlorinated solvents due to 

biological degradation.  Chlorinated solvent contamination in fractured bedrock aquifers presents 

a multifaceted and challenging problem rooted in the natural complexities found in fluid flow 

through fractured bedrock.  The research described in this thesis involved experimental 

laboratory scale investigation of a promising remedial option for this problem.  This chapter 

includes a description of the problem and a discussion of the scope and purpose of the research 

described herein.   

1.2 Problem Statement 

 Water quality is an ever-growing concern, and accessible clean drinking water is a 

novelty in a growing number of places.  Therefore, improving our understanding of current 

remediation strategies is imperative.  Chlorinated solvents are groundwater contaminants of great 

concern because of their significant environmental release, adverse human health effects, and 

their persistence in the environment (Zogorski]’/p et al., 2006).  According to Pankow and 

Cherry (1996), chlorinated solvents were first produced in Germany in the 19th century and the 

United States in 1906.  It was not until World War II that they were heavily used; however, it 

was not until the 1970’s that environmental contamination became a concern.  Due to the many 

decades of use and release into the environment prior to recognition of the adverse 
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environmental and health effects, chlorinated solvents are the most prevalent organic 

contaminants at the United States Environmental Protection Agency (EPA) Superfund sites.   

Chlorinated solvents are released into the environment as dense non-aqueous phase 

liquids (DNAPLs).  DNAPLs have two key features: they are denser than water and they are 

only slightly soluble in water.  These two characteristics mean that when a DNAPL is released 

into the environment, the solvent migrates deep into groundwater aquifers and slowly release 

toxic constituents into the surrounding water over hundreds of years. Downward migration can 

result in DNAPL within bedrock fractures.  The complex nature of flow and transport through 

fractured systems makes remediation of these chemicals in fractures quite difficult.  

Biodegradation of chlorinated solvents was not considered an option until the 1980’s but 

is presently regarded as an essential component to remediation (Bradley, 2003).  Many 

organisms degrade PCE but only a couple completely degrade it to nontoxic products.  

Biodegradation has also historically been considered for aqueous phase plumes away from the 

DNAPL source zone, but recent studies have demonstrated the ability for source zone or near 

DNAPL-phase contaminant degradation (Yang and McCarty, 2000; Cope and Hughes, 2001; 

Christ et al., 2005, Schaefer et al., 2010).   

Augmenting a system with microbes that break down chlorinated ethenes is ideal for 

many reasons.  This technique is effective, affordable, and produces no waste products.  

Additionally, bioaugmentation is non-invasive as it is implemented in situ.  However, the 

behavior and transport of these microbes in a fractured setting is not well understood.  There is 

limited research available concerning bioaugmentation of fractured systems at both the 

experimental and field scales.  To implement more efficient remediation technologies, 

specifically bioaugmentation, a thorough understanding of the factors controlling the 
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effectiveness of this remedial technology within a fractured setting is needed.  While 

bioremediation in fractured bedrock has been applied somewhat successfully, still more is to be 

learned. The goal of this research is to generate a better understanding of how the physical 

properties of a fracture system affect the effectiveness of bioaugmentation on removing the 

DNAPL source zone.  

1.2 Research Objectives 

 The goal of this research is to better understand DNAPL dissolution during 

biodegradation in fracture rock aquifers.  Specifically, the research sought to identify which 

physical fracture properties exert the dominant controls on bio-enhanced DNAPL dissolution in 

fractured sandstone and to quantify the dissolution process in a bench scale experimental fracture 

network.  The focus of this research is on chlorinated solvent DNAPLs, specifically 

tetrachloroethene (PCE).  Previous studies have shown that fracture geometry and architecture 

play a significant role in flow and transport.  The research presented in this thesis takes a deeper 

look at fracture aperture variability and its role in biological enhancement of DNAPL 

dissolution.  Additionally, the results of this research are compared to single-fracture 

experiments of similar design in order to investigate the impact of fracture intersections on 

biodegradation of PCE DNAPL source zones. The specific objectives of this research include: 

2. design and build two bench-scale experimental models of groundwater flow through a 

fractured sandstone aquifer with different measures of aperture variability; 

3. quantitatively characterize fracture and flow parameters for each fracture network for 

non-reactive chemical transport as well as abiotic DNAPL dissolution; 
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4. bioaugment fracture networks with dechlorinating microbial cultures to investigate 

the effectiveness of biological activity on enhancing DNAPL dissolution in a 

fractured system; and 

5. calculate biologically-enhanced DNAPL dissolution for comparison between 

networks and with results from single fracture experiment.  

5.2 Significance of Research 

 Given the adverse health effects, the prevalence of DNAPL contaminated aquifers, and 

the complex challenges of contaminated fractured aquifers, it is imperative to conduct research to 

better understand how to most efficiently and effectively remediate these sites.  In the case 

studies by Borum (2002), the many pilot programs implementing bioremediation of chlorinated 

solvents at fractured sites show promise.  However, a lot of unknowns remain to be discovered, 

researched, and understood.  Not only is the field of groundwater hydrology underdeveloped 

with respect to the driving factors in non-reactive chemical transport (Berkowitz, 2002); but also 

little research has been conducted to understand the dynamic of DNAPL dissolution within 

fractured settings.  Additionally, very few research studies have addressed bioaugmentation of 

DNAPLs within a fracture network, at any scale.  This research seeks to fill a small part of this 

large gap in the current state of knowledge by evaluating the influence of fracture aperture and 

the presence of fracture intersections on transport of contaminants and microbes in order to 

assess the effectiveness of bioaugmentation in comparison to abiotic DNAPL dissolution.  
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CHAPTER TWO 

LITERATURE REVIEW 

 

 This chapter presents a review of the literature focused on solute transport and DNAPL 

dissolution in fractured systems followed by a discussion of previous work on biologically 

enhanced dissolution of chlorinated ethene source zones.  Relevant research will be examined 

throughout this chapter and the preceding chapters as necessary.  All citations can be found at the 

end of this thesis.  

2.1 Non-Reactive Chemical Transport in Fractured Media 

 One of the most common ways to model mass transport in groundwater flowing through 

fractured media is with the basic advection-dispersion equation (ADE), where the fractures are 

treated as equivalent porous medium (Berkowitz, 2002).  However, the ADE often fails to 

capture the breakthrough curves of a fracture system.  Breakthrough curves in fractured settings 

often show fast arrival times, one or more sudden jumps in concentration, and/or long 

breakthrough tailing (Becker & Shapiro, 2000).  To learn about mass exchange within a fractured 

system, focus is paid to the long tail of a breakthrough curve.  Because mass exchange is 

considerably slow compared to advection, the breakthrough curve tail holds the information 

about parameters affecting transport.  Three main processes affect the tailing of a breakthrough 

curve: 

1) Hydrodynamic diffusion – mass spreading due to local mixing 
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2) Heterogeneous advection – mass spreading related to separation of advective 

pathways; and 

3) Matrix diffusion – mass exchange between fluid in the fracture and fluid in the open 

pore spaces in the rock matrix 

Models and studies typically attribute breakthrough tailing in fractures to matrix 

diffusion.  In fact, models coupling advective-dispersive transport within the fracture with 

diffusive mass flux into the surrounding matrix have been used successfully numerous times, 

leading to the common belief that tailing is evidence for matrix diffusion (Maloszewski & Zuber, 

1985, 1993; Moench, 1995; Tsang, 1995).  Additionally, modifications to the matrix diffusion 

concept have been accepted as well.  Tailing has also been attributed to mass exchange between 

mobile and immobile zones within the fractures.  Some researchers have considered interchannel 

small-aperture spaces within the fracture as immobile zones (Abelin et al., 1991, 1994b; Johns 

and Roberts, 1991) while others have considered diffusion into stagnant fluids within the fracture 

and matrix (Haggerty & Gorelick, 1995).  

 When considering breakthrough tailing is due to matrix diffusion, modeling efforts 

require simultaneous fitting of at least three parameters: one for advection, one for dispersion, 

and one for diffusion.  When fitting parameters, uncertainty in the relative roles of all three 

mechanisms is large because model fits are typically non-unique.  Becker and Shapiro (2000, 

2003) ran field-scale experiments to test uniqueness of a model that incorporates all three 

processes.  To test the parameters for hydrodynamic dispersion, experiments were performed at 

different transport velocities and distances.  Matrix diffusion parameters were tested by using 

tracers with different diffusivities.  And, the critical parameter for heterogeneous advection is the 

flow field.  
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 There are situations where neither matrix diffusion nor mobile/immobile mass exchange 

can explain observed breakthrough tailing.  Becker and Shapiro (2000) observed tailing in field-

scale tracer tests through a fractured aquifer.  The breakthrough behavior between the different 

tracers, each of which has a significantly different aqueous diffusion coefficients (Daq), was 

nearly identical.  Therefore, chemical diffusion into the matrix or any immobile space could not 

be a major player in the transport of these tracers through the fractures.  Furthermore, Grisack 

and Pickens (1980) produced a seminal paper that highlighted three conditions that limit the 

impact of matrix diffusion that include: 1) low matrix porosity 2) small fracture spacing and 3) 

small apertures that cause increased velocity limited the amount of time for mass to diffuse into 

the matrix.  

 Becker and Shapiro (2003) attributed their observed breakthrough tailing to be a result of 

advective processes rather than matrix diffusion.  Hydrodynamic dispersion cannot account for 

the long tailing of a breakthrough curve in the absence of significant matrix diffusion because a 

simple ADE model is unable to capture the extended tail.  Rather, tailing in limited matrix 

diffusion systems is a result of a more complex advective process: channeling within the fracture 

due to variation in fracture aperture (Tsang and Nerentnieks, 1998; Moreno and Tsang, 1991; 

Moreno and Tsang, 1994).   

 Becker and Shapiro (2003) hypothesized that both total mass and mass transport rate are 

related to mean aperture of a fracture system, and the shape of breakthrough curves from the sum 

of all the channels is a result of the range of apertures.  This hypothesis limits the number of 

parameters for model fitting significantly thereby increasing the uniqueness of model fits.  

Additionally, DNAPL distribution behavior and biological dissolution enhancement have also 

shown a dependence on fracture aperture and aperture variability (Schaefer et al., 2009, 2010).  
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However detailed studies of enhanced dissolution due to biodegradation in fracture networks 

have not been conducted.  

 While defining and measuring fracture apertures is challenging, three methods are 

commonly used for calculating fracture aperture (Tsang, 1992; Dickson & Thompson, 2003: 

Schaefer et al., 2009, 2010).  The mass balance aperture, emb (shown in equation 2-1), is the 

mean aperture of the fracture system being characterized.  The mass balance aperture is sensitive 

to the storage of tracer in the void space of the larger fracture aperture regions and therefore, is 

weighted toward the large aperture regions.  The frictional loss aperture, ef (shown in equation 2-

2), is based on the mean residence time and is weighted toward the smaller apertures in the 

fracture system.  Equation 2-3 shows the hydraulic aperture, eh, which is the equivalent parallel 

plate aperture that is weighted toward the smaller aperture regions and is based on the local cubic 

law (Witherspoon et al., 1980).   

� =       (2-1) 

� = √ �� |∆�|          (2-2) 

�ℎ = �� |∆�| /
         (2-3) 

where Q is the volumetric flow rate (cm3/min), tm is the mean residence time (min), L represents 

the length of the fracture network parallel to flow (cm), W is the width of the fracture network 

perpendicular to flow (cm), µ is the dynamic viscosity of water (g/cm-min), ρ is the fluid density 

(g/cm3), g is the acceleration due to gravity (cm/min2) and ∆H is the hydraulic head difference 

across the experiment.   
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 The aperture ratio, , used by previous studies and found in equation 2-4 is the ratio of 

smaller apertures (ef) to larger apertures (emb) and describes the aperture variability within a 

fractured system (Dickson & Thompson, 2003; Schaefer et al., 2009).  At the upper limit,  

approaches a value of unity, which signifies that all apertures are the same size and the fractures 

mimic parallel plates.  A decreasing value for  indicates increasing variability between 

relatively smaller and larger apertures.  Given the dependence of fracture flow and transport on 

aperture size and variability, the aperture ratio is a good parameter to consider in terms of 

fracture system characterization.   

� =       2-4 

2.2 DNAPL Dissolution and Migration in Fractured Media 

 This section of the literature is prefaced with the acknowledgement that the research 

conducted and presented by Christensen et al. (2014) in parallel with this research focused 

heavily on DNAPL dissolution in a fractured setting.  The purpose of the following overview of 

DNAPL behavior – migration and dissolution – in fractured media serves as a basis and 

background for evaluation of the effectiveness of bio-enhanced dissolution of PCE DNAPL.  

DNAPL migration and abiotic dissolution kinetics must be measured to allow for evaluation of 

the extent of dissolution enhancement and DNAPL removal due to biological activity.  

 Chlorinated solvents such as tetrachloroethene (PCE) are widespread groundwater 

contaminants.  These solvents exist as dense non-aqueous phase liquids (DNAPLs), which are a 

separate liquid phase that is denser than water.  Their density allows for migration deep into the 

subsurface, far below the water table.  Downward migration can result in DNAPL within 

bedrock fractures, adding to the complexity of DNAPL distribution in the subsurface.  DNAPL 
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movement in fractured media is driven by the orientation and connectivity of fractures (Pankow 

& Cherry, 1996).  Furthermore, fracture aperture distribution and variability play important roles 

in the migration rate and pathway of DNAPL within a fractured system.  DNAPL migration 

occurs by preferential flow through larger aperture fractures and is controlled by capillarity 

pressure, wettability, interfacial tension, and relative permeability (Bedient et al., 1997; Pankow 

& Cherry, 1996).  

 DNAPLs are relatively insoluble and can require hundreds of years for complete 

dissolution under natural conditions (Johnson & Pankow, 1992).  DNAPL dissolution into 

groundwater is a rate limited process that is controlled by interfacial mass transfer between the 

two phases and is driven by the concentration gradient between the two phases.  The key to 

DNAPL dissolution is the DNAPL-water interfacial area, as this is the area that is available for 

mass to transfer.  Many studies for porous media and a few studies for fractured systems 

consider the DNAPL dissolution flux to be related by the following: 

� = ���� � − �          (2-5) 

where N is the rate of dissolution (mg/sec), k is the mass transfer coefficient (cm/s), ai is the 

DNAPL-water interfacial area (cm2/cm3), V is the volume of surrounding groundwater (cm3), 

Csat is the DNAPL solubility (mg/cm3) and C is the measured DNAPL concentration in the 

surrounding groundwater (mg/cm3).  Saripalli et al. (1998) developed a method for calculating 

interfacial area using an ionic surfactant tracer that sorbs to the NAPL interface.  The DNAPL-

water interfacial area is related to the retardation factor, R, of the surfactant tracer.  Schaefer et 

al. (2009) found in their discrete fracture DNAPL dissolution experiments that dissolution is 

significantly slower in fractures than in porous media.  The decreased dissolution in fractures is 

contributed to decreased mixing efficiency and preferential flow (Schaefer et al., 2009; 
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Berkowitz, 2002).  Slower dissolution rates in fractured systems makes finding understanding 

efficient remedial strategies all the more imperative.   

2.3 Reductive Dechlorination and Dehalococcoides ethenogenes 

 It was originally thought that chloroethene compounds were not produced naturally and 

were strictly of anthropogenic origin.  This belief led to the conclusion that biodegradation of 

chlorinated solvents was not possible because these compounds were not naturally part of the 

biosphere (Asplund, 1995; Gribble, 1994).  To support this idea, the chloroethene concentrations 

found at the Love Canal site 30 years after waste disposal stopped seemed to be indicative of the 

lack of biological degradation in groundwater systems. (Bradley, 2003).  However, in the 1980’s, 

accumulation of PCE degradation products such as trichloroethene (TCE), dichloroethene 

(DCE), vinyl chloride (VC), and ethane were observed in natural subsurface systems.  These 

products were attributed to a process called anaerobic reductive dechlorination (Vogel & 

McCarty, 1985; McCarty & Semprini, 1994; Vogel, 1994).  The microbial dechlorination was 

viewed as a metabolic accident or coincidental co-metabolism.  

 Around the same time, natural sources of PCE and TCE were discovered in volcanoes, 

oceans, and marine algae (Gribble, 1994; Abrahamsson et al., 1995).  The existence of natural 

sources was of great significance in regards to available microorganisms capable of degrading 

chloroethenes.  The earth processes generating these compounds have occurred for thousands of 

years, which would allow for the natural selection of microbes capable of degrading chlorinated 

solvents (Bradley, 2003). 

 The concept of degradation by metabolic coincidence was abandoned in the 1990’s 

during which microbes were discovered that actually gain energy from reductive dechlorination 
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of chloroethenes.  Bacteria were found to use these compounds as terminal electron acceptors in 

a process called chlororespiration (Holliger et al., 1993: εaymό-Gatell et al., 1997; Sharma & 

McCarty, 1996).  Other processes of chloroethene biodegradation have been discovered and 

studied such as anaerobic oxidation of vinyl chloride.  For the purpose of this literature review 

and this thesis, focus will remain on the microbes that reductively dechlorinate the compounds of 

interest.   

 Reductive dechlorination is the process of replacing a Cl- atom with an H+ atom.  The 

process involves H2 as an electron donor and the chloroethene as a terminal electron acceptor.  A 

series of redox reactions reduces PCE to ethene along a decay chain from PCE to trichloroethene 

(TCE) to dichloroethene (DCE) to vinyl chloride (VC) and terminates with ethene.  The standard 

redox potential for the couple R-Cl/R-H is between +250 and +600 Mv, indicating that these 

reactions are energetically favorable (Vogel et al, 1987; Dolfing & Harrison, 1992).  All of the 

microorganisms capable of reductively dechlorinating chloroethenes belong within the Bacteria 

domain of life.  Several of the bacteria are related to the sulfate or sulfur reducers in the - and - 

subgroups of the proteobacteria (Holliger et al., 1999).  

 Of the many organisms capable of dechlorinating chloroethenes, those capable of 

reducing PCE down to ethene are limited to select species within the genus Dehalococcoides.  

This is important as all the daughter products of PCE are toxic as well and each have their own 

regulatory limits.  Microbial activity that dechlorinates PCE can lead to a buildup of undesirable 

products, such as vinyl chloride (VC), which is more toxic than PCE.  Therefore, achieving 

ethene as a final product is desirable due to the non-toxicity of ethene.   

 Dehalococcoides ethenogenes strain 195 was first isolated in pure culture and 

characterized by εaymό-Gatell et al. (1997).  The growth of this culture depended on the 
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presence of both H2 and PCE; however, dechlorination occurs in the absence of growth 

indicating the ability to uncouple growth and dechlorination (εaymό-Gatell et al., 1997).  Strain 

195 was found to be small, irregular coccoid cells with unusual cell walls that resembled those of 

some Archaea and their 16S gene places them on a unique branch, phogenetically (εaymό-

Gatell et al., 1997).  D. ethenogenes have two separate enzymes, located in the cell membrane, 

that are used to reductively dechlorinate all compounds in the PCE decay chain.  PCE reductive 

dehalogenase is used to reduce PCE while TCE reductive dehalogenase reduces the remaining 

compounds (Magnuson et al., 1998).   

 While D. ethenogenes completely reduces PCE to ethene, it has been noted that VC 

dechlorination does not support growth, is two orders of magnitude slower than other 

chloroethenes, and is inhibited by high PCE concentrations (Maymό-Gatell, 1999).  However, 

rates of DCE and VC dechlorination have been found to be within one order of magnitude of 

PCE rates is the presence of a mixed culture (Haston & McCarty, 1999).  Furthermore, Cupples 

(2004) reports that a strain other than 195 of D. ethenogenes in a mixed culture was found to 

obtain energy for growth in the reduction of DCE and VC.  This is also supported by the number 

of observations of field scale settings that indicate reductive dechlorination as a result of a mixed 

culture working together (Bradley, 2003).  Several studies have shown that mixed cultures 

containing two different D. ethenogenes strains are responsible for the complete dechlorination 

of PCE to ethene (He et al., 2003).  One group of Dehalococcoides dechlorinates PCE and TCE 

while the other reduces DCE and VC, with competitive inhibition between the two groups.  The 

inhibition mechanism is currently not well understood but is expected to play an important role 

in natural groundwater systems (Bradley, 2003).  Typical mixed cultures contain four main 
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groups of organisms: fermenters, homoacetogens, methanogens, and dehalogenators (Yang & 

McCarty, 2000).  

 Mixed cultures not only allow for increased dechlorination efficiency, but they also allow 

for a greater variety of electron donors.  Electron donors such as methanol, lactate, and 

propionate can be utilized by a mixed culture for dechlorination.  The H2 required by 

Dehalococcoides is supplied as the fermentation products of the other members of the microbial 

consortia (Carr & Hughes, 1998; Freedman & Gossett, 1989).  However, at low H2 

concentration, competition between methanogens and dechlorinators is not an issue because 

dechlorinators are capable of outcompeting methanogens (Ballapragada et al., 1997; Smatlak et 

al., 1996).   

 In terms of remedial applications, the presence of dechlorinating microbes and sufficient 

electron donor are the limiting factors.  If the proper organisms are not present, it is possible to 

add a culture (or bioaugment) the system.  Once dechlorinators are established, it is key to ensure 

sufficient electron donor is available to effectively reduce all toxic chloroethenes completely to 

ethene.  One concern is stimulation of methanogenic activity by too much H2 (Bradley, 2003).  

Therefore, it is suggested to supply the microbes with slow-release electron donors such as 

lactate, molasses and commercially formulated products. (Fennell et al., 1997; Smatlak et al., 

1996).  These electron donors’ fermentation causes slow but steady release of H2, keeping the 

concentration low enough to keep the methanogens out of the picture but high enough to 

stimulate dechlorination.  Smatlak (1996) suggests that slow-release electron donors could 

maximize dechlorination while minimizing electron donor competition.  Heiman et al. (2006) 

and Friis et al. (2007) found that dechlorinator use of slow-release electron donors are highly 

temperature-dependent.  The utilization of these electron donors could cause incomplete 
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dechlorination or longer time frames required for complete remediation at lower temperatures 

(Heiman et al., 2006).  This could impact remediation in a natural groundwater setting.  Friis et 

al. (2007) found that dechlorination is more efficient at elevated temperatures, which poses 

possibilities for thermal remediation options prior to a biological polishing step. 

2.4 Microbially Enhanced DNAPL Dissolution 

 Biodegradation was previously thought to only be useful for remediating the groundwater 

plumes resulting from NAPL dissolution without impacting the NAPL source zone itself.  The 

high concentrations found near a source zone were thought to inhibit biological activity.  

However, studies have shown that biodegradation can in fact occur near a NAPL source zone 

and dechlorination has been observed to occur at concentrations near saturation (Yang & 

McCarty, 2000; Cope & Hughes, 2001; Kaplan et al., 2008; Glover et al., 2007).  Additionally, 

Adamson et al. (2003) demonstrated that inoculation using a dechlorinating culture is effective in 

systems where no prior dechlorination has occurred and that inoculated systems show rapid 

response with respect to time scales of interest in site remediation.  Yang and McCarty (2000) 

reported up to a five-fold increase in NAPL dissolution and Schaefer et al. (2010) reported a 

dissolution enhancement factor of about 3.5.  Schaefer et al (2010) calculated their enhancement 

factor using the equation: 

� =  [ ]+ [� ]+[ ]+[ ]+[ ℎ ]( [ − ][ −] ℎ � � )[ ]    (2-5) 

where the bracketed terms are the measured milimolar concentrations (Mm) and the theoretical 

chloride concentration is the expected chloride concentration based on the measured chlorinated 

ethene daughter products.  The difference between [Cl-
measured] and [Cl-theoretical] is due to back 

partitioning of the daughter products from aqueous phase to DNAPL phase.  
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 While dechlorination can occur at high concentrations near NAPL source zones, Kaplan 

et al. (2008) report that microbe-NAPL contact can kill the organisms.  This said, the studies of 

Glover et al. (2007) and Kaplan et al. (2008) both showed enhanced dissolution occurring in the 

presence of NAPL saturations higher than the 2% of Yang and McCarty (2000).  The enhanced 

dissolution was much less in experiments where the NAPL and organisms were not segregated 

and NAPL saturations were very high but there was still some enhancement dissolution rates 

compared to abiotic experiments.  While biological activity is found near DNAPL source zones, 

Amos et al. (2007) found that saturated PCE concentrations are toxic to microbes and suggest 

that microbial activity occurs at times when the system is not in equilibrium (i.e. concentrations 

are below an inhibitory level).  Chu et al. (2004) found through numerical modeling that when 

electron donor concentration is the limiting factor, the biomass grows farther away from the 

NAPL-water interface; however, when electron donor is in excess and available PCE is the 

limiting factor, biomass grows along the NAPL-water interface.  Biological activity close to the 

NAPL-water interface is beneficial for increasing the concentration gradient driving force.  

 NAPL dissolution rates in the absence of dechlorinating organisms are controlled by the 

concentration gradient at the DNAPL-water interface.  Microbial dechlorination enhances these 

rates by degrading the aqueous phase concentration, thereby increasing the concentration 

gradient driving force (Yang & McCarty, 2000; Cope & Hughes, 2001; Christ et al., 2005).  

While increasing the driving force for dissolution is one of the main mechanisms involved in 

enhanced dissolution, several other possible mechanisms may be at play.  As aqueous phase 

daughter products of PCE are generated, it is possible for these daughters to partition back into 

the NAPL phase.  The accumulation of these daughter products in the NAPL phase can change 

the overall composition, which can lead to increased solubility – this leads to enhanced NAPL 
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dissolution (Carr et al., 2000).  Dissolution can also be enhanced by the presence of 

biosurfactants released by microbes growing on NAPL (Einsele et al., 1975; McCray et al., 

2001).  Enhanced dissolution due to secreted biosurfactants is supported by Kaplan et al. (2008) 

with observed effluent concentrations higher than PCE solubility and decreased surface tension 

in effluent water.  

 Yang and McCarty (2002) found that spatial heterogeneity within a system allows for 

methanogen growth, as these microbes are able to grow in areas away from the toxic NAPL-

water interface.  Growth of methanogens is detrimental for two reasons: 1) electron donor is 

consumed for processes other than enhanced dissolution and 2) a build-up of methane gas can 

result in clogging that can divert flow from DNAPL source zones (Yang & McCarty, 2002).  

Additionally, Yang and McCarty (2002) suggest that biomass accumulation around the NAPL 

source can reduce the delivery of electron donor to where it needs to be and actually inhibit the 

extent of dissolution enhancement.  The numerical model simulations of Chu et al. (2003) and 

experimental study of Sleep et al. (2006) also indicate that biomass growth could alter 

groundwater flow leading to reduced flow through source zones and efficiency of electron donor 

delivery.  However, the use of slow-release electron donors as suggested above should eliminate 

the biomass and methane produced by methanogen growth, which should limit electron donor 

delivery and flow by-passing issues.   

 Schaefer et al. (2010) conducted a study to quantify the extent of DNAPL enhancement 

within a single sandstone fracture.  Within discretely fractured systems, Schaefer et al. (2010) 

observed dissolution enhancement factures of 3.5 and found that the extent of dissolution 

enhancement was dependent upon fracture characteristics such as aperture variability, residence 

time in fractures, and dissolved concentrations of PCE.  Other than Schaefer et al. (2010), no 
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other experimental studies of bioaugmentation of chlorinated solvents within fractures could be 

found.  
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CHAPTER THREE 

BIOLOGICALLY ENHANCED DNAPL DISSOLUTION: MASS REMOVAL IN 2- AND 3-

DIMENSIONAL FRACTURED SANDSTONE SETTINGS 

This chapter presents background, experimental methods, results and discussion of the 

laboratory research conducted on the topic of biologically enhanced dissolution in a three-

dimensional network of fractures.  This text in this chapter makes up a manuscript prepared for 

submission for publication in a peer-reviewed scientific journal.   

3.1 Background 

Chlorinated solvents such as tetrachloroethene (PCE) are widespread groundwater 

contaminants.  These solvents are dense non-aqueous phase liquids (DNAPLs).  Their density 

allows for migration well below the water table.  DNAPL contamination of fractured bedrock 

aquifers has been identified as a particularly challenging problem because of the complexity of 

fracture network characterization and DNAPL distribution in the subsurface, and our limited 

understanding of DNAPL dissolution into groundwater in these complex systems (NRC, 2005). 

This paper aims to better understand the complex mechanisms associated with DNAPL 

dissolution into groundwater and biologically enhanced dissolution and dechlorination in fracture 

rock systems.   

DNAPL movement in fractured media is driven by the orientation and connectivity of 

fractures (Pankow and Cherry, 1996).  Furthermore, fracture aperture distribution and variability 

play important roles in the migration rate and pathway of DNAPL within a fractured system.  

DNAPL migration occurs by preferential flow through larger aperture fractures (because it is 

generally a non-wetting phase) and is controlled by capillary pressure, wettability, interfacial 
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tension and relative permeability (Bedient et al., 1997; Pankow and Cherry, 1996).   DNAPLs 

are sparingly soluble and can require hundreds of years for complete dissolution under natural 

conditions (Johnson and Pankow, 1992).  DNAPL dissolution into groundwater is a rate-limited 

process that is controlled by interfacial mass transfer between the two phases and is driven by the 

concentration gradient between the two phases.  The key to DNAPL dissolution is the DNAPL-

water interfacial area, because this is the area that is available for chemical mass transfer.  Many 

studies for porous media and a few studies for fractured systems consider the DNAPL 

dissolution flux to be appropriately described by the following: 

 

N = kaiV(Csat – C)       (3-1) 

 

where N is the rate of dissolution (mg/sec), k is the mass transfer coefficient (cm/s), ai is the 

DNAPL-water interfacial area per unit volume (cm2/cm3), V is the volume of surrounding 

groundwater (cm3), Csat is the DNAPL solubility (mg/cm3) and C is the measured DNAPL 

concentration in the surround groundwater (mg/cm3).  In most DNAPL dissolution studies, the 

mass-transfer coefficient and the interfacial area parameter are lumped into an “effective” mass 

transfer parameter because the interfacial area is difficult to characterize.  Saripalli et al. (1998) 

developed a method for calculating interfacial area using an ionic surfactant tracer that sorbs to 

the NAPL interface, where the DNAPL-water interfacial area is related to the retardation factor I 

of the surfactant tracer.  Schaefer et al. (2009) conducted single-fracture DNAPL dissolution 

experiments and found that dissolution is significantly slower in individual fractures than has 

been generally reported in porous media.  The decreased dissolution in fractures is attributed to 

decreased mixing efficiency and preferential flow (Schaefer et al. 2009).  Slower dissolution 
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rates in fracture systems makes understanding NAPL dissolution imperative for identifying and 

designing efficient remedial strategies for fractured settings.  

Keller et al. (1999) demonstrated in abiotic, NAPL-free experiments that fracture 

intersections act as large aperture regions that impact contaminant transport.  Thus, a fracture 

network has significant potential to influence biologically enhanced dissolution compared to 

single fracture experiments.  Abiotic DNAPL dissolution experiments conducted by Christensen 

et al. (2014) suggest that fracture intersections limit the impact of velocity differences (flow 

channeling) caused by variable aperture fractures on DNAPL dissolution by increasing mixing, 

which could have implications for increased biological activity in comparison to the single 

fracture experiments of Schaefer et al. (2010).  Bear et al. (1993) and Park et al. (2003) suggest 

that an increase in the number of fracture intersections aligned along the hydraulic gradient leads 

to longer contaminant arrival times and greater macroscopic dispersion.  These findings suggest 

longer contaminant residence times and better mixing of microbes; which implies greater 

potential for bio-enhanced NAPL dissolution in a network of fractures compared to a single 

fracture. 

 Microbial dechlorination enhances the transformation rate of dissolved DNAPL 

compounds, thereby enhancing dissolution rates (described in equation 3-1) by maintaining 

relatively low concentrations of the dissolved solvent near the DNAPL-water interface, 

subsequently increasing the concentration gradient driving force for dissolution (Yang and 

McCarty, 2000; Cope and Hughes, 2001; Christ et al., 2005).  It was previously assumed that 

biodegradation was only useful for treating the downgradient dissolved plume (far from the 

DNAPL source area), because the elevated PCE or trichloroethene (TCE) concentrations found 

near a DNAPL source zone were presumed to inhibit biological dechlorination activity.  
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However, studies have shown that substantial dechlorination can occur near a DNAPL source 

zone with dechlorination observed to occur at PCE concentrations near saturation (Yang and 

McCarty, 2000; Cope and Hughes, 2001; Kaplan et al., 2008; Glover et al., 2007), although 

studies have shown that complete dechlorination to ethane is inhibited at high concentrations of 

PCE (Yang and McCarty, 2005: Adamson et al, 2003; Amos et al, 2008).  Incomplete 

dechlorination leads to the undesirable build-up of cis-dichloroethene (DCE).  Yang and 

McCarty (2000) reported up to a five-fold increase in NAPL dissolution compared to dissolution 

in the absence of biological dechlorination despite a NAPL-phase fluid saturation value of about 

2% (saturation is defined as the percent of pore space filled with a particular fluid, typically 

water, DNAPL, or gaseous phase).  In the Yang and McCarty (2000) experiments, enhanced 

dissolution was much less significant, but still observable, when the NAPL interface and 

organisms were not segregated.  Glover et al. (2007) and Kaplan et al. (2008) showed enhanced 

dissolution in the presence of NAPL saturations greater than 2%. Schaefer et al. (2010) 

conducted a laboratory study to quantify the extent of DNAPL dissolution enhancement due to 

presence of biological dechlorination within a single fracture emplaced in a sandstone block.  

Dissolution enhancement factors as high as 3.5 were observed, and the extent of dissolution 

enhancement was shown to be dependent upon aperture variability, residence time in the 

fracture, and dissolved concentration of PCE.    

Considering the prevalence and the complex challenges of DNAPL-contaminated 

fractured aquifers, it is imperative to conduct research that leads to a better understanding about 

how to most efficiently and effectively remediate these sites.  The case studies presented by 

Borum (2002) demonstrate that the many pilot programs implementing bioremediation of 

chlorinated solvents at fractured sites shows promise.  However, the fundamental processes 
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associated with transport and reaction in these complex settings are poorly understood, and 

additional research may provide information that could improve remedial efforts.  Given the 

difficulties of active chemical remediation in fractured rock settings, pump-and-treat 

technologies are likely to remain the primary remediation strategy for the next decade.  Thus, 

biologically enhanced dissolution is a critically important process to understand.   

This research seeks to add to the growing understanding of effective remediation of 

chlorinated solvents within fractured bedrock aquifers via bio-enhanced dissolution using an 

experimental 3-D fracture network. Considering the probably toxicity of NAPL to microbes, and 

the preference for DNAPL to reside in the large aperture regions (Pankow and Cherry, 1996), we 

hypothesized that the heterogeneity in fractured bedrock provides the microbes with NAPL-free 

zones wherein they can thrive while dechlorinating dissolved PCE from nearby NAPL zones.  To 

evaluate this hypotheses, this paper compares the findings from single fracture experiments 

conducted in the same sandstone and similar experimental design (Schaefer et al. 2010) to results 

from bio-enhanced dissolution experiments in two experimental 3-D fracture networks in order 

to evaluate the effect of fracture intersections have on microbial dechlorination and dissolution 

enhancement. To date, Schaefer et al. (2010) is the only laboratory-scale experimental study that 

has focused on biologically enhanced dissolution of NAPL in fractured rock.  Christensen et al. 

(2014) is the only study that has studied abiotic NAPL dissolution in a 3-D fracture network 

experiment.  This study builds on the work of Schaefer et al (2010) and Christensen et al (2014) 

by investigating biologically enhanced NAPL dissolution within an experimental 3-D fracture 

network.  .   

3.2 Experimental Methods 

Two different experimental setups were constructed (see Figure 3-1).  Each fracture 
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network apparatus consisted of three 38.5 cm x 24.1 cm blocks of Colorado Sandstone that were 

saw cut from a quarry (Camp Rocky Mountain Cut Stone Company, Westminster, Colorado).  

These sandstone blocks were of the same rock type used in our previous single fracture studies 

(Schaefer et al., 2010), and construction of the fracture network systems was based upon the 

design used in our single fracture systems.  The Colorado Sandstone was chosen for its low 

matrix porosity (less than 3.2%, based on thin section analysis) in an effort to minimize effects of 

matrix diffusion during the experiments.  In Network A, two fractures were induced into each 

block along natural bedding planes using simple masonry tools by hand in the laboratory to split 

each block into approximately equal thirds.   

 

 

 

 

Once these blocks were split into thirds, the nine blocks were stacked as shown in Figure 

3-1, taking care to not match the blocks with their adjoining cut faces in an effort to increase 

Figure 3-1: Experimental Fracture Network 
Schematic 
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aperture variability. In addition to the heterogeneity in aperture size caused by “unmated” rocks, 

several large bits of rocks were broken off along the horizontal planes during the rock splitting 

process that facilitated creation of large aperture regions.  In Network B, similar fractures were 

induced at the quarry using a sudden, direct mechanical force along horizontal bedding planes.  

The blocks in Network B were kept with their “mates” and void of any missing bits of broken 

rock which resulted in a reduced aperture variability compared to Network A.  The construction 

methods would cause Network A to have a larger degree of fracture-aperture heterogeneity than 

Network B.   Additional descriptions of the sandstone blocks can be found in Christensen et al. 

(2014). 

After all fractures were induced for each network, the nine blocks were arranged 3 x 3 

creating two horizontal and two vertical fractures as shown in Figure 3-1.  The nine blocks were 

compressed together in all directions using six adjustable 3/4 inch pipe clamps to assure the 

smallest apertures as possible. Once compression was applied, a gap gauge was used to measure 

the apertures at regular intervals along both horizontal and vertical fractures along the outside of 

the apparatus.  The range of measured aperture values for Network A and Network B was 0.04 – 

2.39 mm and 0.04 – 1.63 mm, respectively.  It is useful to note here that the two Networks 

described in this paper were designed to have different-sized fracture apertures.  

Four 20-gauge stainless steel needles were placed at equal intervals across the influent 

and effluent ends of each horizontal fracture.  Fractures were sealed with Devcon® Plastic Steel 

putty which secured needles in place, sealed fractures to enable fluid retainment, and applied 

over exterior rock surfaces to prevent evaporative losses through rock matrix.  A 0.16 cm inner 

diameter Teflon® tubing manifold was connected to each of the influent and effluent stainless 

steel needles.  Influent tubing was then connected to a low-flow peristaltic pump (Ismatec™ 
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IPC-N 8) to establish and maintain flow across the system.  The effluent tubing was connected to 

a 20-gauge stainless steel needle that ran into a 5 Ml  headspace vial crimp sealed with Teflon-

lined butyl rubber septa.  Another 20-gauge stainless steel needle connected to tubing allowed 

flow out of the vial into the waste collection barrel.  

After construction of fracture network, artificial groundwater (AGW) was pumped into 

the system using a flow rate of 10 Ml /min through the influent tubing manifold.  When water 

exited through three-way valves attached to ports located at the top of each vertical fracture, it 

was assumed the system was full. The network was saturated with AGW a minimum of 7 days.  

During the first seven days, air was released from the system from three-way valves attached to 

the ports located at the top of each vertical fracture. When no more bubbles were seen exiting the 

system (usually after 3-5 days), it was assumed that saturation has been achieved (Christensen et 

al. 2014).   

Non-reactive tracer tests using bromide were conducted to calculate fracture properties 

such as mass balance apertures, linear velocity, and longitudinal dispersion throughout the 

system.  Effluent tracer concentrations and groundwater flow measurements were collected for 

each fracture network.  Tracer breakthrough data was analyzed using CXTFIT, an analytical 

transport model (Toride, Leij, and van Genuchten, 1995), to regression experimental transport 

parameters using the 1D advection dispersion equation.  Even though our experimental network 

is 3D, it was not possible to characterize in 3D heterogeneities associated with fracture aperture, 

DNAPL distribution, and flow.   Thus, we used lumped parameters to characterize these factors 

for the dominantly longitudinal-flow system, noting that our experiments are still smaller than 

the typical representative elementary volume at the field scale.  This approach is perhaps more 

appropriate than attempting to characterize a 3D system with regard to scaling up experimental 
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results to field relevance because field hydrological and hydrochemical modeling in field 

applications generally presume flow is dominantly longitudinal in the direction of the primary 

fracture alignment.  

 Relevant lumped parameters for the solute transport in this system are: R is the 

retardation factor for bromide, C is aqueous solute concentration (mg/ml), DL is hydrodynamic 

dispersion coefficient (cm2/min), and v is average linear groundwater velocity (cm/min).  

Concentration, time, and distance values from bromide tracer tests (for bromide and the NAPL-

water partitioning tracer) were input into CXTFIT in order to determine DL, v and R values for 

each experiment.   

Transport parameters were subsequently used to calculate fracture network “effective” 

aperture values.  Commonly used calculated “effective” aperture values include the mass balance 

aperture, emb, and the frictional loss aperture, ef (Tsang, 1992; Schaefer et al, 2009; Christensen, 

2014).  The mass balance aperture (equation 3-2 represents the arithmetic average of apertures 

throughout the system and is based on mean residence time of solute in a system which weights 

emb towards the larger aperture regions in a system (Tsang, 1992; Moreno et al, 1988; Zheng et 

al, 2008).  

 � =      (3-2) 

 

where Q is volumetric flow rate (cm3/min), tm is mean residence time calculated by dividing the 

fracture length by the linear velocity (min), L is the length of the fracture network parallel to 

flow (cm), and W is the width of the fracture network perpendicular to flow (cm).  The eMB 

values calculated for the fracture networks provide insight into the larger aperture regions found 

at fracture intersections, which could not be measured with a gap gauge during construction.  
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The frictional loss aperture (ef, equation 3-3) is related to mean residence time in terms of 

transport velocity and dependent on hydraulic head differences across the flow path, which 

weighs ef towards the smaller aperture regions (Tsang, 1992; Christensen, 2014).   

 

                  � = √ �� |∆�|       (3-3) 

 

where µ is dynamic viscosity (g/cm/min), ρ is fluid density (g/cm3), g is the gravitational 

constant, and ∆H is hydraulic head difference across the fracture network (cm).  Two tracer tests 

were conducted in each system prior to the introduction of PCE DNAPL and two tracer tests 

were conducted after DNAPL was injected into the fractures (discussed below) to allow for 

comparison of flow path pre-bioremediation and post-bioremediation DNAPL volumes and 

saturations.    

To investigate aperture variability in the fracture networks, the fracture aperture ratio, , 

was calculated (equation 3-4 below).  The aperture ratio is a measure of the range of extremes in 

aperture size and gives an idea of the extent of heterogeneity through the system.  

 � =      (3-4) 

 

Small values of  indicate a wide range between the small regions calculated by ef and the larger 

regions highlighted by eMB.  At the upper limit,  approaches a value of unity, which signifies 

that the apertures throughout the system are the same size and the fractures mimic parallel plates 

(Dickson and Thompson, 2003).  For this study, the aperture ratio allows for an evaluation of the 

effect of fracture intersections on the flow path aperture variability in relation to the single 
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fracture experiments of Schaefer et al. (2010). 

 PCE DNAPL was injected into the two vertical fractures, which are situated one third and 

two thirds of the linear distance along the horizontal fractures, using stainless steel needles 

secured into place at the top of the fracture network.  During PCE injection, AGW flow through 

the horizontal fractures was maintained to mimic a real-world PCE spill into water-saturated 

fractured media.  After PCE was injected, the flow rate was increased up to 10 times to establish 

a residual DNAPL saturation, SN that would be immobile during the lower-velocity dissolution 

experiments (experimental flow velocities are reported in Table 3-3).  When no immiscible 

DNAPL was visually observed exiting the system, it was assumed that steady residual saturation 

was reached.  Elevated flow rates continued for four more fracture volumes to ensure no more 

DNAPL exited the system, then experimental flow rates were resumed.  Effluent was captured 

and the volume of DNAPL that exited the system was measured and subtracted from the volume 

of DNAPL injected to calculate volume of DNAPL remaining in the system.  Volume of 

DNAPL was used to calculate SN as a fraction of total fracture volume. Throughout the course of 

the experiments, effluent was monitored for any DNAPL volume exiting the system, and the 

effluent was observed to be free of DNAPL.   

Using the method established by Saripalli (1998), which was also used by Schaefer et al. 

(2010) and Christensen et al. (2014), a tracer test with an aqueous solution of the surfactant 

sodium dodecylbenzenesulfonate (SDBS) and bromide (both at 50 mg/L) was used to evaluate 

the extent of SDBS breakthrough retardation. Combined, results from these two tracers were 

used to calculate DNAPL-water interfacial area, as well as physical flow properties as such as 

the mass-balance aperture, frictional-loss aperture, and fracture flow volume (described below) 

(values in Table 3-2).  SDBS retardation relative to bromide is used to calculate DNAPL-water 
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interfacial area according to the Gibbs adsorption equation: 

 �� = � �− �
        (3-5) 

 

where ai is the specific DNAPL-water interfacial area (cm2/cm3), R is SDBS retardation factor 

relative to bromide in tracer test elution curves (equal to 1 when no DNAPL is present), 

calculated using the CXTFIT analytical transport model (e.g., provide a reference with an 

example), θ is the volumetric water content within the fracture (cm3/cm3, average value of 0.79 

accounting for residual DNAPL saturation), and K is the SDBS sorption coefficient at the 

DNAPL-water interface.  K was calculated with equation 3-6:  

 

      =  − �� ���           (3-6) 

 

where MW is the molecular weight of SDBS (348.23 g/mol), σ is the PCE DNAPδ-water 

interfacial tension (N/m), Rg is the universal gas constant (N m/K mol), T is temperature (K), and 

C is the aqueous concentration of SDBS (mg/L) used in the tracer tests (50 mg/L).  Two 

interfacial tracer tests were conducted in each network after the introduction of DNAPL into the 

system.    

Interfacial area calculations, CXTFIT regressed parameters (DL and v), and effluent PCE 

concentrations measured at the time of each tracer test were used to calculate a bulk mass 

transfer coefficient, KL (equation 3-7), between the DNAPL and aqueous phases.   
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    (3-7) 

 

where C is effluent aqueous PCE concentration (mg/L) and CSAT is the aqueous saturation 

concentration for PCE (experimentally measured at 175 mg/L).   KL is calculated using a steady-

state solution of the advection-dispersion equation assuming a first order, driving force for 

DNAPL-water mass transfer, that has been used frequently for other studies in contaminant 

remediation (e.g., Cho et al., 2005; Schaefer et al., 2009; Christensen et al., 2014).  The bulk 

mass transfer coefficient can also be represented by the product of the DNAPL-water interfacial 

area and an intrinsic mass transfer coefficient that depends on many factors.  A general 

discussion of these factors has been provided previously by several others for dissolution in 

porous media (i.e., see the summary provided Powers et al. 1994) but little has been published 

regarding fractured media (see a review in Christensen et al. 2011). 

 After effluent concentrations were determined to neither increase nor decrease (i.e., 

practically steady state, the fracture network was prepared for inoculation with a dechlorinating 

microbial culture.  The network was flushed for 2 weeks with an anaerobic groundwater enriched 

with nutrients and electron donor necessary for microbial activity:  anaerobic groundwater was 

prepared in an anaerobic chamber by amending nitrogen-sparged AGW with sodium-lactate, 

yeast extract, and diammonium phosphate (Sigma Aldrich). A dilute solution of resazurin dye 

was also added to anaerobic groundwater to verify anaerobic conditions in the fracture network 

were reached and maintained; in the presence of oxygen, the resazurin solution is pink in color 

and turns colorless when solution is void of oxygen (Karakashev et al., 2003).  Plugge (2005) 

reports that resazurin turns from pink to colorless at a redox potential of -80 Mv, which is in the 
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range where reductive dechlorination of chlorinated ethenes is thermodynamically favorable 

(Suthersan, 2001).  Anaerobic groundwater solution was transferred into gas-tight Tedlar® bags 

in an anaerobic chamber.  Tedlar® bags were then sealed, removed from chamber, and 

connected to the influent peristaltic pump for each network. When network effluent was 

colorless, it was determined that anaerobic conditions were achieved and conditions were 

favorable for microbial inoculation.  

An aqueous microbial culture containing Dehalococcoides sp. (DHC) (SDC-9, CB&I) 

was injected into the effluent tubing by way of a three-way valve.  Using a 50 Ml  syringe, 5 x 

108 cells of DHC were injected at a flow rate of roughly 2.5 Ml /min.  After inoculation, the 

fracture network effluent was monitored for flow rate, volatile organic carbon compounds 

(VOC), aqueous concentrations of reduced gases (ethene/ethane), chloride, Ph, and lactate (the 

electron donor used for these experiments).  Samples were drip collected for chloride, Ph, and 

lactate analysis. Prior to sampling for VOC, 15 Μl of hydrosulfuric acid was added a 5 Ml  

headspace vial crimp sealed with Teflon-lined butyl rubber septa, which then replaced the 

effluent vial to prevent further dechlorination prior to analysis during collection and analysis of 

sample.  

 VOCs were analyzed using a gas chromatograph (GC) with a flame-ionizing detector 

(Shimadzu GC-17A).  Abiotic dissolved PCE samples were analyzed using an aqueous injection 

while VOC biodegradation samples were analyzed with a headspace GC injection (Christensen 

et al. (2014) and Schaefer et al. (2010)), where aqueous concentrations of the target compounds 

were determined using Henry’s δaw.  VOC analysis included PCE, trichloroethene (TCE), cis-

dichloroethene (DCE), vinyl chloride (VC), and ethane/ethane.   Bromide, the conservative tracer 

used for characterization of flow, and chloride, a product of biodegradation of PCE, were 
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analyzed using Cole-Parmer ion specific probes.  SDBS, the interfacial tracer used to measure  

NAPL-water interfacial area, was analyzed using a Beckman UV-spectrophometer, at an 

adsorption of 225 nanometers.  Due to PCE interference with SDBS at a wavelength of 225, 

prior to analyzing SDBS, PCE was allowed to volatilize from the collected samples following 

the method presented in Schaefer et al. (2009) and Christensen et al. (2014).  Lactate was 

evaluated qualitatively using a colorimetric test using a lactate reagent (Catachem, INC 

Bridgeport, CT).  

3.3 Results and Discussion 

 Effluent concentrations and values for the measured and calculated parameters described 

in the methods sections are presented in Figures 3-2 and 3-3, and Tables 3-1 – 3-3. Fracture 

network flow parameters calculated analyzing bromide breakthrough data with CXTFIT show 

similar trends for bench-scale fracture network DNAPL dissolution experiments as presented in 

Christensen et al (2014).  Mass balance apertures, eMB, calculated using parameters fit with 

CXTFIT (average R2 value of 0.92 with standard error 0.03) were within 12% of those measured 

during construction with a gap gauge, and therefore considered accurate calculations.  

 

Table 3-1: Sequence of Tracer Test Experiments in Fracture Networks 

Tracer Test Network Tracer Injection Duration 
(min) 

NAPL 
Present 

SDBS Retardation 
Factor 

1 A 120 No  
2 A 3051 No  
3 A 139 Yes 1.37 
4 A 5151 Yes 1.25 
5 B 60 No  
6 B 60 No  
7 B 69 Yes 1.25 
8 B 3261 Yes 1.13 

1. Step input tracer test. 
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Figure 3-2: PCE Effluent Concentration for Network A.   1PCE 
solubility concentration was experimentally determined (175 mg/L) 

 

Calculated mass balance apertures (eMB) values decreased after the PCE DNAPL was 

injected into the network (Table 3-2).  This is consistent with the findings of Christensen et al 

(2014) because DNAPL in the network resides mostly in the larger aperture regions that are 

characterized by the eMB measurements. EMB dropped by roughly 30 % in Network A, and was 

reduced by 45 % in Network B.  The frictional loss aperture, ef, was calculated for each network.  

Theoretically, non-wetting DNAPL would accumulate in the large aperture regions of the 

network and thus the value of ef would not be expected to differ substantially after DNAPL 

introduction. Flow path FV (calculated by multiplying the length and width of experimental 

apparatus by eMB) also decreased, as expected for similar reasons as described above for eMB. 

Interestingly, FV for Network B decreased 49 Ml  after only 34 Ml  of DNAPL was introduced.   

Christensen et al. (2014) observed a larger decrease in flow path FV than volume of 

emplaced DNAPL and hypothesized this was due to flow path alterations that closed off 

previously accessible regions creating a larger drop in FV than volume of residual DNAPL. In 
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Network A, the decrease in flow path FV (47 Ml ) approximately matches the volume of NAPL 

emplaced (46 Ml ).  This can be explained by the construction method of Network A, the 

“unmated” network that led to the presence of more large aperture areas along the horizontal 

flow path.  The larger aperture regions provided enough space for the NAPL to reside in the 

system without forcing changes in flow paths within portions of the fracture not filled with 

NAPL.  

 

Table 3-2: Summary of Experimental Parameters in Fracture Networks 

 Fracture Network 
A 

Fracture Network B 

Parameter Without 
DNAPL 

With 
DNAPL 

Without 
DNAPL 

With 
DNAPL 

velocity, v (cm/min) 1.11 0.3 0.4 0.5 
mass balance aperture, eMB (cm) 0.21 70.14 0.18 0.10 
frictional loss aperture, ef (cm) 0.003 0.004 0.005 0.004 
flow path fracture volume, FV 

(cm3) 
121.5 74.8 107.5 58.9 

 

 

DNAPδ “architecture” has been shown or suggested to influence the dissolution process 

in both porous media and fractured-rock media (Powers et al., 1991; Nambi and Powers, 2000; 

Detwiler et al., 2001).  For this study, we measured two parameters related to DNAPL 

architecture for both networks:  residual DNAPL saturation (SN), and DNAPL-water interfacial 

area (ai).  The values are presented in Table 3.  Initial residual DNAPL saturation for Networks 

A and B (0.13 and 0.24, respectively) is similar to that of two single-fracture experiments 

conducted by Schaefer et al (2010) (denoted as C1 and C2 in Table 3-3) that serve as comparison 

for this study (0.18 and 0.19, respectively).  The network SN values also fall in the range 

observed in the experiments of Christensen et al. (2014) (0.16 – 0.32).  DNAPL-water interfacial 
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areas for the fracture networks (65 cm2/cm3 for Network A and 74 cm2/cm3 for Network B) were 

higher than in the single-fracture experiments (although the variability in this parameter was 

surprisingly larger for the two single-fracture experiments than for our two network experiments) 

and the fracture network experiments of Christensen et al. (2014).   

Larger interfacial areas in a fracture network system versus a single fracture may be 

expected due to the larger heterogeneity of aperture regions in the network.  The increased 

interfacial area between the network experiments of Christensen et al. (2014) and the present 

study could also be explained by increased heterogeneity as a by-product of different methods 

(and goals) during construction of the networks.  Christensen et al. (2014) made efforts to 

diminish the presence of large aperture regions created by large portions of rock breaking off 

during the induction of horizontal fractures by applying plastic steel putty.  The networks for this 

research were intentionally designed to have a range of aperture variability so large aperture 

regions created during fracture induction were not filled in which created numerous larger 

aperture regions along the horizontal flow path.  This increased flow path heterogeneity could 

explain the increased DNAPL-water interfacial areas; however, it was outside the scope of this 

project to investigate this phenomena. 

 In both networks, effluent PCE daughter products were observed shortly after inoculation 

with the dechlorinating microbial culture (Figure 3-4).  Initially, DCE was the primary daughter 

product but soon after ethene was the dominant effluent VOC, suggesting complete 

transformation of PCE via biodegradation.  These results were similar to those observed in the 

discrete fracture experiments (Schaefer et al, 2010).  Throughout the course of each experiment, 

Ph remained around 6.5 and lactate was present in the effluent, indicating an excess of electron 

donor and an environment suitable for microbial dechlorination (Schaefer et al., 2010). 
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 For each experiment, effluent VOC and chloride concentrations were used to calculate a 

dissolution enhancement factor, E, which describes the relative degree of DNAPL dissolution 

enhancement caused by the presence of microbial dechlorination (see equation 3-8).  The 

bracketed terms are the measured effluent molar concentrations (Mm) and the calculated chloride 

concentration is the expected chloride concentration based on the measured chlorinated ethene 

daughter products.  The reductive dechlorination daughter product succession is presented in 

figure 3.  With each dechlorination step, a chloride ion is released from the chloroethene 

molecule.   

 

Figure 3-3: Reductive dechlorination products from PCE to ethene. (Parsons, 2004) 

 

The difference between measured chloride concentrations and expected chloride 

concentrations is due to “back partitioning” of the daughter products from aqueous phase to the 

NAPL phase (Schaefer et al., 2010; Ramsburg et al., 2010).  Back partitioning occurs because 

chlorinated ethenes (TCE and DCE) have a natural thermodynamic tendency to partition from 

the aqueous phase into the PCE NAPL, whereas the chlorine produced from biodegradation is 

considered conservative and will remain in the aqueous phase to be measured in the effluent. 

This phenomena will create a discrepancy between the chloride measured in effluent samples 

and the chloride that is expected based on the measured chlorinated ethene daughter products 

created through biodegradation. Typically, the measured chloride is likely to be measurably 
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larger than the expected chloride concentrations.   The ratio represented by this discrepancy is 

included in the enhancement factor equation to account for the PCE daughter products that have 

partitioned back into the NAPL phase.   

 

� =  [ ]+ [� ]+[ ]+[ ]+[ ℎ ] [ −][ −] ℎ � �[ ]     (3-8) 

 

The enhancement factors calculated for Network A and B were 3.1 and 2.3, respectively, and fall 

within the range of published values for both fracture and unconsolidated media experiments 

(Schaefer et al., 2010; Amos et al., 2008, 2009; Glover et al., 2007) (Table 3-3).  These values 

were roughly a factor of 2 higher than the E values (1.4 and 1.3) reported for the two single-

fracture experiments of Schaefer et al. (2010) using the same rock type (CO Red). However, the 

enhancement factors match the single-fracture experiments of Schaefer et al. (2010) using a 

different rock type, an Arizona buff sandstone.  A higher enhancement factor in the fracture 

networks other compared to the discrete fractures of the same rock type is not intuitive.   

However, within a fracture network, DNAPL is generally located in large aperture 

regions (i.e., at the fracture intersections), which leave a considerable percentage of the flow path 

through the smaller aperture regions largely devoid of DNAPL, and thus provide a prime 

location for microbial activity (Schaefer et al., 2010).  The enhanced turbulent mixing and 

dispersion expected for a fracture network compared to a single fracture (discussed previously) 

can deliver dissolved PCE from the DNAPL-water interface to these microbes in the smaller 

aperture (DNAPL-free) regions, resulting in relatively enhanced biodegradation.   
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Figure 3-4: Effluent VOC concentrations for fracture networks. 
Fractures were bioaugmented on Day 0. 
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During dechlorination, a total VOC mass of 7.4 mmol (equivalent to 1.23 g of the PCE 

initially placed in the system) was removed from Network A and 5.5 mmol of VOC mass (or 

0.91 g of initial PCE mass in system) removed from Network B over 60 days.  One potential 

reason for the larger DNAPL removed in Network A than Network B could be higher overall 

PCE mass dissolution because Network A has additional larger aperture regions for DNAPL to 

reside due to the construction technique (recall earlier discussion), creating more bio-available 

dissolved PCE relative to Network B.  Additional discussion of this difference is provided in 

following paragraphs.  In comparison, the results of Schaefer et al. (2010)’s single fracture 

experiments with the same rock types showed total VOC mass removals of 3.8 and 4.8 mmol 

over a time period of greater than 150 days (the amount removed after 60 days was not measured 

or reported in the Schaefer et al. (2010) paper).  Intuitively, one might expect more mass removal 

in the single fracture system than in the network, because mass transfer and transformation 

processes are generally thought be more efficient at smaller scales with less heterogeneity 

(Boodhoo and Harvey, 2013).   However, given the almost double dissolution enhancement 

factors and increased mass removal (approximately a factor of 2) in less than half the time within 

the same rock type, it is evident that the presence of fracture intersections, as well larger aperture 

regions within the planar fractures, is beneficial for bioremediation of DNAPL.    

Schaefer et al. (2010) found that aperture distribution impacts effectiveness of 

bioremediation in fractured systems.  The  values for the fracture networks (average 0.04, see 

Table 3) were 75% less than those of the single fractures of the same rock type (average 0.14), 

indicating that fracture intersections can double the extent of heterogeneity within a fracture 

system, which is consistent with our analysis provide above. Additionally, the single-fracture 
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experiments of Schaefer et al. (2010) in the Arizona buff sandstone show similar measures of 

aperture variability (  values of 0.06 and 0.02) and enhancement factors (3.5 and 3.4) as the 

fracture network experiments. The doubling of heterogeneity and dissolution enhancement 

factors both from single fracture to fracture network is further evidence that increased aperture 

variability is conducive to effective bioaugmentation of fractured systems. It is interesting that E 

and  show a factor of 3 difference between the networks and single-fracture experiments of the 

same rock type, suggesting a predictable scale relationship between single-fracture and fracture-

network systems.  However, the numbers of these complex experiments are too few to suggest a 

generalized relationship.  

 

Table 3-3: DNAPL Bioaugmentation, and Dissolution Properties of Discrete and Network Experiments 

 

The 30 % increase in VOC mass removal between the two networks can be explained in 

part by the presence of additional relatively large apertures in Network A compared to Network 

B (described previously). In addition, we should examine the lumped mass transfer coefficient 

(KL) for these systems.  Network A’s average value for KL during abiotic dissolution was double 

 Discrete 
Fracture C1 

Discrete 
Fracture  

C2 

Fracture 
Network 

A 

Fracture 
Network 

B 
Volume of PCE DNAPL injected (Ml )   46 34 

residual saturation, SN
1
   0.18 0.19 0.13 0.24 

DNAPL-water interfacial area, ai (cm2/cm3)1 21 48 65 74 
DNAPL mass transfer coefficient, KL (min-1) 0.034 0.054 0.03 0.02 

DHC Inoculation (cells DHC) 2 x 109 2 x 109 5 x 108 5 x 108 
flow velocity (cm/min)2 0.11 0.11 0.30 0.09 

aperture ratio,  0.14 0.14 0.03 0.04 
enhancement factor3 1.4 1.3 3.1 2.3 

VOC mass removal (mmol)3 3.8  
(>150 days) 

4.8 
(>150 days) 

7.4 
(60 days) 

5.5 
(60 days) 

Measured prior to inoculation with Dehaloccoides sp. 2. Monitored throughout duration of dissolution 
experiment. 3. Measured and calculated after inoculation with Dehaloccoides sp. 4. Schaefer et al 
(2009) 
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that of Network B, 0.030 vs 0.015 (min-1), despite a smaller interfacial area in A.  The larger KL 

is likely due in part to the higher flow velocity in Network A, which has been previously shown 

to increase the intrinsic mass transfer coefficient due to increased turbulence at the NAPL water 

interface.  Increased mass transfer in Network A prior to bio-augmentation translates to increased 

mass removal prior to and during bioaugmentation, and thus more dissolved PCE mass available 

for dechlorination during bioaugmentation. Additionally, upon closer examination of equation 3-

7, all parameters in the equation were similar between Network A and Network B except for 

hydrodynamic dispersion, DL.  The dispersion coefficient calculated for Network A after 

DNAPL emplacement was 22.0 cm2/min as opposed to 4.9 cm2/min for Network B.  An increase 

in the number of fracture intersections along the flow path can increase the extent of 

hydrodynamic dispersion (Bear et al., 1993; Park et al., 2003), which as described earlier, could 

result in enhanced abiotic DNAPL dissolution.  In the case of Network A, the larger apertures 

created during construction appear to affect flow through the system similar to increasing the 

number of fracture intersections.  The more variable aperture system also inherently increases the 

heterogeneities of the system, resulting in increased dispersivity and dispersion. This increased 

dispersion not only influences PCE mass transfer but likely allows for better distribution of 

microbes throughout the system leading to more dissolution enhancement as well as increased 

mass removal.  

3.4 Conclusions 

 These experiments utilized two networks of sandstone fractures and the data from 

discrete fracture experiments to compare biologically enhanced DNAPL dissolution in two-

dimensional and three-dimensional bedrock systems.  Direct comparison of dissolution 

parameters in fracture network experiments to dissolution in single-fracture experiments using 
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the same rock are problematic due to the considerably different fracture (and thus DNAPL) 

architectures between the two systems.  Indeed, the variability between some parameters is high 

even within the same type of experiment, which is probably expected for flow and chemical 

transport in fractured rock (Detwiler et al, 2001).   However, our results are compelling that 

indicate that the natural spatial heterogeneity found within fractured bedrock provides an ideal 

environment for segregating NAPL-water interface and dechlorinating microorganisms, thus 

constraining DNAPL dissolution compared to porous media.  This advantage is attributed to the 

DNAPL pooled in fracture intersections or other large aperture regions, while dechlorinating 

activity occurs within DNAPL-free zones of the horizontal fractures.  This separation of DNAPL 

and microbes is likely advantageous given the toxicity of DNAPL on the organisms.  Given the 

likelihood of numerous fracture intersections, these results have positive implications for 

implementation at field scale. Furthermore, the increased mixing and dispersion as a result of 

fracture intersections aids in delivery of dissolved chlorinated ethenes to dechlorinating microbes 

in the smaller aperture regions in the fractures.  Thereby increasing the effectiveness of 

bioaugmentation within a fracture network in comparison to a single fracture.  

Additionally, the results seconded the suggestions by Schaefer et al. (2010) that 

distribution of aperture variability is a factor in the extent of dissolution enhancement.  The 

difference between the two fracture network methods of construction created more flow path 

heterogeneity in Network A that represented increased occurrence of larger-aperture fractures 

than in Network B.  Our results show that not only does a wide range of apertures provide a 

favorable environment for microbial activity, but also the distribution of aperture heterogeneity, 

and specifically the presence of larger-aperture fracture zones, is important. This difference 

allowed for separation of DNAPL and microbes, and also for increased macroscopic dispersion 
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and mass transfer in the aqueous phase, which increased the amount of mass available for 

dechlorination as well as increased distribution of microbes throughout the system. The results of 

the network indicate that aperture variability does play a role in the effectiveness of 

bioaugmentation of DNAPL contaminated fractured aquifer systems.  Moreover, how that 

variability is distributed throughout the fracture network affects the results of biological activity 

within the system.   

Schaefer et al. (2010) address the idea of scaling up their results indicating that in a 

fracture 10-times greater in length, the extent of dissolution enhancement should be 10-fold.  The 

implications for scaling up provided by the results of these experiments are also promising.   Our 

results suggest that DNAPL-contaminated fractured rock aquifers that have more complex 

interconnected fractures, and/or larger aperture zones, at the local scale might be more amenable 

to bioremediation.   Thus, it seems that differences in the geologic history creating the fractured 

rock, as well as the specific geologic material itself, could infer as a first estimate, the types of 

aquifers amenable to bioremediation.  However, further study into the effect of fracture 

variability and intersections on dissolution kinetics, microbe distribution, and microbial 

dissolution enhancement is needed to better understand implications for field-scale 

implementation of bioaugmentation as a remedial strategy.   
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CHAPTER FOUR 

GENERAL CONCLUSIONS AND RECOMMENDATIONS 

 The research conducted for this thesis project sought to fill a gap in knowledge in regards 

to remediating fractured bedrock aquifers contaminated with DNAPL chlorinated solvents.  The 

conclusions of these experiments are described below followed by a discussion of the 

implications for future work.  Laboratory-scale sandstone fracture networks of varying fracture 

aperture configurations were constructed to investigate bioaugmentation of a DNAPL source 

zone for the purpose of enhancing dissolution to speed up time required for effective 

remediation.  The results of these experiments show that bioremediation of DNAPL source 

within fractured bedrock is an effective method for reducing the source.  The results are 

attributed to the heterogeneity of aperture throughout a fracture that allows for some segregation 

between dechlorinating microbial consortia and the DNAPL-water interface.  Furthermore, more 

variability in fracture aperture causes more dispersivity and dispersion throughout the fracture 

system.  Increased dispersion allows for a better distribution of microbes which leads to increase 

biodegradation efficiency.   

 In comparison to a single fracture system, these results suggest that the presence of 

fracture intersections is advantageous for reductive dechlorinating bacteria.  The increased 

dissolution enhancement factor between the fracture networks and the discrete fracture networks 

of the same rock type give evidence that the impact of intersections on flow and transport creates 

a desirable environment for biodegradation.  Additionally, the distribution of aperture variability 

throughout the fracture system plays an important role in degree of microbially enhanced 

DNAPL dissolution as indicated by the difference in E factor between the two fracture network 

systems.  Due to the method of fracture induction into Network A, increased flow path 
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heterogeneity was caused by larger aperture regions in the horizontal fractures rather than 

isolated at fracture intersections as in Network B.  The increased distribution of larger aperture 

regions is beneficial because it allows for separation between DNAPL-water interface and 

dechlorinating bacteria and increased dispersion making aqueous phase chlorinated ethenes 

available for microbe use.  In conclusion, the results provide insight into the complexities that 

accompany remediation of DNAPL source zones within fractured bedrock.  The results are 

promising for field application given the likelihood of multiple fracture intersections and small 

aperture ratios.   

4.2 Recommendations for Future Work 

 This research suggests that the geologic setting and history of a fractured site has 

implications for the efficiency of bioaugmentation for remediation of DNAPL source zones.  

Recommendations could be made regarding experimental design that allows for spatial sampling 

throughout the fracture network.  This would allow for a better understanding of the distribution 

of DNAPL and microbes.  Additionally, increasing the complexity of the fracture intersections to 

evaluate the effects of intersection geometry, distribution, and frequency on the extent of 

DNAPL dissolution is also recommended.   

In summary, bioremediation is a viable and promising remedial choice for DNAPL 

contamination in bedrock fractures.  In the laboratory experiments conducted for the purpose of 

this research project and the experiments conducted, and used for comparison, by Schaefer et al 

(2010), increased aperture variability and distribution of aperture heterogeneity were shown to be 

important for effectiveness of treatment.  However, these studies are limited in scope to 

simplified systems of a single rock type.   
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